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Abstract: To help meet the objectives of the Great Lakes Restoration Initiative with regard to increasing knowledge about toxic
substances, 223 pesticides and pesticide transformation products were monitored in 15 Great Lakes tributaries using polar
organic chemical integrative samplers. A screening‐level assessment of their potential for biological effects was conducted by
computing toxicity quotients (TQs) for chemicals with available US Environmental Protection Agency (USEPA) Aquatic Life
Benchmark values. In addition, exposure activity ratios (EAR) were calculated using information from the USEPA ToxCast
database. Between 16 and 81 chemicals were detected per site, with 97 unique compounds detected overall, for which 64 could
be assessed using TQs or EARs. Ten chemicals exceeded TQ or EAR levels of concern at two or more sites. Chemicals exceeding
thresholds included seven herbicides (2,4‐dichlorophenoxyacetic acid, diuron, metolachlor, acetochlor, atrazine, simazine, and
sulfentrazone), a transformation product (deisopropylatrazine), and two insecticides (fipronil and imidacloprid). Watersheds
draining agricultural and urban areas had more detections and higher concentrations of pesticides compared with other land
uses. Chemical mixtures analysis for ToxCast assays associated with common modes of action defined by gene targets and
adverse outcome pathways (AOP) indicated potential activity on biological pathways related to a range of cellular processes,
including xenobiotic metabolism, extracellular signaling, endocrine function, and protection against oxidative stress. Use of gene
ontology databases and the AOP knowledgebase within the R‐package ToxMixtures highlighted the utility of ToxCast data for
identifying and evaluating potential biological effects and adverse outcomes of chemicals and mixtures. Results have provided a
list of high‐priority chemicals for future monitoring and potential biological effects warranting further evaluation in laboratory and
field environments. Environ Toxicol Chem 2023;42:340–366. Published 2022. This article is a U.S. Government work and is in the
public domain in the USA. Environmental Toxicology and Chemistry published by Wiley Periodicals LLC on behalf of SETAC.
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INTRODUCTION
Pesticides have long been known as environmental con-

taminants of concern (Carson, 1962) given their widespread use
(Braga et al., 2020; Tang et al., 2021; Wang et al., 2018;

Wieben, 2020) and frequent occurrence in streams, lakes, and
other waterbodies (Bradley et al., 2017; Hladik et al., 2018;
Nowell et al., 2018; Stackpoole et al., 2021; Stone et al., 2014;
Van Metre et al., 2017). By design, pesticides are intended to
interfere with biological processes, which in the environment
can result in adverse effects on nontarget organisms and
population declines of sensitive species (Baker et al., 2013;
Gibbons et al., 2015; Henry et al., 2012; Islam et al., 2018;
Klementová et al., 2019; Köhler & Triebskorn, 2013; Morrissey
et al., 2015; Singh et al., 2018; US Environmental Protection
Agency [USEPA], 2009a). Even after parent chemical trans-
formation, the toxicity of some pesticide transformation prod-
ucts (i.e., metabolites and degradates) can rival or exceed
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that of the parent chemical (Giacomazzi & Cochet, 2004;
Gunasekara et al., 2007; Schlenk et al., 2001; Tixier et al., 2001;
Weston & Lydy, 2014) but are less frequently included in en-
vironmental risk assessments (Mahler et al., 2021). In general,
comprehensive knowledge of the unintended effects of
chemical contamination is unknown (Rappaport & Smith, 2010),
and thus tools are needed to prioritize chemicals, timing of
transformation, and locations of greatest concern.

Under Focus Area 1 of the Great Lakes Restoration Initiative
(Great Lakes Interagency Task Force, 2014), one of the aims has
been to identify both sources and potential effects of con-
taminants and to evaluate their potential impacts to aquatic and
terrestrial animal populations. Given that pesticide use in
the United States tends to be greatest in the Midwest
(Stackpoole et al., 2021; Wieben, 2020), including many Great
Lakes states, the present study was focused on prioritizing
pesticides (including transformation products) and pesticide
mixtures in tributaries of the Great Lakes based on evaluations of
their potential biological effects. A suite of pesticide and pesti-
cide transformation products was monitored using polar organic
chemical integrative samplers (POCIS) in 15 tributaries of the
Great Lakes. Polar organic chemical integrative samplers accu-
mulate soluble to moderately water‐soluble organic chemicals
from the aqueous environment over the length of their de-
ployment (typically weeks to months), resulting in time‐
composite samples that represent larger volumes of water, and,
as a result, they can be used to detect lower concentrations than
in typical water samples (Alvarez et al., 2008; Huckins
et al., 2006; Van Metre et al., 2017). Polar organic chemical
integrative samplers can detect trace contamination of chem-
icals which would have gone undetected with traditional discrete
sampling methods (Kolpin et al., 2013; Munaron et al., 2012).

The ecological toxicity of pesticide active ingredients is
extensively evaluated through intact animal testing during the
process of pesticide registration. Thus, for pesticides there are
often substantially more acute and chronic toxicity data on
which to base an effects evaluation than for other classes of
contaminants. However, these laboratory‐based assessments
cannot evaluate toxicity across all species and may not fully
investigate long‐term, multigenerational, and/or other subtle
effects, such as changes in reproductive potential, gene ex-
pression, and behavior (Nilsen et al., 2019). Furthermore, the
interactions of pesticide mixtures are not examined extensively
for registration purposes and are rarely tested otherwise (but
see Blackwell et al., 2019; Schoenfuss et al., 2016), leading to
incomplete understanding of the compounding biological ef-
fects from chemical mixtures (Lydy et al., 2004; Nilsen
et al., 2019). Furthermore, the toxicity of pesticide trans-
formation products often is unknown.

Recently, expanded chemical evaluation testing has been
conducted to include chemical‐specific high‐throughput in
vitro biological activity through the USEPA ToxCast program
(Dix et al., 2007; Kavlock et al., 2012; USEPA, 2020) and the
interagency Tox21 collaboration (Tice et al., 2013; Thomas
et al., 2018), collectively referred to as “ToxCast.” The Tox-
Cast database (USEPA, 2020) is regularly updated and in-
cludes in vitro bioactivity measurements (i.e., endpoints) for

thousands of chemicals, including many pesticides, that cover
a range of cellular responses and molecular signaling path-
ways (Blackwell et al., 2019). Many of the ToxCast assay
endpoints are designed to measure activity related to cellular
pathways and proteins coded and/or regulated by specific
genes. For example, several ToxCast assays measure in vitro
induction of transcriptional reporters involved in estrogen
signaling. Thus, chemicals active in these assays have the
potential to influence biological processes and molecular
functions associated with estrogen receptors (coded by
the ESR1 and ESR2 genes) provided the assay reflects in vivo
absorption, distribution, metabolism, and excretion. The
ToxCast assays and the genes associated with their bio-
chemical targets can be further associated with adverse
outcome pathways (AOPs; Ankley et al., 2010), providing a
method to link chemicals and chemical mixtures with poten-
tial outcomes at the molecular, organismal, or population
level. For example, AOP #29 describes linkages between
agonism (activation) of the estrogen receptor on reproductive
dysfunction in amphibians, birds, and fish (Hutchinson &
Villeneuve, 2021). Thus, chemicals active in ToxCast assays
designed to measure estrogen receptor activation have the
potential to adversely affect reproduction in wildlife pop-
ulations provided that exposure. Assays in ToxCast were
originally intended for evaluation of mammalian biochemistry
to provide a means to forecast organ system or whole
organism effects, but the biological basis of many of these
assays is conserved across species (LaLone et al., 2018), so
incorporating the ToxCast library and AOP knowledgebase
into evaluation of environmental monitoring results is a
promising method for evaluating potential biological effects
and adverse outcomes of chemicals and mixtures. Con-
sequently, the present study used a combination of both
traditional Aquatic Life Benchmarks, based on intact or-
ganism testing, and ToxCast high‐throughput screening data
to identify chemicals, mixtures, and sites of concern. Using
the ToxCast library and several open source databases on
gene ontology, molecular biology, and AOPs, a list of plau-
sible cellular interactions and biological processes were
identified that may be linked to the exposure of aquatic life to
pesticides in Great Lakes tributaries.

METHODS
Site description

Sixteen Laurentian Great Lakes tributaries were selected for
analysis of pesticides; the tributaries drain a gradient of agri-
cultural and urban land cover (Figure 1, based on 2016
National Land Cover Database; Homer et al., 2020). At least
one tributary was represented in each of the five Great Lakes
watersheds. Drainage areas for the tributary watersheds varied
from 100 to 16,514 km2 based on watersheds derived from the
Watershed Boundary Dataset (US Department of Agriculture‐
Natural Resources Conservation Service et al., 2009), and
mean flow at the sampling sites for water year 2016 varied
between 3.9 and 182.6m3 s–1 (Table 1; US Geological Survey
[USGS], 2020).
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Passive sampler deployment
Polar organic chemical integrative samplers were deployed

following methods outlined in Van Metre et al. (2017) and
Alvarez (2010). Each deployment canister contained two
POCIS that were in the standard configuration with Oasis
Hydrophilic–Lipophilic–Balanced (HLB) sorbent (Waters) be-
tween two polyethersulfone membranes and a sampling sur-
face area of 41 cm2 (Alvarez, 2010). Oasis HLB is considered to
be a universal sorbent used to extract a wide variety of

chemical classes (Alvarez, 2010). Deployment durations ranged
from 21 to 37 days, and deployments began June 1–17, 2016
(Table 1) to align with common application periods for many
pesticides in the region (Covert et al., 2020). Longer deploy-
ments are more sensitive and can result in more detections
under static conditions, but differences between the shortest
and longest deployments would likely only yield additional
detections of compounds at concentrations well below our
prioritization thresholds (Supporting Information, Figure SI‐I).

FIGURE 1: Chemical detections and exposure activity ratios (EARs) and/or toxicity quotients (TQs) for pesticides and pesticide transformation
products measured in passive samplers collected from 15 Great Lakes tributaries, June–July 2016. Symbol size represents the number of chemicals
detected per site and color represents the number of chemicals exceeding an EAR threshold of 10–3 or a TQ threshold of 0.1. Watershed fill color
represents the percentage area classified as agriculture and urban.

TABLE 1: Stream attributes and polar organic chemical integrated sampler (POCIS) deployment period for Great Lakes tributaries, June–July 2016

Major land use POCIS deployment
Tributary
name Lake USGS site ID

Mean daily
flow (m3 s–1)

Drainage
area (km2) Agriculture (%) Urban (%) Other (%) Date Duration (days)

St. Louis Superior 04024000 99.7 8890 2.9 2.9 95.4 6/8/2016 27
Bad Superior 04027000 31.7 1545 5.8 3.4 91.6 6/7/2016 29
Fox Michigan 040851385 182.6 16,514 41.4 8.4 53.1 6/8/2016 28
Manitowoc Michigan 04085427 13.6 1343 69.6 6.3 24.1 6/7/2016 Destroyed
Milwaukee Michigan 04087170 25.2 2240 43.2 29.9 29.2 6/7/2016 28
Indiana
Harbor

Michigan 04092750 15.6 100 1.8 85.5 16.4 6/7/2016 36

St. Joseph Michigan 04101500 89.1 9628 60.4 13.8 27.3 6/14/2016 37
Grand Michigan 04119400 140.3 13,719 54 14.8 34 6/14/2016 37
Saginaw Huron 04157005 137.6 15,520 44.5 12.2 44.6 6/15/2016 21
Clinton Erie 04165500 16.3 1904 19.9 51.9 29.6 6/15/2016 36
Rouge Erie 04166500 3.9 476 0.1 92 7.8 6/15/2016 34
Maumee Erie 04193500 125.6 16,295 78.7 10.7 11.3 6/17/2016 21
Vermilion Erie 04199500 5.9 679 65.6 7.5 27.4 6/14/2016 35
Cuyahoga Erie 04208000 23.7 1836 17.5 40 43 6/1/2016 35
Genesee Ontario 04231600 58.0 6403 45.3 6.6 52 6/2/2016 29
Oswego Ontario 04249000 163.0 13,215 39.5 8.3 51.9 6/7/2016 29

Watershed areas (km2) were determined in a geographic information system using linework derived from the Watershed Boundary Dataset (US Department of
Agriculture‐Natural Resources Conservation Service et al., 2009) and percentage major land cover classifications were based on the 2016 National Land Cover Database
(Homer et al., 2020). Mean daily discharge (m3 s–1) summarized for water year 2016 (USGS, 2020).
ID= identification; USGS=US Geological Survey.
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On retrieval, the POCIS were removed from the water, sealed
in air‐tight metal cans, and shipped on ice to the laboratory for
processing. One POCIS canister was compromised during de-
ployment (USGS site 04085427), so the resulting analysis in-
cluded only 15 sites.

Chemical analysis
Sorbents from each POCIS were transferred to empty 50‐ml

solid‐phase extraction cartridges fitted with polypropylene frits
using deionized water. The sorbents were dried under vacuum
and chemical residues were recovered using 25ml of methanol
(Van Metre et al., 2017). Polar organic chemical integrative
sampler extracts were reduced in volume by rotary evaporation
and high‐purity nitrogen blowdown and sealed in amber am-
poules at 1.0ml of methanol for shipment to the USGS Na-
tional Water Quality Laboratory (NWQL) for analysis. The
extracts were analyzed for 225 pesticide and transformation
products (Supporting Information, Table SI‐1) using direct
aqueous injection liquid chromatography tandem mass spec-
trometry (DAI LC‐MS/MS; Sandstrom et al., 2015). Two of the
225 chemicals (cis‐ and trans‐permethrin) were excluded after
assessment of potential contamination bias, recovery bias, and
high variability of pesticide samples (Medalie & Bexfield, 2020;
Stackpoole et al., 2021). Of the remaining 223 chemicals, 129
have known POCIS uptake rates, for which time‐weighted
mean river concentrations over the duration of POCIS de-
ployment can be calculated (Alvarez et al., 2008). Minimum
detection limits (MDL) for concentration estimates ranged be-
tween 0.01 and 200 ng L–1 (median 0.3 ng L–1). Chemicals
without POCIS uptake rates were noted as “detected” if con-
centrations in the POCIS extracts (ng POCIS–1) exceeded the
laboratory method MDL. Although POCIS concentrations can
be used to infer relative differences in concentration among
sites (Alvarez et al., 2008), those without established POCIS
uptake rates are noted simply as present or absent in the
present study. Polar organic chemical integrative sampler data
are available in Loken et al. (2022).

A blank sample was collected at two sites during POCIS
deployments by exposing prepared POCIS to the air during the
time it took to deploy and retrieve the sampler. Blank samples
were extracted along with field samples at the end of the de-
ployment period. Three chemicals (atrazine, metolachlor, and
deisopropylatrazine) were detected in a blank sample, all of
which were <0.6% of the median concentration and <7% of the
minimum concentration detected in POCIS. Metolachlor, atra-
zine, and their transformation products have been detected
frequently in precipitation and air samples in the region, which
might explain their presence in the blanks (Metcalfe
et al., 2016; Thurman & Cromwell, 2000).

Duplicate POCIS were deployed at the Saginaw River site.
Sixty‐six chemicals were detected in extracts from both sam-
plers with a median relative percent difference of 16.8%, while
154 chemicals were not detected in either sampler. Three
chemicals were detected in one sampler but not in the other.
For subsequent analyses, we used the mean concentration for
chemicals detected in both samplers. For the three chemicals

only detected in one sampler, we used the midpoint between
the MDL and the detected concentration.

Discrete water samples
Because time‐weighted concentration estimates were only

available for 128 of the compounds analyzed, pesticides
quantified in concurrent discrete water samples were also
evaluated. Water samples were collected at the 16 sites in the
present study approximately monthly as part of a companion
project focused on annual patterns of pesticide occurrence in
Great Lakes tributaries (Oliver et al., 2022). Samples were col-
lected using an equal‐width‐increment method (Edwards &
Glysson, 1999) and analyzed for the same pesticide and
transformation products using DAI LC‐MS/MS (Sandstrom
et al., 2015). In the present study, we used the discrete data
collected during the POCIS deployments (typically two samples
per site) and calculated the maximum concentration for each
chemical for use in subsequent analyses. Comparing the dis-
crete sample results with the passive sampler results allowed us
to identify any additional chemicals and (or) potential biological
effects that were not prioritized using POCIS.

Prioritizing chemicals of ecological concern
Pesticides detected in POCIS (and discrete samples) were

screened for potential hazard using two different methods,
facilitated by use of functions within the R package toxEval
(DeCicco et al., 2018). First, concentrations were compared
with established USEPA Office of the Pesticide Programs'
Aquatic Life Benchmarks (Supporting Information, Table SI‐2
and Supporting Information, Figure SI‐2; USEPA, 2019a).
Aquatic Life Benchmarks are based on acute and chronic tox-
icity values for freshwater fish and invertebrates, and toxicity
values for vascular and nonvascular plants found in scientific
studies in support of publicly available ecological risk assess-
ments. Because POCIS‐derived concentrations represent ap-
proximately monthly mean concentrations, comparing to both
chronic and acute Aquatic Life Benchmarks is appropriate.
Across freshwater fish, invertebrates, and plants, the most
sensitive value was selected for each chemical (benchmark
concentration) to evaluate the potential for adverse organismal
effects by computation of toxicity quotients (TQs; Equation 1).

TQ 
measured concentration in sample  g L

benchmark concentraion  g L
=

(μ / )

(μ / )
(1)

Toxicity quotient< 1 indicates an increased likelihood of ad-
verse biological effects on aquatic species (fish, invertebrates,
or plants). However, a TQ value of 0.1 was used in the present
study as a conservative exceedance threshold for prioritizing
chemicals.

Second, concentrations were compared with the relative
potencies of chemicals in the ToxCast database (Ver 3.2;
USEPA, 2020). The ToxCast program includes a wide array of
laboratory assays designed to evaluate molecular, biochemical,
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cellular, or other pathway‐based effects of chemicals (Richard
et al., 2016). Annotations describing assay details including
the intended biological targets are available in the ToxCast
database (USEPA, 2022b) and the USEPA CompTox dash-
board (2022c). A list of assay endpoints (i.e., parameter
name “assay_component_endpoint_name” in the ToxCast
database) used in the present study is provided Supporting
Information, Table SI‐3. Each assay endpoint is a unique
laboratory measurement of change in the biological activity
of living cells or biological macromolecules to varying
chemical exposure.

The methods for using ToxCast data in the present analysis
follow those published previously (Corsi et al., 2019) and are
briefly summarized. The activity concentration at cutoff (ACC)
was used as the benchmark for comparison with water con-
centrations of a given chemical (Equation 2; Blackwell
et al., 2017; Fay et al., 2018). The ACC (parameter name
“modl acc” in the ToxCast database) for each assay
endpoint–chemical combination provides an indication of the
concentration at which the chemical exceeds a biologically
relevant level of bioactivity (Filer et al., 2016; Judson
et al., 2009) and functions similarly to the Aquatic Life Bench-
marks used to compute TQs. Assay endpoints from all plat-
forms in the ToxCast database were used except Bioseek,
which had ACC values that were anomalously low compared
with those from other sources. Attagene “loss” endpoints and
Novascreen “gain” endpoints were removed because these
assays were not optimized or designed to report for the given
assay direction (Blackwell et al., 2017). Data quality remarks
were included with the reported metrics for each assay
endpoint‐chemical test. Results with the following data quality
flags were removed from consideration: “Borderline active,”
“Only highest conc above baseline, active,” “Gain AC50<
lowest conc & loss AC50 <mean conc,“ “Biochemical assay
with <50% efficacy,” and “AC50 less than lowest concentration
tested.” An additional 46 assay endpoints were excluded that
lacked specific mechanistic information (e.g., TOX21_DT40;
Supporting Information, Table SI‐4). Dose–response curves for
assay endpoint‐chemical combinations remaining after this
selection process were examined manually, and 78 of the
curves were found to be of questionable quality based on
anomalous values or lack of response.

Exposure activity ratios (EARs) were computed using the R
package toxEval (DeCicco et al., 2018) as the ratio of observed
chemical concentrations and ACC values for all relevant assay
endpoints (Equation 2).

EAR 
measured concentration in sample  g L

ACC for assay endpoint chemical pair  g L
=

(μ / )

− (μ / )
(2)

Following methods outlined in Corsi et al. (2019), EARs were
summed across all available assay endpoints for each individual
chemical (EARChem). Because ToxCast assays measure bio-
logical activities, which may or may not have the potential to be
adverse, and do so in simplified biological systems (in vitro, in
chemico) rather than whole organisms, EARs do not lend
themselves to a clear threshold with respect to risk in the same

manner as a TQ. For example, several ToxCast assays end-
points measure estrogen or androgen receptor activity; how-
ever, elevated in vitro activity in these assay endpoints does
not necessarily translate to adverse outcomes in whole organ-
isms, but rather to identify chemicals with the potential to in-
teract with estrogenic and androgenic pathways (Rotroff
et al., 2013). Exposure activity ratios provide a relative indicator
of potential for biological effects that accounts for both
chemical concentration and potency with respect to a given
biological target or pathway and additivity of multiple chem-
icals at that target. Unlike TQs, EAR > 1 does not necessarily
indicate a probable adverse effect. Linkage of a biological ac-
tivity with an AOP description (Ankley et al., 2010; Organisation
for Economic Co‐operation and Development [OECD], 2021)
can provide increased confidence in potential for an adverse
effect but not necessarily at the concentration that exceeds the
ACC. In previous work, an EAR threshold value of 10–3 yielded
a similar priority list of chemicals measured in water as did a TQ
threshold of 0.1 (Corsi et al., 2019), and has been used as a
screening‐level benchmark in other environmental assessments
(Bradley et al., 2021). Thus, an EARChem threshold value of 10–3

was used in the present study as a level of concern, but this
should be viewed in a relative sense compared with other
compounds in the present study, rather than an absolute sense.

Using TQs and EARs, we prioritized chemicals of greatest
concern. Of the 223 unique compounds in the laboratory
schedule after exclusions (Sandstrom et al., 2015; Stackpoole
et al., 2021), 112 had a USEPA Aquatic Life Benchmark, 126
were available in ToxCast 3.2 (USEPA, 2020), and 137 were in
at least one of two screening databases. However, only 129 of
the 223 compounds had POCIS uptake rates allowing con-
centration estimation, thus fewer chemicals could have TQs or
EARs calculated compared with discrete water samples. Of the
129 compounds with POCIS uptake rates, 75 had a USEPA
Aquatic Life Benchmark value, allowing TQ calculations, and 81
chemicals were available in ToxCast Ver 3.2 (USEPA, 2020),
allowing EAR calculation. Eighty‐seven of the 129 chemicals
with POCIS uptake rates were included in at least one of these
screening databases. Priority chemicals were defined as those
that exceeded TQ or EARChem thresholds in at least 10% of
samples (i.e., two sites or more).

Chemical mixtures and biological relevance
Another application of EAR analysis includes inference of

potential biological effects based on ToxCast annotations from
assays with relevant bioactivity for observed individual chem-
icals and mixtures. This approach differs from other mixture
indices based on combining the whole‐organism toxicity of
multiple chemicals (Nowell et al., 2014). Our approach focuses
on linking chemicals that share activity in common ToxCast in
vitro laboratory assays and those that measure activity related
to common genes and AOPs (Supporting Information,
Tables SI‐5 and SI‐6). These associations were determined
using routines within the R package ToxMixtures (Supporting
Information, Figure SI‐3; Loken et al., 2021) to predict the
mixture influence on a number of biological effects ranging
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from the cellular to population level and to identify the
chemical mixture associated with the potential effects.

Chemical mixture effects were estimated assuming addi-
tivity (Nirmalakhandan et al., 1994; Thrupp et al., 2018) of EAR
values for chemicals with bioactivity in a given ToxCast assay
and relevant genes or AOPs. The EARMixture was calculated for
each POCIS (and discrete) sample by summing EAR values
among chemicals for each ToxCast assay endpoint. Similarly,
EARgene and EARAOP were calculated for each sample by
summing EAR values among chemicals for assay endpoints
associated with a given gene (including activation, inhibition, or
binding) and AOP, respectively. Only the maximum EAR for
each individual chemical associated with an assay endpoint
linked to the gene or AOP was included in the summation.
Similar to the prioritization of individual chemicals, to prioritize
chemical mixtures, the list of assay endpoints, genes, and AOPs
were subset to those with EARMixture, EARgene, or EARAOP >10

–3

in at least 10% of samples. For each EARMixture, EARgene, or
EARAOP calculation, we defined the mixture as the chemicals
with individual EARs > 10–4 (i.e., 10% of the EAR threshold) for
the specific ToxCast assay endpoint, gene, or AOP. Functional
annotations, gene ontologies, and pathways from online da-
tabases were summarized for instances exceeding the EAR
threshold of 10–3 at two or more sites for both passive and
discrete water samples.

First, we considered functional annotations and gene on-
tologies associated with the gene targets or ToxCast assay
endpoints. Because most ToxCast assays target Homo sapiens
(human) genes, we considered gene orthologs of Danio rerio
(zebrafish) and Xenopus tropicalis (Western clawed frog),
two model aquatic organisms. Orthologs for D. rerio and
X. tropicalis were identified using the R package homologene
(Mancarci, 2019). Homo sapiens, D. rerio, and X. tropicalis
genes were queried in the Database for Annotation, Visual-
ization and Integrated Discovery (DAVID: Laboratory of Human
Retrovirology and Informatics, 2022) online database using the
R package rDAVIDWebService (Fresno & Fernandez, 2013).
The DAVID includes a collection of biological processes, mo-
lecular functions, and diseases associated with specific genes
and genomes. For each EARgene threshold exceedance, the
available annotation information was summarized to gain
insight into the specific biological functions and cellular
responses in which that gene is involved.

Second, ToxCast assay endpoints were mapped to AOPs
and biological pathways provided through the AOP Knowl-
edgebase (OECD, n.d.) and Panther Classification System
(PANTHER; 2022). Data from these online databases are in-
corporated into the R package ToxMixtures (Loken et al., 2021),
allowing linkage with ToxCast assay endpoints. These data-
bases relate genes and proteins with specific cellular functions
and key biological events that are nested within a broader
network of pathways ultimately linking the interactions of spe-
cific biochemical molecules. In essence, these databases map
individual genes and coded proteins into nested hierarchical
biological functions and predicted conceptual frameworks at
the cellular, organismal, or population level based on the
synthesis and integration of existing knowledge.

RESULTS
Chemical detections

Mixtures of pesticides and transformation products were
detected in passive (and discrete) samples from all 15 tribu-
taries in the present study (Figure 1). Of the 223 compounds
analyzed from POCIS extracts, 97 unique pesticide and trans-
formation products were detected in samples from at least one
site (Figure 2). Ten chemicals were detected in samples from all
15 sites, and 32 chemicals were detected in samples from 13 or
more sites (Figure 2). Of the 3375 individual chemical analyses,
75.7% were below the analytical MDL, and 128 chemicals were
never detected (Supporting Information, Table SI‐1). Com-
paratively, in concurrent filtered water samples analyzed using
the same laboratory schedule, 78 chemicals were detected at
least once and four chemicals were detected in all sites (Oliver
et al., 2022). Thirty chemicals were only detected in POCIS,
11 chemicals were only detected in discrete samples, and
67 chemicals were detected using both methods.

Polar organic chemical integrative sampler uptake rates
were available for 95 of the 97 detected chemicals, allowing for
estimation of time‐weighted mean concentrations (Supporting
Information, Table SI‐1). Chemical concentrations above the
MDLs varied between 0.007 and 3400 ng L–1, with a mean and
median of 50 and 3 ng L–1, respectively. The two detected
chemicals lacking POCIS uptake rates were sec‐acetochlor
oxanilic acid and dimethenamid oxanilic acid. These are
transformation products of herbicides acetochlor and dime-
thenamid, and were detected in POCIS extracts in one and two
sites, respectively. These two transformation products were
also detected in discrete water samples in one and three sites,
respectively. In general, POCIS‐derived concentrations corre-
lated with discrete samples when detected using both
methods, with discrete samples tending to have slightly higher
concentrations (Supporting Information, Figure SI‐4).

Chemical prioritization
Of the 95 detected chemicals with POCIS‐derived concen-

tration estimates, 54 have Aquatic Life Benchmarks and 58 are
in the ToxCast database, allowing for computation of TQ and
(or) EAR values for 64 chemicals (27 herbicides, eight fungi-
cides, 12 insecticides, and 17 transformation products). Three
herbicides, two insecticides, and one insecticide transformation
product exceeded the TQ threshold of 0.1 in at least one
sample (Figure 2a). Eleven herbicides, one fungicide, two in-
secticides, and three herbicide transformation products ex-
ceeded the EARChem threshold of 10–3 (Figure 2b). Thirty‐one
chemicals with concentration calculations were missing in both
screening databases (Supporting Information, Table SI‐1). The
concentrations of these chemicals (all transformation products;
Figure 2) above the MDL varied between 0.02 and 2800 ng L–1.
Transformation products lacking benchmarks were not eval-
uated further in the present study, but their importance was
included in the overall assessment of parent pesticide com-
pounds in the companion article using discrete water samples
collected over the entire year (Oliver et al., 2022).
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FIGURE 2: Pesticide and pesticide transformation product (designated with*) detections (yellow/gray) and potential activity (red/orange) based on
toxicity quotients (TQs; left) and exposure activity ratios (EARs; right) from passive sampler monitoring results in 15 Great Lakes tributaries,
June–July 2016. The combined length of each bar represents the number of sites where a chemical was detected above the minimum detection
limit. Red, orange, and yellow show the number of sites where a chemical exceeded TQ or EAR values. Chemicals with gray bars lacked information
for evaluation of TQ or EAR. Chemicals are grouped by intended use and ordered by frequency of elevated EAR values.
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Chemical prioritization using POCIS‐derived TQ and
EARChem values identified a complementary list of chemicals
with potential for concern. Insecticides were more often pri-
oritized using TQs, whereas herbicides tended to be priori-
tized using EARChem values (Figure 2). The TQ threshold
(TQ > 0.1) was exceeded in samples from two or more sites for
metolachlor, atrazine, imidacloprid, and fipronil (Table 2).
Furthermore, atrazine and fipronil exceeded the acute non-
vascular plant and chronic invertebrate Aquatic Life Bench-
marks (TQ> 1), respectively, at one site, and imidacloprid
exceeded the chronic invertebrate Aquatic Life Benchmark at
eight sites. Imidacloprid exceeded our more conservative TQ
threshold of 0.1 in samples from all 13 sites where it was
detected (Figure 2a) yet only exceeded the EARChem

threshold (EARChem > 10–3) in one sample. The EARChem

threshold was exceeded at two or more sites for the herbi-
cides 2,4‐dichlorophenoxyacetic acid (2,4‐D), metolachlor,
diuron, atrazine, acetochlor, sulfentrazone, simazine, and de-
isopropylatrazine (Figure 2 and Table 2). Collectively, TQ‐ and
EAR‐based prioritization identified seven herbicides, two in-
secticides, and one transformation product at concentrations
exceeding their level of concern thresholds in at least two
sites evaluated in the present study (Table 2).

Similar lists of priority chemicals were identified with POCIS
and discrete samples. Of the 10 POCIS‐based priority chem-
icals, nine were also prioritized based on discrete samples
(Supporting Information, Figure SI‐5). The herbicide sulfen-
trazone was uniquely prioritized using POCIS because EARchem
values only exceeded the 10–3 threshold in discrete samples
from one site. Meanwhile, two herbicides (triclopyr, bentazone)
and four fungicides (propiconazole, carbendazim, azoxystrobin,
tebuconazole) were uniquely prioritized using discrete samples.
Each of these six chemicals were near the prioritization
screening thresholds for POCIS because EARchem or TQ values

were within an order of magnitude of the benchmarks in at
least two sites (Figure 2).

Site prioritization
The number of chemical detections in POCIS varied by site

from 16 to 81, and the number of TQ or EARChem threshold
exceedances varied from 0 to 14 (Figures 1 and 3, Supporting
Information, Figure SI‐6). The two Lake Superior sites (St. Louis
and Bad Rivers) had 18 or fewer chemical detections, none of
which exceeded TQ or EARChem thresholds. These two water-
sheds comprised less than 10% agricultural and urban land
cover (Table 1). In contrast, the remaining sites monitored had
a greater proportion of agricultural and urban land cover in
their watersheds (Table 1), where we detected between 43 and
81 chemicals, up to four TQ exceedances, and up to 14
EARChem exceedances per sample (Figures 1 and 3, Supporting
Information, Figure SI‐6). The Maumee River sample had the
highest number of chemical detections (n= 81), TQ exceed-
ances (n= 4), and EARChem exceedances (n= 14), and it was the
only site with a chemical exceeding the EARChem threshold by
100‐fold (acetochlor). The POCIS sample from the Maumee
River also exceeded Aquatic Life Benchmarks (TQ> 1) for
atrazine (acute nonvascular plants) and imidacloprid (chronic
invertebrates; USEPA, 2019a). Samples from the Saginaw,
Vermilion, Cuyahoga, and St. Joseph Rivers had at least six
chemicals exceeding either TQ or EARChem thresholds. A more
thorough characterization of EAR values for each site by
chemical and chemical classes is provided in Supporting In-
formation, Figure SI‐7.

The proportion of each watershed classified as urban or
agricultural was positively correlated with the number of
chemicals detected per site (n= 15, p< 0.001, R2= 0.56) and
EARChem exceedances (n= 15, p= 0.024, R2= 0.28; Figure 4).

TABLE 2: Priority pesticides and pesticide transformation products that exceeded exposure activity ratios (EARChem) or toxicity quotient (TQ)
thresholds in polar organic chemical integrated samplers (POCIS) samples collected from 15 Great Lakes tributaries, June–July 2016

Number of sites

Chemical class CAS Chemical name Detections EARChem > 10–3 TQ > 0.1

Herbicide 51218‐45‐2 Metolachlor 15 11 2
1912‐24‐9 Atrazine 15 7 4
34256‐82‐1 Acetochlor 15 5 1
122836‐35‐5 Sulfentrazone 15 2 0

94‐75‐7 2,4‐D 14 13 0
330‐54‐1 Diuron 13 9 0
122‐34‐9 Simazine 13 2 0
139‐40‐2 Propazine 13 1 0

25057‐89‐0 Bentazone 12 1 0
87674‐68‐8 Dimethenamid 12 1 0
55335‐06‐3 Triclopyr 10 1 0

Herbicide TP 1007‐28‐9 Deisopropylatrazine 13 2 *
171118‐09‐5 Metolachlor ESA 13 1 *
56507‐37‐0 Diketometribuzin 3 1 *

Fungicide 57837‐19‐1 Metalaxyl 14 1 0
Insecticide 120068‐37‐3 Fipronil 15 1 4

138261‐41‐3 Imidacloprid 13 1 13
Insecticide TP 120068‐36‐2 Fipronil sulfone 14 * 1

2,4‐D= 2,4‐dichlorophenoxyacetic acid; CAS=Chemical Abstracts Service number; ESA= ethane sulfonic acid; TP= transformation product; *no benchmark available.
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Similar relationships were identified in discrete water samples
(Supporting Information, Figure SI‐8; Oliver et al., 2022). In
watersheds with agricultural land cover greater than 40%,
atrazine, metolachlor, and acetochlor tended to have the
highest EARChem values, and in watersheds with urban land
cover >25%, diuron and 2,4‐D tended to have the highest
EARChem values (Supporting Information, Figure SI‐7).

Chemical mixtures and biological relevance
Potential for perturbation of biological pathways was eval-

uated for individual chemicals and chemical mixtures by linking
them with ToxCast assay bioactivity, associated genes, and
relevant AOPs. The chemical mixture analysis from POCIS
identified 16 ToxCast assay endpoints that exceeded
EARMixture thresholds in two or more sites (Table 3 and Sup-
porting Information, Figure SI‐9). Between one and seven
unique chemicals contributed to EARMixture for these assay
endpoints. Ten unique genes were prioritized using EARgene
(Table 3 and Supporting Information, Figure SI‐9). Each of
these 10 genes was also associated with EAR threshold ex-
ceedances for a chemical individually, and nine genes were
associated with EAR exceedances for multiple individual
chemicals (Figure 5). In at least one sample, priority chemicals
had EAR values greater than 10–3 for 35 assay endpoints that
collectively targeted 22 genes (Figures 3 and 5).

The specific functions of genes associated with EAR
threshold exceedances include a wide range of cellular func-
tions, including xenobiotic metabolism, extracellular signaling,
and ketogenesis, as well as coding transcription factors (i.e.,
molecules that regulate other genes) and proteins to protect
against oxidative stress (Table 3). Extended results for the
genes that exceeded an EARgene of 10

–3 in at least two samples
are provided in Supporting Information, Table SI‐7. Of the 10
genes with EARgene exceedances at two or more sites in POCIS,
five were related to cytochrome P450 isoenzymes (CYPs) that
help to metabolize xenobiotics and endogenous cellular com-
pounds (Mansuy, 1998). Other genes exceeding EARgene
thresholds included an adenosine receptor (ADORA1), a signal
transducer (PDE4A), a catalyst of ketogenesis (HMGCS2), and
transcription factors involved in detoxification (NR1I2 or

FIGURE 3: Number of pesticides and pesticide transformation products detected and toxicity quotient (TQ) or exposure activity ratio (EAR)
threshold exceedances in passive sampler monitoring results from 15 Great Lakes tributaries, June–July 2016. The combined height of each bar
shows the total number of chemicals detected above the minimum detection limit. Red, orange, and yellow show the frequency of chemicals above
either TQ or EAR threshold level. Sites are arranged from west to east (counter‐clockwise around the Great Lakes) and grouped by Great Lake
watershed.

FIGURE 4: Pesticide and pesticide transformation product detections
and exposure activity ratios (EARs) compared with land use for passive
sampler results from 15 Great Lakes tributaries, June–July 2016. Wa-
tershed land cover metrics (% agriculture+ urban) were a positive
predictor of chemical detections (yellow) and EAR threshold exceed-
ances (red).
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pregnane X receptor [PXR]) and antioxidant responses
(NFE2L2). An additional four genes (CYP2J2, GLI3, PTSG2, and
AR) were prioritized using EARgene based on discrete samples
(Table 3). These genes had EARgene values greater than 10–3 in
discrete samples from at least two sites and in one POCIS
(Figure 6). Thus, the mixture analyses using the two sampling
methods provided a similar projection of the potential bio-
logical effects from pesticide contamination.

Overall, four PANTHER pathways and 23 AOPs were con-
nected to EAR threshold exceedances from POCIS (Table 3
and Supporting Information, Table SI‐7 and Supporting In-
formation, Figure SI‐9). Two of the PANTHER pathways linked
to EARMixture threshold exceedances were angiogenesis (blood
vessel growth) and bupropion degradation connected to the
NR1I2 and CYP2B6 genes, respectively. The other two PAN-
THER pathways identified relate to G‐protein signaling path-
ways connected to the ADORA1 gene. Of the 23 AOPs
prioritized using EARAOP, 21 were directly linked with a single
priority assay endpoint and gene (Table 3). Four of the AOPs
were linked to the transcription factors (NR1I2 and NFE2L2),
two of which describe nuclear receptor activation (PXR and
farnesoid X receptor) leading to hepatic steatosis, which is a
relevant response impacting xenobiotic metabolism. The re-
maining 17 AOPs were prioritized based on a single assay
endpoint, “CLD_HMGCS2_24hr,” which targets the HMGCS2
gene. These AOPs describe connections between mitochon-
drial dysfunction and energy imbalances associated with
human diseases/impairments and adverse behaviors in social
insects (Table 3). The two AOPs uniquely prioritized through
the EARAOP relate activation of the androgen receptor
(AR) to reproductive dysfunction in fish (AOP 23) and hep-
atocellular adenomas and carcinomas in mice (AOP 117).
Both of these AOPs were prioritized in discrete samples
through EARMixture threshold exceedances for an endpoint,
“ACEA_AR_agonist_80hr,” targeting the AR gene (Table 3).
Thus, summing across multiple endpoints (i.e., EARAOP) in the
present study resulted in identification of at least one addi-
tional apical outcome that is ecologically relevant.

DISCUSSION
Considering detection of chemicals, estimation of concen-

trations, and comparison with Aquatic Life Benchmarks and
ToxCast, 77% of pesticides and pesticide transformation prod-
ucts (172 of 223) analyzed in POCIS in the present study were
either not detected or detected with EAR and TQ values below
threshold levels. Five chemicals exceeded EAR or TQ thresholds
only in the Maumee River, two chemicals exceeded thresholds
only in the Saginaw River, and one chemical exceeded thresholds
only in the Cuyahoga River (Supporting Information, Figure SI‐7).
Ten chemicals were identified as having the greatest potential for
biological effects based on TQ or EAR values exceeded thresh-
olds in samples from two or more sites (Figure 2 and Table 2).
The majority of these 10 chemicals have been identified at
concentrations of concern in previous studies (Ankley et al., 2021;
Baldwin et al., 2016; Battaglin et al., 2000; Bradley et al.,
2017; Hladik et al., 2018; Metcalfe et al., 2016, 2019;TA
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Nowell et al., 2018; Stone et al., 2014) and have documented
effects on aquatic organisms (Anderson et al., 2021; Gibbons
et al., 2015; Islam et al., 2018; Klementová et al., 2019; Morrissey
et al., 2015; Singh et al., 2018; USEPA, 2009a). Through ToxCast‐
based EAR calculations, priority chemicals were associated with
20 genes (Figure 5) involved in functions such as xenobiotic
metabolism, extracellular signaling, and protection against oxi-
dative stress. Additional information on priority chemicals and
their potential biological effects are provided in subsequent
sections.

Thirty‐three of the 97 detected compounds—all trans-
formation products—were not evaluated for potential bio-
logical effects or included in the mixtures analysis because they
lacked screening benchmarks. Others have performed hazard
assessments using other databases (e.g., ECOTOXicology
Knowledgebase), quantitative structure–activity relationships,
or by assuming transformation products have comparable ef-
fects as their parent compounds (Capuzzi et al., 2016; Mahler
et al., 2021; Oliver et al., 2022; Pronschinske et al., 2022).
However, we believe the two screening databases used in the
present study were appropriate because they are from credible
sources and include all of the detected parent compounds
(USEPA, 2019a, 2020). Furthermore, the mixture analysis
combined the effects of compounds on specific molecular as-
says, and it is uncertain if structurally similar chemicals with
varying functional groups would elicit similar in vitro responses
in these particular assays.

Chemical prioritization differed among benchmarks and
chemical classes. Insecticides (i.e., imidacloprid and fipronil)
were more frequently prioritized using TQs, whereas herbicides
and fungicides were more frequently prioritized using EARs
(Figure 2). Ultimately, differences between TQs and EARs relate
to the specific Aquatic Life Benchmarks or ACC values used in
their calculation (Equations 1–2; Supporting Information,
Figure SI‐10). Toxicity quotients for many insecticides were
based on invertebrate Aquatic Life Benchmarks, which tended
to be one to three orders of magnitude lower than ToxCast
ACCs and benchmarks for other taxa (i.e., fish or plants;
Supporting Information, Figure SI‐2). It makes sense that fi-
pronil and imidacloprid (two insecticides) were prioritized using
invertebrate‐based benchmarks because these two com-
pounds are specifically used to control invertebrate pests.
Similarly, plant‐based Aquatic Life Benchmarks tended to be
lower than other benchmarks for herbicides, but the difference
among benchmark types was less drastic (Supporting In-
formation, Figure SI‐2). For many herbicides, minimum ToxCast
ACC values were of a similar magnitude to plant Aquatic Life
Benchmarks, thus EAR and TQ calculations were similar. The
100× difference in prioritization thresholds used in the present
study (EAR< 10–3 and TQ< 0.1) translates into EARs being a
more sensitive screening tool for herbicides and fungicides,
whereas TQs were more sensitive for many insecticides
(Supporting Information, Figure SI‐10). Although the EAR
threshold used in the present study is based on overlap among

FIGURE 5: Exposure activity ratios (EARs) by site across chemicals and ToxCast assay endpoint gene targets for pesticides and pesticide trans-
formation products detected in passive samplers from 15 Great Lakes tributaries, June–July 2016. Chemicals represent those that had an EAR
exceeding the threshold of 10–3 for at least one endpoint in at least one site. Boxes were only plotted for combinations of chemicals and genes that
exceeded the EAR threshold in at least one site. Each boxplot shows the distribution of EARs among sites and endpoints. The upper and lower
edges are the 25th and 75th percentiles, and whiskers are drawn up to 1.5 times the interquartile range. Scanning the figure vertically highlights the
specific genes linked to a chemical individually and scanning horizontally highlights the multiple chemicals associated with a given gene.
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screening techniques (Corsi et al., 2019), the specific EAR
threshold is somewhat arbitrary because it does not imply any
apical effects in whole organisms as do TQs. Rather, EARs are
useful in a relative sense to prioritize contaminants, predict
their apical effects, and offer guidance to future screening that
could ultimately be used to generate future Aquatic Life
Benchmarks. Using additional risk‐based screening tools
(Nowell et al., 2014, 2018) also provides complimentary eval-
uations of pesticides because no single approach assesses the
collective impact of chemicals on the environment.

Priority chemicals
Diuron. Diuron exceeded the EARChem threshold in passive
samples from nine sites. Diuron is a phenylurea‐type herbicide
used to control a variety of grasses and broadleaf weeds, and is
included in antifouling paint as a biocide (Giacomazzi &
Cochet, 2004; Lambert et al., 2006). Diuron is persistent in the
environment (Harino et al., 2005) and is potentially toxic to fish
and aquatic invertebrates (USEPA, 2009a). Diuron inhibits
photosynthesis (Knauert et al., 2008) and impairs freshwater
biofilms (Morin et al., 2018), potentially making it a concern to
nontarget aquatic plants, algae, and other photosynthetic
organisms. Diuron also has been reported to have negative
effects on oyster development and reproduction through
structural and functional modifications to DNA (Akcha
et al., 2016; Bachère et al., 2017; Mai et al., 2013). Of the

ToxCast assays for diuron, those linked with CYP targets
involved in xenobiotic metabolism were the only assays that
exceeded EAR thresholds (Figure 5).

A transformation product of diuron, 3,4‐dichloraniline
(3,4‐DCA), is not included in the pesticide analytical schedule
(Sandstrom et al., 2015) but has known ecotoxicological effects
that exceed those of the parent compound (Crossland, 1990;
Giacomazzi & Cochet, 2004; Tixier et al., 2001). Currently, the
USEPA does not have Aquatic Life Benchmarks for 3,4‐DCA.
However, it has been tested in ToxCast, and it was found to be
active in several steroidal ToxCast assays (USEPA, 2022a).
The ecotoxicological effects of diuron and other pesticides in
the environment can be misleading if transformation products
are not included (Mahler et al., 2021). The frequent occurrence
of diuron in Great Lakes tributaries (the present study) and
other aquatic ecosystems (Bradley et al., 2017), the expression
of genes important for chemical detoxification, and the known
ecotoxicological effects of one of its transformation products
indicate that diuron is a contaminant with potential ecological
health consequences.

Metolachlor and acetochlor. Metolachlor and acetochlor
are two chloroacetanilide herbicides that are frequently de-
tected in surface waters in the midwestern United States
(Ankley et al., 2021; Baldwin et al., 2016; Battaglin et al., 2000;
Nowell et al., 2018; Stone et al., 2014). In our study, metola-
chlor and acetochlor exceeded EARChem thresholds in samples

FIGURE 6: Exposure activity ratios (EARs) from mixtures of pesticides and pesticide transformation products by site and across ToxCast assay gene
targets (EARgene) for passive (left) and discrete water (right) samples collected in 15 Great Lakes tributaries, June–July 2016. Assays included had
EARgene> 10–3 in at least two sites for either method. Genes are ordered by median EARgene among all sites, endpoints, and methods. For one
endpoint without a specific gene target, the gene name was replaced with the hormone induced by the ToxCast assay (i.e., estrone). The upper and
lower edges are the 25th and 75th percentiles, and whiskers are drawn up to 1.5 times the interquartile range.
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from eleven and five sites, respectively. Negative effects of
acetochlor include cytotoxicity in human liver cells (Huang
et al., 2020) and disruption of thyroid systems in zebrafish (D.
rerio) larvae (Yang et al., 2016). Metolachlor affects gene ex-
pression related to the thyroid systems in fish (Jin et al., 2011;
Rozmánková et al., 2020) and reduces growth rates of crayfish
at early life stages (Velisek et al., 2019). At environmentally
relevant concentrations, metolachlor affects diatom mobility
(Coquillé et al., 2015) and is toxic to marine dinoflagellates
(Ebenezer & Ki, 2013).

The specific ToxCast assay endpoints for which metolachlor
and acetochlor exceeded EAR thresholds related to 11 dif-
ferent genes (Figure 5 and Supporting Information,
Figure SI‐8). Seven CYPs involved in a number of steroid, drug,
and other xenobiotic metabolic pathways were linked through
EAR threshold exceedances. Three genes, (NR1I2, NFE2L2,
and PPARG) are transcription factors predicted to be involved
in a number of cellular functions that include response to toxic
substances and oxidative stress and peroxisome proliferation
(Supporting Information, Table SI‐8). Orthologs for these three
genes are present in fish and amphibian genomes, strength-
ening the molecular evidence that metolachlor and acetochlor
could have potential ecological effects on aquatic biota, al-
though the types of effects predicted could reflect both a
compensatory as well as an adverse response.

Atrazine and simazine. Atrazine and simazine are members
of the triazine family of herbicides used to control a wide range
of grassy and broadleaf plants. Atrazine is one of the most
widely used pesticides in the world (Singh et al., 2018), and in
the United States is primarily used on corn production, but also
on sugarcane and grass turf (Wieben, 2020). Although the
majority of simazine use is also on major row crops (e.g., corn),
it also is used extensively on orchards, vineyards, and berry
fields (USEPA, 2019b). Atrazine and simazine were detected in
15 and 13 samples from the present study and in 92% and 41%
of discrete water samples, respectively, from these sites over
the year (Oliver et al., 2022). This is consistent with detection of
atrazine and its transformation products in rainfall and surface
waters in pristine areas, such as Isle Royale in Lake Superior
(Thurman & Cromwell, 2000) and other US National Parks
(Bradley et al., 2020; Mast et al., 2007). Other studies have
found atrazine at concerning concentrations in surface waters
(Ali & Kolok, 2015; Ankley et al., 2021; Ng & Clegg, 1997), and
in agricultural watersheds, concentrations can commonly ex-
ceed 10 µg L–1 for over 10% of the calendar year (Lerch
et al., 2011). Compared with the USEPA's Aquatic Life Bench-
marks, the 21‐day Maumee River POCIS sample exceeded the
atrazine benchmark for effects in nonvascular plants (<1 µg L–1)
and was near the chronic toxicity benchmark for fish (5 µg L–1;
USEPA, 2019a). Atrazine concentrations were within an order of
magnitude of the nonvascular plants benchmark at an addi-
tional three sites, and seven sites exceeded the EAR threshold
of 10–3. Atrazine negatively affects a variety of nontarget
aquatic organisms. For example, phytoplankton, lichen micro-
algae, and aquatic macrophytes are highly sensitive to low
concentrations (<0.1 µg L) of atrazine, which can lead to apical

outcomes at the organism, population, or community level
(Fleming et al., 1995; Pannard et al., 2009; Traba et al., 2017).
Detrimental effects are not limited to primary producers (Singh
et al., 2018) because atrazine has been linked with endocrine
disruption in rats (Cooper, 2000), DNA damage in fish (Nwani
et al., 2011), and decreased spatial aggregation of freshwater
mussels (Flynn & Spellman, 2009). Furthermore, atrazine affects
fish reproduction and egg production at concentrations as low
as 0.5 µg L–1 (Moore & Waring, 1998; Richter et al., 2016; Tillitt
et al., 2010).

Based on ToxCast data, atrazine appears to influence mul-
tiple biological pathways. In our samples, atrazine exceeded
EAR thresholds for ToxCast assay endpoints related to nine
genes (Figure 5), which was the most of any chemical in-
dividually. Genes linked with atrazine EAR exceedances in-
cluded several CYPs involved in steroid, drug, and xenobiotic
metabolism that were also affected by other priority herbicides
(Figure 5). Simazine was linked to a different CYP involved
in epoxidation. In addition, an endpoint (CEETOX_H295R_
ESTRONE_up) relating to estrone production exceeded the
EAR threshold for atrazine at three sites (Figure 5). Atrazine was
the only chemical linked to estrogen‐related assay endpoints,
and the potential modulation of steroid biosynthesis aligns
with literature reports of aromatase induction in vitro (Fan
et al., 2007; Sanderson et al., 2001) and abnormal sexual de-
velopment, reproduction, and hormone concentrations in
controlled experiments and in field studies with fish (Moore &
Waring, 1998; Richter et al., 2016; Tillitt et al., 2010). Other
genes (ADORA1, GLI3, MAOA, PDE4A, PDE5A, and PTSG2)
connected to atrazine through EAR exceedances have pre-
dicted functions that include extracellular signaling, smooth
muscle relaxation, and inflammation (Supporting Information,
Table SI‐7). Through ToxCast EAR exceedances, multiple
genes and predicted biological functions were linked to atra-
zine concentrations, suggesting that it may have a complex
effect on biology and that a single mode of action is unlikely.

The ecotoxicological effects of atrazine and simazine may
persist beyond their degradation because both parent and
transformation products can share common mechanisms of
toxicity (USEPA, 2019b). Several transformation products, such
as deisopropylatrazine and deethylatrazine, are included in the
ToxCast database and are toxic to aquatic life (Klementová
et al., 2019). Our analysis identified deisopropylatrazine as a
priority chemical because it exceeded EARChem thresholds in
two samples co‐contaminated with atrazine. Deethylatrazine
did not exceed EARChem thresholds, but it was detected in all
samples. In agricultural settings, losses of deethylatrazine
and atrazine can be of similar magnitudes (Shipitalo &
Owens, 2003), and both chemicals have been detected in tree
swallow (Tachycineta bicolor) diets, eggs, and carcasses (Custer
et al., 2020). A third transformation product (deethylhydrox-
yatrazine) was also detected in all passive samples but could
not be evaluated because it lacked data to calculate effects
benchmarks (Figure 2). Assessing the ecotoxicology of related
chemical mixtures and transformation products remains a
challenge, but if multiple compounds have similar modes of
action, the combined effects could be magnified.
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2,4‐Dichlorophenoxyacetic acid. 2,4‐Dichlorophenoxyacetic
acid has been used since the 1940s to control a variety of
broadleaf plants (Islam et al. 2018). Because it resembles natural
auxins, 2,4‐D stimulates plant growth, ultimately causing un-
controlled cell division and death (USEPA, 2005). Due to its
acidic carboxyl group, 2,4‐D and its other formulations (salts,
esters, etc.) are quite mobile in the environment, leading to
widespread occurrence in aquatic ecosystems (Islam et al., 2018;
Van Metre et al., 2017; Zuanazzi et al., 2020). Over 1500 her-
bicide products contain 2,4‐D (Islam et al., 2018; Zuanazzi
et al., 2020), including several used to control aquatic nuisance
plants (Harrahy et al., 2014). The potential impact of 2,4‐D on
aquatic, nontarget species is especially relevant given the
USEPA allows direct application of 2,4‐D to aquatic ecosystems
up to 4000 µg L–1 as a spot treatment for Eurasian watermilfoil
and other aquatic plants (Harrahy et al., 2014; USEPA, 2005).

The potential adverse effects of 2,4‐D contamination include
reproductive disorders, genetic alterations, and carcinogenic
effects (see reviews by de Castro Marcato et al., 2017; Islam
et al., 2018; Zuanazzi et al., 2020). Mound building termites and
lady beetles exposed to recommended treatments of 2,4‐D
had significant mortality and (or) impaired locomotion (Ejomah
et al., 2020; Freydier & Lundgren, 2016). Exposure of am-
phibians to 2,4‐D can arrest egg development and induce ox-
idative stress (Aronzon et al., 2011; Lajmanovich et al., 2015;
Stebbins‐Boaz et al., 2004). Early life stages of multiple fish
species are particularly sensitive to 2,4‐D exposure at concen-
trations (500–2000 µg L–1) below the current 4000 µg L–1 spot
treatment USEPA limit (USEPA, 2005), which has implications
for fish populations in lakes treated for invasive plants (Dehnert
et al., 2018, 2020). In the present study, 2,4‐D was detected in
samples from 14 of the 15 sites, and it exceeded the EARChem
threshold in 13 samples, which was the most of any chemical
analyzed (Figure 2 and Table 2). Four of the ToxCast assays
exceeding the EAR threshold measure CYP induction (Table 3),
suggesting a plausible connection of 2,4‐D exposure to cellular
oxidation and potential tissue damage (Goetz & Luch, 2008;
Lackner, 1998). With the introduction and expansion of crops
resistant to 2,4‐D, increased use and environmental detections
of 2,4‐D are likely, as has been shown with other herbicide‐
resistant crops (Benbrook, 2016). Furthermore, with the direct
application to aquatic environments, 2,4‐D will likely remain a
priority pesticide contaminant which has the potential to ad-
versely affect a variety of nontarget organisms (Islam
et al., 2018; Zuanazzi et al., 2020).

Sulfentrazone. Compared with the other priority herbicides in
the present study, there are fewer reports of the environmental
impact of the herbicide sulfentrazone. Sulfentrazone was first
registered in the United States in 1997, and it is used as broad‐
spectrum pre‐emergent herbicide. On exposure to light, sul-
fentrazone causes plant foliage dehydration and loss of mem-
brane integrity by inhibiting protoporphyrinogen oxidase (Dayan
& Watson, 2011; Thorngren et al., 2017). Protoporphyrinogen
oxidase is involved in biosynthesis of chlorophyll (in plants) and
hemoglobin (in animals), and in the presence of light can lead to
porphyria (Birchfield & Casida, 1997). Thus, in clear or shallow

waters, the effect of sulfentrazone on fish and other vertebrates
may be enhanced. According to Thorngren et al. (2017), rela-
tively few studies have tested the effects on nontarget aquatic
species besides those conducted by the USEPA during the
registration process (USEPA, 2009b). At that time, chronic and
acute risk assessments for mammals, fish, and freshwater in-
vertebrates were below the USEPA's level of concern
(USEPA, 2009b). More recently, sulfentrazone has been shown
to alter antioxidant enzymes in amphibians (Freitas et al., 2017)
and enhance production of reactive oxygen species in earth-
worms (Li et al., 2020). Interestingly, the only endpoints ex-
ceeding EAR thresholds for sulfentrazone target CYPs (Figure 5),
which can also be involved in the production of oxidative stress
(Werck‐Reichhart & Feyereisen, 2000).

Imidacloprid. Imidacloprid concentrations were above the
USEPA's chronic invertebrate Aquatic Life Benchmark of
0.01 µg L–1 in samples from eight tributaries. Imidacloprid,
which was first registered in the United States in 1994, and
other neonicotinoids are applied as seed coatings and used to
control terrestrial insects on a broad range of agricultural crops
and are one of the most widely used classes of insecticides in
the world (Bass et al., 2015; Simon‐Delso et al., 2015). Neon-
icotinoids act on insect nicotinic acetylcholine receptors
(nAChRs) via competitive modulation (USEPA, 2016), thus in-
terfering with the central nervous systems of insects (Anderson
et al., 2015; Goulson, 2013). Several studies have linked imi-
dacloprid with adverse ecological outcomes (Gibbons
et al., 2015; Pisa et al., 2015; Whitehorn et al., 2012), including
changes in feeding and delayed migration of songbirds (Eng
et al., 2019). Imidacloprid and other neonicotinoid pesticides
are suspected of contributing to honey bee (Apis mellifera)
losses (Henry et al., 2012; Mitchell et al., 2017; Whitehorn
et al., 2012; Wu et al., 2017) and are toxic to a wide range of
arthropods (Morrissey et al., 2015). The aquatic invertebrate
orders of Ephemeroptera, Trichoptera, and Diptera are espe-
cially sensitive to chronic and acute exposure to imidacloprid
and other neonicotinoids (Bartlett et al., 2018; Morrissey
et al., 2015) at concentrations as low as 0.1 µg L–1 (Roessink
et al., 2013). In 2017, the USEPA lowered the chronic toxicity
benchmark of imidacloprid from 1.05 to 0.01 µg L–1

(USEPA, 2019a), and since 2013, the European Union has re-
stricted its use in outdoor settings (Stokstad, 2018). Imidaclo-
prid continues to be a chemical of concern in the Great Lakes
and other areas where it is applied (Stackpoole et al., 2021).

Imidacloprid only exceeded EARChem thresholds at one site
(summation of multiple endpoints), and no ToxCast endpoints
exceeded EAR thresholds for imidacloprid alone. The two
endpoints with the lowest ACC values for imidacloprid relate to
mammalian genes (CHRNA2 and CHRNA7), which code for
neuronal nicotinic acetylcholine receptors (nAChRs). These
proteins play important roles in chemical signaling between
neurons, are involved in fast synaptic transmission across ion
channels, and are widely distributed in the nervous system (Le
Novère et al., 2002). The active ToxCast endpoints for imida-
cloprid align with the function of imidacloprid because it, and
other neonicotinoids, are structurally similar to nicotine, are
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designed to target nAChRs in insects, and disrupt their central
nervous systems. Although the ToxCast endpoints based on
mammalian genes for imidacloprid did not exceed EAR
thresholds, the molecular evidence within ToxCast aligns with
the known mode of action, although the magnitudes and ef-
fects likely vary among species.

Fipronil. Fipronil is one of the most widely used broad‐
spectrum insecticides globally (Simon‐Delso et al., 2015; van
der Sluijs et al., 2015). Fipronil, which was first registered for
use in the United States in 1996, is used in topical pet care
products and home roach traps, as well as in field settings on
corn production, turf grass, and golf courses (Baker &
Stone, 2014; Jackson et al., 2009). Similar to imidacloprid, fi-
pronil interferes with the nervous system, acting on a ligand‐
gated ion channel (specifically the GABA‐gated chloride
channel) and has selective toxicity for insects relative to mam-
mals (Hainzl et al., 1998). However, fipronil is highly toxic to a
range of aquatic organisms, including aquatic insects, crayfish,
and fish (Gunasekara et al., 2007; Miller et al., 2020). Fur-
thermore, the toxicity of several of its transformation products
(e.g., fipronil sulfone, fipronil sulfide, and desulfinyl fipronil) can
exceed fipronil itself (Gunasekara et al., 2007; Jackson
et al., 2009; Weston & Lydy, 2014; Schlenk et al., 2001). Fipronil
and (or) its transformation products have been implicated in
the collapse of a managed crayfish population (Bedient
et al., 2005) as well as being a risk to honey bees (European
Food Safety Authority, 2013) and aquatic macroinvertebrates
(Miller et al., 2020). Fipronil and its transformation products
have been detected frequently in US surface waters (Mahler
et al., 2021; Stone et al., 2014; Van Metre et al., 2017), and in
urban streams concentrations frequently exceed Aquatic Life
Benchmarks (Miller et al., 2020; Nowell et al., 2018; Stone
et al., 2014). In the present study, fipronil was detected in all
POCIS samples; fipronil transformation products were detected
in 14 of the 15 samples, and concentrations tended to be
highest in samples collected in urban watersheds. The occur-
rence of fipronil in aquatic systems often overlaps with human
development, wastewater treatment facilities, and golf courses
(McMahen et al., 2016; Nowell et al., 2018; Wu et al., 2015),
making the potential effects of fipronil more likely in urban
waterways as opposed to streams and rivers in agricultural
landscapes.

Other chemicals. Although our results highlight concerns
with some specific chemicals, other compounds should not be
assumed to have negligible effects. First, we specifically sam-
pled in June and early July, and our prioritization may have
missed compounds present at higher concentrations during
other times of the year. Although pesticide detections in the
region tend to highest in June (Covert et al., 2020), the com-
position of pesticide mixtures changes temporally. Pesticides
were detected year‐round in discrete water samples (Oliver
et al., 2022), and 12 chemicals were detected in discrete water
samples outside of June and July that were not detected in
POCIS. Second, only 225 compounds were analyzed in passive
samples, yet over 400 pesticide compounds were applied in

the conterminous United States between 2013 and 2017
(Wieben, 2020). The specific pesticides included in the pesti-
cide analytical schedule were strategically identified in a pri-
oritization analysis that assessed likelihood of occurrence,
prevalence of use, and potential toxicity (Shoda et al., 2018).
However, the method does not work for all types of pesticides,
and several compounds were absent from the analysis. For
example, glyphosate is one of the most widely used pesticides
in the United States and Canada (Anderson et al., 2021; Ben-
brook, 2016; Wieben, 2020) but is not included in the pesticide
analytical schedule because it is difficult to isolate (Meyer
et al., 2009; Sandstrom et al., 2015). Third, toxicity evaluations
continually change and benchmarks can be revised. If future
toxicological evaluations include a larger variety of species or
biochemical targets, some Aquatic Life Benchmarks or chem-
ical assay endpoints could be revised, potentially changing the
list of priority chemicals of concern. For example, in 2017
the chronic freshwater invertebrate Aquatic Life Benchmark
for imidacloprid was reduced by two orders of magnitude
(USEPA, 2019a), in part from studies reporting chronic effects in
aquatic organisms well below previous benchmarks (Roessink
et al., 2013). Using the original benchmark, only the Maumee
River would have been flagged as a priority site for imidaclo-
prid, but under the revised benchmark, samples from 13 sites
had concerning concentrations. It is also noteworthy that with
no representation of plants or plant‐specific pathways, it is
quite likely that ToxCast‐based prioritization may under-
estimate the biological activity of herbicides designed specifi-
cally to target plants. Pesticides are currently re‐reviewed by
the USEPA on 15‐year cycles, and it could be useful to
reevaluate chemicals detected at levels below current thresh-
olds as new information becomes available.

Many of the chemicals detected in the present study could
not be evaluated for potential biological effects. To be eval-
uated, the chemical needed to (1) be detected, (2) have a
known POCIS uptake rate, and (3) be included in a screening
database to allow benchmark calculation. Of the 33 detected
chemicals not evaluated for potential biological effects, two
lacked POCIS uptake rates and all 33 lacked a screening
benchmark. Thus, the primary limitation was the lack of effects
benchmarks. The detected compounds that lacked bench-
marks all were transformation products, and their occurrences
tended to overlap with the parent compounds. Co‐occurrence
of pesticides and transformation products has potential for
synergistic, antagonistic, and additive interaction responses
(Stratton, 1984), so an emphasis on developing toxicological
benchmarks for transformation products with widespread
occurrence could be warranted (Mahler et al., 2021).

Although the focus of the present study was to prioritize
pesticides of ecological concern, most pesticides analyzed in
the present study (172 of 223) were either never detected or
concentrations were below thresholds (Supporting Information,
Table SI‐1) and thus they were not found to be of concern. The
use of many pesticides has declined substantially in part due to
increased awareness of toxicological effects and resulting
stronger regulations. For example, chlorpyrifos and diazinon
are two organophosphate insecticides that were heavily
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restricted in the United States in the early 2000s to reduce
potential risks to humans (USEPA, 2002, 2004). Chlorpyrifos
was listed as one of the top seven priority pesticides in a recent
risk assessment of aquatic ecosystems in Canada (Anderson
et al., 2021). Many organophosphate insecticides are neuro-
toxins (Jokanović, 2018) that still pose an occupational hazard
for farm workers and children (Curl et al., 2002; Curwin
et al., 2007; Morgan et al., 2005). Although diazinon was de-
tected in two passive samples, it is encouraging that these
organophosphates were not found in concentrations of con-
cern in the present study or in discrete water samples (Sup-
porting Information, Figure SI‐5). With changing regulations
and pesticide applications, additional monitoring is not only
valuable to identify new contaminants of concern and develop
new analytical methods (Norman et al., 2012), but also to de-
prioritize chemicals previously of concern.

Potential effects of chemical mixtures
The EAR‐based approach for evaluating chemical mixtures

identified 16 priority ToxCast assay endpoints that exceeded
EARMixture thresholds in at least two passive samples (Table 3
and Supporting Information, Figure SI‐9). These mixture‐assay
pairs were linked with 10 unique genes and 23 AOPs (Table 3).
Nine of the genes prioritized with the mixtures analysis have
functional annotations described in online genome databases
(e.g., DAVID) that relate to a number of cellular and physio-
logical responses and biological pathways. The libraries of bi-
ological responses within ToxCast, the AOP knowledgebase,
and DAVID are by no means exhaustive and only represent a
small subset of potential systems influenced by chemicals in
nature. These results also do not include mixture effects from
other types of chemical contaminants (e.g., polycyclic aromatic
hydrocarbons [PAHs], pharmaceuticals). The gene descriptions
linked to detected chemicals discussed below are intended to
provide additional context to some of the potential cellular and
organismal interactions of pesticide mixtures, however, addi-
tional experiments and evidence are needed to fully document
the specific chemical effects on aquatic organisms.

Many of the endpoints and genes linked to EAR exceed-
ances can be related to the stimulation of xenobiotic metab-
olism or protective mechanisms (Table 3), which often is viewed
as a compensatory or adaptive response in organisms exposed
to foreign compounds. For example, the activation of tran-
scription factors coded by the NR1I2 and NFE2L2 genes further
induces genes involved in detoxification and oxidative stress
responses, respectively (Table 3). NR1I2 and NFE2L2 were
linked through ToxCast assay endpoints to metolachlor and
acetochlor (individually and as a mixture), suggesting that the
metabolism of these chemicals may invoke common cellular
machinery. Comparatively, the gene PTSG2 also includes an-
tioxidant annotations that code for different enzymes (i.e., di-
oxygenase and peroxidase). The gene PTSG2 was only linked
to atrazine (Figure 5), suggesting alternative cellular oxidative
stress protective responses compared with metolachlor and
acetochlor. Cocontamination with atrazine, metolachlor, and

acetochlor may lead to compounded oxidative stress within
aquatic organisms that may lead to oxidative damage to tissues
(Goetz & Luch, 2008; Lackner, 1998).

A number of CYP genes were frequently associated with
EAR exceedances. This superfamily of genes can be found in
the genomes of virtually all organisms (Werck‐Reichhart &
Feyereisen, 2000). Cytochrome P450 isoenzymes catalyze
oxidative metabolism of chemicals, leading to breakdown of
various molecules within cells, which can facilitate the
elimination of exogenous molecules (Mansuy, 1998; Zanger &
Schwab, 2013). The specific CYPs associated with EAR ex-
ceedances are involved in a variety of biological pathways, in-
cluding biosynthesis of steroids and metabolism of proteins,
fatty acids, drugs, and other xenobiotics (Supporting In-
formation, Table SI‐7). All seven priority herbicides contributed
to EARMixture and EARgene threshold exceedances for CYP‐
related assay endpoints (Figure 5), suggesting some degree of
overlap in the cellular response to these xenobiotics and po-
tential for compounding oxidative stress, which can be asso-
ciated with the activity of CYPs. Collectively, the activation of
transcription factors and enzymes related to xenobiotic me-
tabolism aligns with the plausible effects expected with ex-
posure to foreign compounds.

The priority endpoint CLD_HMGCS2_24hr exceeded the
EARMixture threshold at five sites and was only linked to 2,4‐D.
This endpoint measures mRNA induction as it relates to the
HMGCS2 gene (USEPA, 2020), which is involved in cholesterol
biosynthesis and mitochondrial ketogenesis (Vilà‐Brau
et al., 2011; Wang et al., 2019). Ketogenesis provides lipid‐
derived energy for various organs during times of carbohydrate
deprivation, such as fasting (Geisler et al., 2019; He-
gardt, 1999). The HMGCS2 gene was mapped to 17 AOPs
(Table 3) through 10 key events mostly relating to mitochon-
drial dysfunction (AOP Wiki, 2016). Interestingly, four of
these AOPs (#77–80) relate to abnormal behavior in social
insects (bees), associated with colony loss or death (LaLone
et al., 2017). Although these AOPs are still under development
(LaLone et al., 2017), their descriptions align with other studies
highlighting the potential risk of 2,4‐D on insects (Ejomah
et al., 2020; Papaefthimiou et al., 2002).

Another group of genes linked with elevated EARs is re-
lated to cell signaling and endocrine function: the ADORA1
and PDE4A genes were connected to atrazine and one of its
transformation products (Table 3). Both genes are involved in
signaling through G protein‐coupled receptors (Amisten
et al., 2008; Conti et al., 2003). G protein‐coupled receptors
are typically embedded in cell membranes and involved in the
transmission of extracellular signals inside the cell (Maurice
et al., 2011). G protein‐coupled receptors (or their down-
stream signals) are the biochemical targets of many pre-
scription drugs, including opiates (Zhao & Furness, 2019).
These receptors are involved in a diverse set of physiologic
functions, including responses to physiological stimuli, such as
light, odors, taste, and other intercellular signals (Bockaert
et al., 2010).

Another priority endpoint CEETOX_H295R_ESTRONE_up
indicates increased production of estrone, an estrogenic
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steroid that is a precursor and metabolite of 17β‐estradiol
(USEPA, 2020). Increased estrone production could
suggest either increased aromatase activity or decreased
17β‐hydroxysteroid dehydrogenase activity. Atrazine was the
only chemical linked to this endpoint, highlighting the po-
tential effects it may have on sexual development and re-
production, neuroendocrine, vascular, skeletal, and immune
systems (Hamilton et al., 2017). Atrazine increases aromatase
in human granulosa cells (Holloway et al., 2008) and causes
aromatase induction in H259R cells (Sanderson et al., 2001),
which is the cell line used in the CEETOX assay. Atrazine‐
induced aromatase expression may be an steroidogenic
factor 1 (SF‐1) dependent process (Fan et al., 2007), and this
mechanism was suggested to be phosphodiesterase in-
hibition (Roberge et al., 2004). However, atrazine‐induced
aromatase activity or associated effects have generally not
been observed in vivo.

A second endocrine‐related gene was prioritized after
incorporating the discrete water samples. The endpoint
ACEA_AR_agonist_80hr is designed to measure signaling
activity related to an androgen receptor coded by the AR
gene. Androgens, such as testosterone, are widely recog-
nized for their importance in sexual development and dif-
ferentiation but also play roles in metabolism, growth,
development, and behavior and act as an intercellular signal
(Bhasin et al., 2007; Monks & Holmes, 2018; Sumpter, 2005).
Agonism of the androgen receptor is listed as a molecular
initiating event in AOP #23, leading to reproductive dys-
function in fish (Villeneuve, 2021). The AR gene has been
linked through ToxCast EAR exceedances with two pharma-
ceutical steroids from fish plasma samples in a Croatian river
(Malev et al., 2020) and DL‐menthol (a common toothpaste
and cosmetic additive) in another passive‐sampler based
study in the Great Lakes (Alvarez et al., 2021). In our study,
the herbicide triclopyr was the only chemical linked to AR
through EAR exceedances (Table 3); however, triclopyr was
listed as AR negative using the ToxCast AR computation
model (Kleinstreuer et al., 2017). Furthermore, triclopyr did
not yield a single active hit in the ToxCast EDSP 21 assays
(USEPA, n.d.) that are specifically designed to detect endo-
crine disrupting activities (Rotroff et al., 2013), providing
evidence that the ACEA_AR_agonist_80hr activity of triclopyr
may not be a real AR response. There is general concern with
chemicals that may interact with androgen and estrogen
signaling (Rotroff et al., 2013), as reflected by chemical safety
legislation, and ToxCast may be useful to guide future testing
on chemicals that may disrupt endocrine functions.

The POCIS‐ and discrete‐sample‐based (Oliver et al., 2022)
mixture analyses identified similar lists of priority chemicals,
assay endpoints, and genes. The discrete sample analysis
identified more priority genes (Table 3) due to slightly higher
chemical concentrations, causing some sites to only have
discrete‐based EAR exceedances (Figure 6 and Supporting
Information, Figure SI‐11). Lower POCIS concentrations than
filtered water samples may reflect methodological differences
in accumulation because POCIS mimics cellular uptake of
chemicals in the dissolved phase (Huckins et al., 2006), which

may be more analogous to chemical exposure of aquatic or-
ganisms without consideration of metabolism and (or) ex-
cretion. Temporal variation may also contribute to differences
between POCIS and discrete sample‐based results. Concen-
trations, detection frequencies, and assemblages of pesti-
cides and transformation products can differ between
baseflow and runoff conditions (Mahler et al., 2021). Polar
organic chemical integrative samplers may be exposed to
long periods of baseflow, which may not align with the hy-
drological conditions and chemistry when discrete water
samples were collected. In addition, build‐up of particulates
on the passive sampler surface over time could result in de-
creased sampling at the latter stages of the deployment and
therefore lower estimated water concentrations. Overall,
POCIS‐ and discrete sample‐based results offer similar qual-
itative conclusions about pesticide presence/contamination
(Figure 6 and Table 3), but the POCIS‐derived results offer a
less conservative view than that from water samples due to
slightly lower estimated concentrations.

Site‐specific assessments
Chemical detection frequency and concentration varied

among watersheds, aligning with patterns in land use
(Figure 1). Comparison of the POCIS and discrete (Oliver
et al., 2022) results to land cover provided patterns consistent
with previous research, which reported greater concentrations
and numbers of pesticides detected in watersheds with
greater amounts of agricultural and urban land (Battaglin
et al., 2016; Stone et al., 2014; Van Metre et al., 2017). This is
also consistent with a greater density of pesticide applications
in urban and agricultural settings (Wieben, 2020), posing a
greater potential hazard to streams and rivers with these land
uses (Nowell et al., 2018; Stackpoole et al., 2021; Stone
et al., 2014).

The greatest overall concentrations and greatest number
of pesticides were detected in the Maumee River sample.
From a chemical mixture perspective, 16 chemicals con-
tributed to 34 EARMixture threshold exceedances that were
collectively associated with 21 genes and 37 AOPs
(Supporting Information, Table SI‐8). In addition to the AOPs
in Table 3, several AOPs linking the PTSG2 gene and cyclo-
oxygenase activity with reproductive dysfunction and early
life mortality in fish (AOPs #21, 28, 63, and 100–103) were
only identified in the Maumee River sample. Prior studies in
the Maumee River system have associated pesticides with
embryonic deformations and reduced fecundity (Cipoletti
et al., 2019) and induction of hepatic CYP genes in caged fish
(Ankley et al., 2021). Contamination of the Maumee is not
restricted to surface waters or pesticides because PAHs and
other contaminants in sediments and porewaters of multiple
Maumee tributaries also exceed EAR and TQ‐based thresh-
olds (Baldwin et al., 2022), which may contribute to additional
mixture effects. In addition, the Maumee is one of the most
agriculturally productive watersheds in the Great Lakes basin,
and it contributes substantial loads of nutrients, suspended
sediment, and contaminants to western Lake Erie
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(Baker et al., 2014; Cipoletti et al., 2020; Matson et al., 2020).
Although nutrient loading and other physical mechanisms are
likely the dominant driver of increased prevalence of harmful
cyanobacteria blooms in western Lake Erie (Bullerjahn
et al., 2016; Sayers et al., 2019), pesticides—especially
herbicides—may favor cyanobacteria and promote harmful
blooms by suppressing the growth of more favorable eu-
karyotic phytoplankton species (Harris & Smith, 2016).

Even though strong linkages were identified between land
use and pesticide contamination, chemicals were also
present in samples collected from sites draining less dis-
turbed Lake Superior watersheds. Six herbicides (metola-
chlor, atrazine, acetochlor, sulfentrazone, prometon, and
hexazinone), one insecticide (fipronil), and three trans-
formation products of atrazine were detected in all samples,
including those from the St. Louis and Bad Rivers. These
rivers have watersheds with less than 10% urban or agricul-
tural land cover, which may be sufficient to result in detect-
able levels of pesticides to rivers, or pesticides may be
transported across watershed boundaries through atmos-
pheric dispersion. Polar organic chemical integrative sampler
collections from the St. Louis and Bad Rivers had twice as
many chemical detections as concurrent discrete water sam-
ples (Supporting Information, Figure SI‐8). Minimum de-
tection levels for POCIS samples were approximately two
orders of magnitude lower than discrete samples (Supporting
Information, Figure SI‐1) because passive samplers con-
tinually absorb contaminants over their deployment, which
are concentrated into a final extract that represents accu-
mulated chemicals over a long duration. In addition, de-
tection frequencies of pesticides in discrete water samples
are likely biased low (Medalie & Bexfield, 2020), and samples
are typically collected over a brief time window (seconds to
minutes) that may not represent the extremes or short‐term
pulses of concentration that POCIS are exposed to over a
longer time. For example, nearly three times as many pesti-
cides can be detected using daily water samples compared
with weekly samples (Norman et al., 2020). Thus, POCIS
provide surveillance for chemicals at low concentrations or
high temporal variability and may provide relevant in-
formation for chemicals that have greater potency.

CONCLUSION
Evaluation of chemicals using ToxCast and Aquatic Life

Benchmark comparison techniques provided valuable in-
formation for identifying chemicals of concern in the Great
Lakes watershed. Many of the priority chemicals share activity
in common ToxCast assays, highlighting the potential for
compounding biological effects from mixtures of pesticides
and transformation products, which supports using additive
models for assessing potential toxicity of pesticide mixtures
(e.g., Nowell et al., 2014). The potential activity on biological
pathways related to a range of cellular processes including
xenobiotic metabolism, extracellular signaling, endocrine
function, and protection against oxidative stress, which may
have consequences for nontarget aquatic species at the

organism, population, or community level. Although these
techniques do not provide direct evidence of modifications to
molecular functions in the environment as a result of chemical
exposure, the gene annotations and biological pathways de-
scribed above provide a clue into how specific chemicals may
interact with molecular biology, which could lead to adverse
outcomes. The EAR‐based method may be used to guide ad-
ditional hypothesis‐driven monitoring and experimentation,
which are necessary to confidently link chemicals with adverse
effects in the natural watershed setting. Complete understanding
of the impact of pesticides and other chemical contaminants will
likely remain an important knowledge gap, thus additional
testing and development of evaluation techniques will likely be
valuable to protect the health and function of the streams, rivers,
and other aquatic ecosystems.
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