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Abstract. An influential paradigm in coral reef ecology is that fishing causes trophic cas-
cades through reef fish assemblages, resulting in reduced herbivory and thus benthic phase
shifts from coral to algal dominance. Few long-term field tests exist of how fishing affects the
trophic structure of coral reef fish assemblages, and how such changes affect the benthos.
Alternatively, benthic change itself may drive the trophic structure of reef fish assemblages.
Reef fish trophic structure and benthic cover were quantified almost annually from 1983 to
2014 at two small Philippine islands (Apo, Sumilon). At each island a No-Take Marine
Reserve (NTMR) site and a site open to subsistence reef fishing were monitored. Thirteen
trophic groups were identified. Large planktivores often accounted for >50% of assemblage
biomass. Significant NTMR effects were detected at each island for total fish biomass, but for
only 2 of 13 trophic components: generalist large predators and large planktivores. Fishing-in-
duced changes in biomass of these components had no effect on live hard coral (HC) cover. In
contrast, HC cover affected biomass of 11 of 13 trophic components significantly. Positive
associations with HC cover were detected for total fish biomass, generalist large predators, pis-
civores, obligate coral feeders, large planktivores, and small planktivores. Negative associations
with HC cover were detected for large benthic foragers, detritivores, excavators, scrapers, and
sand feeders. These associations of fish biomass to HC cover were most clear when environ-
mental disturbances (e.g., coral bleaching, typhoons) reduced HC cover, often quickly (1–
2 yr), and when HC recovered, often slowly (5–10 yr). As HC cover changed, the biomass of
11 trophic components of the fish assemblage changed. Benthic and fish assemblages were dis-
tinct at all sites from the outset, remaining so for 31 yr, despite differences in fishing pressure
and disturbance history. HC cover alone explained ~30% of the variability in reef fish trophic
structure, whereas fishing alone explained 24%. Furthermore, HC cover affected more trophic
groups more strongly than fishing. Management of coral reefs must include measures to main-
tain coral reef habitats, not just measures to reduce fishing by NTMRs.

Key words: coral cover; coral reef fish; environmental disturbances; fishing effects; no-take marine
reserves; Philippines; trophic biomass.

INTRODUCTION

One of the first attempts to define what we today call
ecology was made by Haeckel: “. . .the total relations of
the animal both to its inorganic and its organic environ-
ment” (Haeckel 1870, cited in Andrewartha and Birch
1954:13). While not a definition that would endear itself
to too many botanists or microbiologists, the ecological
point is clear, if one replaces the word “animal” with “or-
ganism” in this definition. The initial focus of “ecology”
was thus on the environmental conditions, both physical
and biological, that determined the distribution and

abundance of organisms. Pianka (1974) noted that such
definitions should correctly include also the effects of
organisms on the environmental conditions. Andre-
wartha and Birch (1954) spoke of “. . .two sorts of ecol-
ogy.” The first was studies of the environmental
conditions that determined the distribution and abun-
dance of populations or species, often species of impor-
tance to humans such as harmful insects and useful
fishes, birds and mammals. The second was studies of
the environmental conditions that determined the struc-
ture (e.g., species composition, species richness) of
assemblages or communities of species. A definition of
“environment” is essential to the understanding of these
“sorts” of ecology. Andrewartha and Birch (1954) identi-
fied four components of environment that they felt
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determined the organisms’ chances to survive and breed,
and thus the distribution and abundance of their popu-
lations: weather, food, other animals and organisms
causing harm, and a place in which to live. This defini-
tion of environment, and that implied by Haeckel
(1870), had a strong emphasis on physical conditions
and habitats suitable for survival and reproduction, as
well as biological factors like food resources, mates, and
predation. Andrewartha and Birch (1954) maintained
that competition is often difficult to detect and can be
dampened or eliminated by physical disturbance and
predation, a position that brought them into disagree-
ment with the view that competition was often an impor-
tant cause of “population regulation” (Nicholson 1933).
Andrewartha and Birch (1954:Chapter 14) presented
models of how a complex abiotic and biotic environ-
ment, coupled with spatial complexity of population
structure reminiscent of what modern ecologists now call
“meta-population structure,” can determine the numbers
in animal populations. The views of Andrewartha and
Birch (1954) were no doubt influenced strongly by the
fact that they specialized in the study of insect popula-
tions in the often harsh and variable climatic conditions
of Australia. They thus often stressed the important
roles of changing weather conditions and environmental
disturbances to habitats as major determinants of distri-
bution and abundance.
As the subject of ecology transitioned from a focus on

lower (organism, population) to higher (assemblages,
communities, ecosystems) levels of organization, a subtle
shift in emphasis of what environmental conditions were
important determinants of survival and reproduction
seems to have occurred. Modern (1960s onward), often
experimental, ecology developed a far greater emphasis
on biological (predation, competition) than physical
environmental factors, particularly in community ecol-
ogy (Hairston et al. 1960, Connell 1961, Paine 1966,
Dayton 1971, Sale 1977). To be fair, some of these
authors did stress the important role of environmental
disturbances, often to habitats, and their interactions
with predation and competition (Dayton 1971, Menge
and Sutherland 1976, Connell 1978) in maintaining
assemblage/community structure.
As ecology shifted its focus to higher levels of organi-

zation, emphasis shifted from physical to biological envi-
ronmental drivers. A novel way of looking at ecological
populations, assemblages, and communities was pro-
posed by Hairston et al. (1960). The concepts of top-
down and bottom-up regulation of population numbers
and community structure derive from food web theory
(Hairston et al. 1960, Hunter and Price 1992, Menge
2000). Regulation is assumed to be by predators (top-
down) or resources (bottom-up). Resources are usually
trophic (food), often driven by availability of nutrients
and light. There is consensus that the top-down/bottom-
up dichotomy is somewhat artificial, with both likely
operating in species-specific ways at different times/
places (Hunter and Price 1992). Environmental

variations (e.g., productivity gradients or environmental
“stresses”) modulate the relative strengths of top-down/
bottom-up drivers on a case by case basis (Hunter and
Price 1992).
A strong emphasis of top-down control of popula-

tions and communities emerged, particularly in marine
ecology (Paine 1966, Dayton 1971, Estes et al. 2011).
This strong influence of top-down control of commu-
nities flowed into coral reef ecology in the early 1990’s
with the publication of several studies that suggested
that overfishing, particularly of herbivorous coral reef
fish, caused reductions in grazing and shifts in domi-
nance of benthos from coral to algal-dominated states
(Done 1992, Hughes 1994, McClanahan and Mutere
1994). The concept of a strong, top-down driver, fish-
ing (a proxy for predation; e.g., Hixon 1991), causing
“trophic cascades” through assemblages of coral reef
fish that resulted in “benthic phase shifts” became a
dominant concept in coral reef ecology that persists to
this day (Houk et al. 2018, Lefcheck et al. 2019). In
the past 25 yr, it has become almost paradigmatic in
the coral reef literature that fishing-induced reductions
in abundance of herbivorous coral reef fish cause ben-
thic phase shifts from coral to macroalgal dominance
(Hughes 1994, Bellwood et al. 2004, Mumby et al.
2006; but see Aronson and Precht 2006, Bruno et al.
2009). Mumby and Steneck (2008) highlight reduced
herbivory on coral reefs, mostly caused by fishing, as a
rapidly evolving ecological paradigm. The classic
example of this paradigm comes from Jamaica where
overfishing of herbivorous fish, declines of herbivorous
urchins due to a disease, and the effects of a hurricane,
led to a benthic phase shift from coral to macroalgal
dominance (Hughes 1994; but see Côt�e et al. 2013).
This strong top-down control of communities by fish-
ing has been generalized to marine fisheries and to
many marine ecosystems (Pauly et al. 1998, Jackson
et al. 2001, Estes et al. 2011).
Top-down control of assemblages of reef fish and ben-

thos by fishing was such a strong influence in coral reef
ecology from the 1990s onward, that coral reef ecologists
seemed to place less focus on the basic components of
environment stressed by Haeckel (1870) and Andre-
wartha and Birch (1954). That is, they tended to lose
sight of the fact that a vitally important part of the deter-
minants of distribution and abundance of organisms,
and the structure of communities, are physical environ-
mental conditions, habitats, and the effects of distur-
bances to those conditions and habitats. Contemporary
coral reef ecologists lost touch somewhat with their his-
torical roots, a process that Graham and Dayton (2002)
warned against. A brief review of papers on the stressors
that cause major degradation of coral reefs, and how to
manage those stressors, published in the journals Science
and Nature over the past 26 yr (1994–2019; n = 64
papers, see Appendix S1: Fig. S1) supports this supposi-
tion. During the 13 yr from 1994 to 2006 (n = 23
papers), 39% of papers focused on overfishing as the
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causal and management emphasis of coral reef degrada-
tion, with 30% focusing on climate change (particularly
coral bleaching), with the remaining papers focusing on
multiple stressors (e.g., water quality, coral predators,
coral diseases, hurricanes). This pattern shifted substan-
tially in the next 13 yr (2007–2019, n = 41 papers) with
76% of papers focusing on climate change as the causal
and management emphasis of coral reef degradation,
12% focusing on overfishing, with the remainder dealing
with multiple stressors. To be fair, many scientists have
pointed out for a long time that multiple stressors threa-
ten coral reefs, including overfishing, climate change,
water quality, coral predators, and coral diseases (Aron-
son et al. 2003, Hughes et al. 2003, Aronson and Precht
2006, 2016). Few coral reef scientists would disagree,
however, that emphasis on overfishing, both as a short-
term (Mumby et al. 2006) and a long-term (Jackson
et al. 2001, Pandolfi et al. 2003) stressor, was a dominant
theme in the literature on the degradation of coral reefs
from 1994 to about 2006 (Appendix S1: Fig. S1). One
could even suggest that when it came to fishing as a
major determinant of benthos on coral reefs was con-
cerned, many coral reef ecologists tended toward what
Graham and Dayton (2002) described as “. . .restrictive
gravitation toward favored models and pet theories.”
Aronson et al. (2003), commenting on the Pandolfi et al.
(2003) paper put it even more plainly: “The hypothesis
that overfishing caused corals to decline is argued by
default, and no cogent mechanistic explanation is
offered.”
A common potential solution advocated to address

this overfishing issue was implementation of no-take
marine reserves (Dayton et al. 2000, Sale et al. 2005,
Mumby et al. 2006) and networks of such reserves at
appropriate spatial scales (Sale 2002, Sale et al. 2005).
Emphasis has clearly shifted to climate change as the
dominant driver of coral reef degradation in the past
13 yr (Aronson and Precht 2006, 2016, Hoegh-Guldberg
et al. 2007, Hughes et al. 2017, 2018). Thus, the focus on
overfishing as the key driver of coral reef degradation
has been replaced by a focus on the substantial physical
and chemical disturbances that coral reefs have been
subjected to globally, particularly in the past decade, of
mass coral mortality due to bleaching caused by exces-
sive water temperatures and reduced pH levels related to
climate change (Hoegh-Guldberg 1999, Hoegh-Guld-
berg et al. 2007, Hughes et al. 2017, 2018). These major
physical disturbances to coral reefs also have strong
effects on assemblages of fishes associated with coral
reefs (Jones et al. 2004, Pratchett et al. 2008, Wilson
et al. 2008, Graham et al. 2015).
From the viewpoint of reef fish assemblages, emphasis

on the stressors causing major coral reef degradation
shifted from a top-down driver (fishing) to a driver
involving environmental disturbance directly to the coral
habitat of reef fish, the latter sometimes referred to as
“side-in” impacts (Precht and Aronson 2006). Ecosys-
tems globally are now described as having entered the

“Anthropocene” (Hughes et al. 2017, 2018), an age of
human-induced disturbances to climate on an unprece-
dented spatial scale, with coral reefs metaphorically con-
sidered the “canary in the coal mine” due to their
particular sensitivity to changes in physical and chemical
environmental conditions. Hixon (2011), “With a touch
of nostalgia. . .” divided a 60-yr history of coral reef fish
ecology (1950–2010) into six decades. If he were today to
add the decade from 2010 to 2020, we suspect he would
have named the recent history as “the Climate Change
Decade.” Such effects of climate change are not only pre-
dicted to increase levels of coral mortality directly
through coral bleaching (Hoegh-Guldberg 1999, Hughes
et al. 2017, 2018), but have also been related to potential
increases in the frequency and intensity of coral disease
outbreaks and tropical storms (Harvell et al. 1999,
Knutson et al. 2010).
Philippine coral reefs are heavily fished (Alcala and

Russ 2002) and have also been subjected to major coral
bleaching and typhoon events causing substantial coral
loss in recent decades (Licuanan et al. 2017). Environ-
mental disturbances that cause loss of coral cover and
habitat complexity affect density, species richness, and
assemblage structure of coral reef fishes significantly
and usually negatively (Pratchett et al. 2008, Wilson
et al. 2008, Graham et al. 2015). Thus, Philippine coral
reefs are excellent candidates for testing the relative
importance of top-down effects of coral reef fish on ben-
thos and bottom-up effects of benthos on coral reef fish.
This study investigates whether fishing or benthic

habitat are more likely to affect the assemblage structure
(measured as biomass of different trophic groups) of
coral reef fishes at two small Philippine Islands, each
island with a No-Take Marine Reserve (NTMR) site
and a fished site, monitored almost annually for 31 yr
(1983–2014). We express these potential effects in terms
of two alternative models:

Model 1: Fishing modifies trophic structure of reef
fish assemblages, which modifies the benthos.

Model 2: Environmental disturbances modify benthos,
which modifies trophic structure of reef fish
assemblages.

We predict that direct effects of environmental distur-
bances to the benthos (Model 2) will have a much
greater effect on trophic structure of the reef fish assem-
blages than direct effects of fishing that then lead to indi-
rect effects on the fish assemblage and, subsequently, the
benthos (Model 1). The prediction of Model 2 is more
simple and parsimonious than that of Model 1. Further-
more, each model implies a different suite of manage-
ment objectives and methods to address the coral reef
degradation.
The specific questions addressed in this study are (1)

What is the trophic structure, in terms of biomass, of the
coral reef fish assemblages? (2) Which components of
this trophic structure are most affected by fishing? (3) Is
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trophic structure modified by fishing to the extent that it
can alter the benthos? (4) Which trophic components are
most affected by benthic change caused by environmen-
tal disturbances? (5) What accounts for more of the vari-
ability in trophic structure of the reef fish assemblage,
live hard coral cover or fishing?

METHODS

Study sites, history of NTMRs, history of environmental
disturbances

This study was conducted at four sites, located on two
different islands in the central Philippines: Apo and
Sumilon (Fig. 1). Fish assemblages and benthic cover
were monitored almost annually for 31 yr from 1983 to
2014 at one NTMR site and one “control” fished site on
each island. However, both the fishing status and the
sequence of environmental disturbance events at each
site varied greatly (Appendix S1: Fig. S2; Russ et al.
2015a, b, c).
Apo island is a small (74 ha) volcanic island located

off the major island of Negros (Fig. 1). It has a very
small (~25 ha) NTMR on its southeastern side that was
implemented in 1982 and has been maintained success-
fully since then (Appendix S1: Fig. S2; Alcala and Russ
2006). The use of destructive fishing techniques has been
banned around the entire island since 1986 (Alcala and

Russ 2006). Both the reserve and fished study sites at
this island were impacted by the 1998 bleaching event
(Russ et al. 2015c). The west-facing reserve site was
impacted by a tropical storm in early December 2010, by
Severe Tropical Storm Washi in late December 2011 and
by Super Typhoon Bopha in early December 2012 (Russ
et al. 2015c).
Sumilon island is a very small (23 ha) coral island

located off the major island of Cebu (Fig. 1). It has a
small (~40 ha) NTMR on its western side that was
implemented in 1974, but was subject to non-compli-
ance, including the use of highly destructive fishing tech-
niques such as explosives and drive nets (muro ami) in
1984 (Appendix S1: Fig. S2; Russ and Alcala 1998).
Unrestricted fishing, but mostly using techniques non-
destructive to the benthos, took place inside the reserve
area between 1992 and 1994, and hook and line fishing
was permitted in the reserve area from 1995 to 1998
(Alcala and Russ 2006) and from 2008 onward
(Appendix S1: Fig. S2; R. A. Abesamis and G. R. Russ,
personal observation). The reserve was affected by the
1998 coral bleaching event and a crown-of-thorns
(COTS) outbreak, possibly beginning as early as 1997
(Russ et al. 2015c). The effects of the 1998 bleaching/
COTS event were limited to the reserve site and did not
appear to affect the fished site, potentially due to lower
baseline levels of live hard coral cover at the fished site.
The fished site was closed to all fishing between 1987
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and 1991, and has been a hook and line fishing only site
since 2009 (Appendix S1: Fig. S2; Russ et al. 2015b). It
was impacted by Super Typhoon Bopha in December
2012 (Russ et al. 2015c).

Fishing at Apo and Sumilon islands

Apo and Sumilon islands are two of the best studied
coral reefs in the world in terms of long-term catch com-
position and fishery yields, dating back to 1974 (Alcala
et al. 2005, Abesamis et al. 2006). The coral reefs of Apo
and Sumilon are fished by subsistence fishers using
traps, gillnets, spear and hook and line. Fishery yields
averaging ~10–20 Mg�km�2�yr�1, some of the highest
fishery yields recorded from coral reefs globally, have
been reported consistently at these two islands for over
30 yr (Russ 1991, Alcala et al. 2005, Abesamis et al.
2006). A key reason for these exceptionally high fishery
yields is that the catch at both islands is dominated by
planktivores, principally fusiliers and planktivorous sur-
geonfish (Russ 1991, Russ and Alcala 1998, Abesamis
et al. 2006). Russ and Alcala (1998) also showed that
almost all reef fish families/trophic groups were caught
in similar proportion to their relative biomass on the
reef. Russ and Alcala (1998), based on a decade-long
study (1983–1993), concluded that this relatively non-se-
lective fishing at Apo and Sumilon was unlikely to mod-
ify trophic structure of the reef fish assemblage greatly.

Reef fish surveys

A total of 185 species in 13 trophic groups
(Appendix S1: Table S1) were counted in underwater
visual censuses (UVC) performed on SCUBA by the
same observer (G. R. Russ). Fish surveys were made in
six 1,000 m2 (50 9 20 m) replicates on the reef slope (3–
17 m in reserves, 9–17 m at fished sites) at each of the
four sites. The positions of the replicates were the same
every year, and surveys were performed at the same time
every year (November/December) almost annually
between 1983 and 2014 (Appendix S1: Fig. S2). Juveniles
(<5 cm total length [TL]) were not counted. Actual
counts (number/1,000 m2) were made for the duration
of the study for four trophic groups: generalist large
predators, piscivores, large benthic foragers, and obligate
corallivores.
To account for the high density of some small-bodied

reef fish, log4 abundance categories (category 1. 1 fish;
category 2, 2–4 fish; category 3, 5–16 fish; category
4, 17–64 fish; category 5, 65–256 fish; category 6, 257–
1,024 fish; category 7, 1,025–4,096 fish; category
8, 4,097–16,384 fish) were used to estimate density of
two trophic groups: omnivorous pomacentrids (dam-
selfish) and small planktivores. Estimates of density for
the other seven trophic groups were made using a mix-
ture of actual counts and abundance categories. Actual
counts were made for the duration of the study for crop-
pers and detritivores (except some species of small

surgeonfish from 1983 to 1998), sand feeders (except
parrotfish within this trophic group from 1983 to 1998),
small benthic foragers (except small wrasses from 1983
to 1998), and large planktivores (except fusiliers from
1983 to 1998). Actual counts were made for excavators
and scrapers (except for 1983–1998). Those groups not
counted directly from 1983 to 1998 (small surgeonfish,
parrotfish, small wrasses, fusiliers) had density estimated
in log4 abundance categories. From 1999 to 2014, all of
these groups were counted directly. When the log4 abun-
dance categories (1–8) were used to estimate density,
they were converted to “best estimates” of actual density
in different ways. For species with actual count data
from 1999 to 2014, these counts were placed into a Log4
abundance category. The mode of the frequency distri-
bution of actual counts within an abundance category
for the period 1999 to 2014 was used as the best estimate
of actual density in a Log4 abundance category for the
period 1983–1998. For omnivorous pomacentrids and
small planktivores, “best estimates” of density within an
abundance category were either the mid-point of the cat-
egory (Categories 1–6 = 1, 3, 10, 40, 160, and 640 fish
respectively) or the minimum within that category (Cate-
gories 7 and 8 = 1,025 and 4,097 fish, respectively).
Length estimates (to �5 cm TL) were made during

UVC throughout the study for generalist predators, pis-
civores, large benthic foragers (except goatfish), and
sand feeders (except parrotfish within this group), the
Naso (within the croppers), the Acanthurus (within the
detritivores), and the Acanthurus, Naso, and Aphareus
(within the large planktivores). Length estimates were
not made for species in the remaining six trophic groups.
For species lacking length estimates, a modal length was
assigned, based on extensive field observations. All fish
lengths (estimated directly or based on a modal length
for the species) were converted to fish biomass using
published length–mass relationships (Kulbicki et al.
2005). Numbers of fish and their individual weights were
converted to biomass per replicate at each site and year
of sampling. Each fish was then assigned to one of the
13 trophic groups (Appendix S1: Table S1), to produce
an estimate of biomass per trophic group per replicate,
site, and sampling year.

Benthic surveys

Benthic surveys were conducted in the same reef slope
areas as the fish surveys, and immediately following the
fish surveys. Between 1983 and 1998, benthos was
recorded using the point-intercept technique every
20 cm along a 50-m transect tape. Between six and nine
replicate benthic transects were conducted at each site in
each year. From 1999 to 2014, the 1,000 m2 (50 9 20 m)
of each replicate fish transect was subdivided into 10
10 9 10 m quadrats, and the cover of major benthic
components within each quadrat was estimated by eye
to the nearest 5%, while a structural complexity index
(SCI) was estimated on a relative scale from 0 to 4.
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Benthic cover and SCI were then averaged across the 10
quadrats to produce the percent cover and SCI for each
50 9 20 m replicate. The benthic categories reported in
this paper were consistent throughout the entire study
period (1983–2014): branching hard corals (CB), mas-
sive hard corals (CM), and encrusting hard corals (CE),
soft coral (SC), hard dead substratum (HDS), rubble
(R), sand (S), algal assemblage (AA), and other. CB,
CM, and CE cover were combined into one category for
live hard coral (HC) for this study. HDS, S, and R cover
were pooled into a single category, dead substratum
(DS) for this study. Values for the AA and “other” ben-
thic categories were extremely low (Russ et al. 2015c)
and are not reported further here.

Graphical presentations

Temporal trends in fish biomass and benthic cover are
presented graphically. Polynomials were fitted to fish
biomass and live hard coral (HC) cover to emphasize
trends over time at each site, in particular to highlight
where major changes to HC cover led to major changes
in fish biomass.

Data analysis

Collinearity between pairwise comparisons of benthic
variables (i.e., live hard coral [HC] and dead substratum
[DS]) was assessed prior to including each term in any
regression-based statistical analyses, as high levels of
collinearity will artificially cause one of the other colli-
near variables to appear strongly significant, while the
other appears non-significant in explanatory models.
When high levels of collinearity (r ≥ |0.60|) existed
between HC and DS, one of the variables was omitted
from further analyses (Zuur et al. 2007, 2013). Under
these criteria, DS was removed from analyses due to
collinearity with HC cover at both Apo (�0.78) and
Sumilon Island (�0.77). Structural complexity (SCI)
was measured on a spatial scale of 100 m2. At this scale
SCI not only accounted for benthic complexity caused
by HC cover, but also by larger structural features of reef
slopes, like caves and overhangs, that rarely change in
structure. For this reason we included only cover of HC
in our analyses, as SCI was much less sensitive to envi-
ronmental disturbances.
Linear mixed-effects models (LMEs) were used to

assess the effects of NTMR protection from fishing and
benthic composition (i.e., live hard coral cover, HC) on
reef fish biomass at both islands (Apo and Sumilon).
Fixed explanatory variables in each model were NTMR
protection status, time (duration of protection), the
interaction of NTMR protection status and time, and
live hard coral cover (HC). Replicate transects for each
year were included as a random factor to account for
spatial dependency. LMEs were conducted for each
trophic group and total reef fish biomass at each island
separately because of the strongly differing management

and disturbance histories at each island (Appendix S1:
Fig. S2). Additional LMEs were performed to assess
whether NTMR protection status, time, or the interac-
tion of the two had an influence on live hard coral cover
(HC). Due to the complex management history at Sumi-
lon Island (Appendix S1: Fig. S2), with alternating peri-
ods of protection and fishing of the “reserve” site, as well
as some intermittent protection of the “fished” site,
duration of protection of Sumilon reserve did not corre-
spond to chronological time. Thus, for data analysis,
each time protection of the reserve site was re-imple-
mented, it was treated as having duration of protec-
tion = 0, and each time fishing activities were re-
implemented, it was treated as having duration of (non)
protection = 0. All LMEs were built and fitted in R (R
Core Team 2017) using the nlme package (Pinheiro et al.
2017). Model fit was assessed using residual plots and
where necessary data were square-root transformed.
Spatial and temporal patterns in the biomass of reef

fish trophic groups were explored using non-metric mul-
tidimensional scaling (NMDS) based on Bray-Curtis
dissimilarities in which data were square-root trans-
formed to down-weigh higher biomass of certain groups.
Similarly, spatial and temporal patterns in HC and DS
cover, along with duration of NTMR protection, were
explored using NMDS based on Euclidean distances;
data were natural-log-transformed and normalized to
improve the spread of the data. Each NMDS was con-
ducted on mean fish biomass, percent cover, or duration
of NTMR protection at each site within each year (i.e.,
all replicate surveys were averaged within each site
within each year). NMDS analyses were performed in
PRIMERv7 (Clarke et al. 2014).
Relationships between the trophic structure of the reef

fish assemblage, benthic data, and duration of protec-
tion were assessed via the BEST (Bio-Env) routine in
PRIMER. Using a Spearman rank correlation, benthic
habitat and duration of NTMR protection and fish
assemblage matrices were compared, allowing identifica-
tion of the variable(s) that explained the greatest vari-
ance in trophic structure of the reef fish assemblage
(Clarke and Warwick 2001) with significance tested with
999 permutations. Three variables were considered: (1)
duration of NTMR protection (years), (2) live hard
coral cover (HC), and (3) dead substratum (DS) cover.

RESULTS

Effects of no-take marine reserve protection and fishing on
total reef fish biomass and live hard coral cover

No-take marine reserve protection is an experimental
manipulation of fishing at the two study islands. Detec-
tion of an NTMR effect requires a significant NTMR
status 9 time interaction in the LMEs (Table 1) coupled
with a clear visual divergence of the fish biomass (or
coral cover) trajectories between the NTMR and fished
site over time (Figs. 2 and 3). A direct NTMR effect
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TABLE 1. Parameter estimates for the linear mixed-effects (LME) models.

Response variable and effect

Apo Sumilon

Estimate SE df t P Estimate SE df t P

Generalist large predators
Intercept 0.383 0.153 222 2.506 0.013 0.459 0.14 238 3.273 0.001
Status �0.030 0.273 222 �0.111 0.912 0.308 0.136 238 2.266 0.024
Time �0.008 0.008 222 �1.061 0.290 0.02 0.008 238 2.318 0.021
Status 9 Time 0.025 0.012 222 2.199 0.029 0.029 0.011 238 2.614 0.01
HC 0.016 0.002 222 8.134 <0.001 �0.004 0.003 238 �1.036 0.301

Piscivores
Intercept 0.254 0.143 222 1.468 0.144 0.484 0.109 238 4.447 <0.001
Status 0.016 0.301 222 0.054 0.957 0.271 0.111 238 2.435 0.016
Time 0.004 0.009 222 0.049 0.621 0.032 0.007 238 4.529 <0.001
Status 9 Time 0.017 0.013 222 1.346 0.179 0.013 0.009 238 1.446 0.15
HC 0.009 0.002 222 4.518 <0.001 �0.001 0.002 238 �0.231 0.818

Large benthic foragers
Intercept 0.417 0.092 222 4.513 <0.001 0.669 0.036 238 18.762 <0.001
Status 0.414 0.169 222 2.453 0.015 �0.092 0.039 238 �2.375 0.018
Time 0.004 0.004 222 0.917 0.36 �0.002 0.002 238 �0.637 0.525
Status 9 Time �0.013 0.007 222 �1.747 0.082 0.004 0.003 238 1.238 0.217
HC �0.006 0.001 222 �4.956 <0.001 �0.0001 0.001 238 �0.133 0.895

Croppers
Intercept 0.569 0.057 222 10.032 <0.001 0.473 0.046 238 10.275 <0.001
Status 0.169 0.105 222 1.621 0.106 0.15 0.05 238 3.002 0.003
Time 0.002 0.003 222 0.782 0.435 �0.002 0.003 238 �0.766 0.444
Status 9 Time �0.007 0.004 222 �1.674 0.096 0.006 0.004 238 1.511 0.132
HC �0.001 0.001 222 �1.305 0.193 �0.003 0.001 238 �2.294 0.023

Detritivores
Intercept 6.132 0.285 222 21.539 <0.001 0.964 0.222 238 4.343 <0.001
Status �3.848 0.514 222 �7.488 <0.001 1.451 0.24 238 6.046 <0.001
Time �0.113 0.015 222 �7.57 <0.001 0.058 0.015 238 3.835 <0.001
Status 9 Time 0.105 0.022 222 4.845 <0.001 �0.101 0.02 238 �5.112 <0.001
HC �0.017 0.003 222 �4.505 <0.001 �0.004 0.006 238 �0.693 0.489

Excavators
Intercept 1.097 0.088 222 12.45 <0.001 1.332 0.111 238 12.021 <0.001
Status 0.666 0.161 222 4.147 <0.001 0.739 0.12 238 6.171 <0.001
Time 0.013 0.005 222 2.733 0.007 0.009 0.007 238 1.167 0.244
Status 9 Time �0.021 0.007 222 �3.074 0.002 �0.031 0.01 238 �3.163 0.002
HC �0.008 0.001 222 �6.792 <0.001 �0.008 0.003 238 �2.773 0.006

Scrapers
Intercept 1.132 0.085 222 13.276 <0.001 1.296 0.066 238 19.497 <0.001
Status 0.549 0.157 222 3.499 0.001 0.266 0.072 238 3.698 <0.001
Time 0.015 0.005 222 3.281 0.001 �0.005 0.004 238 �0.997 0.32
Status 9 Time �0.024 0.007 222 �3.649 <0.001 �0.01 0.005 238 �1.711 0.088
HC �0.005 0.001 222 �4.445 <0.001 �0.001 0.002 238 �0.481 0.631

Sand feeders
Intercept 0.606 0.125 222 4.857 <0.001 0.872 0.084 238 10.388 <0.001
Status �0.058 0.229 222 �0.252 0.801 �0.287 0.089 238 �3.229 0.001
Time 0.010 0.007 222 1.442 0.151 0.016 0.006 238 2.813 0.005
Status 9 Time 0.006 0.01 222 0.611 0.542 �0.028 0.007 238 �3.89 <0.001
HC �0.010 0.002 222 �6.195 <0.001 �0.003 0.002 238 �1.434 0.153

Small benthic foragers
Intercept 0.338 0.024 222 14.065 <0.001 0.784 0.027 238 29.298 <0.001
Status �0.061 0.043 222 �1.399 0.163 �0.279 0.028 238 �9.938 <0.001
Time �0.005 0.001 222 �3.939 <0.001 �0.013 0.002 238 �7.503 <0.001
Status 9 Time 0.004 0.001 222 2.309 0.022 0.009 0.002 238 3.804 <0.001
HC 0.0001 0.0003 222 0.336 0.738 �0.001 0.001 238 �1.549 0.123
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would be an increase in the fish biomass (or coral cover)
in the NTMR relative to the fished site over time. An
indirect NTMR effect on fish biomass would be a
decrease in the fish biomass in the NTMR relative to the
fished site over time, possibly caused, for example, by
the increase in biomass in the NTMR of a predator or
competitor of the fish group in question. An indirect
NTMR effect on coral cover could be due to a direct or
indirect NTMR effect on biomass of benthic feeding fish
that precedes a positive or negative change in coral
cover. Note that lack of direct NTMR effects reduces the
chances of indirect NTMR effects. By these criteria,
direct NTMR effects were detected at both islands for
total fish biomass but not for coral cover (Fig. 2). At
Apo Island, the direct NTMR effects on total fish

biomass were likely caused by long-term decline at the
fished site relative to the NTMR site (Fig. 2a). The
direct NTMR effects on total fish biomass were much
clearer at Apo than at Sumilon Island (Fig. 2a). A clear
divergence of the NTMR and fished trajectories for total
fish biomass was not detected until 13–14 yr of protec-
tion at Sumilon, after which biomass in both NTMR
and fished sites declined from 15 to 20 yr of protection
(Fig. 2a).
There was no visual evidence that NTMR protection

or fishing had a direct or indirect effect on live hard
coral cover (HC) (Fig. 2b), despite significant NTMR
status 9 time interactions at both islands (Table 1). At
Apo Island, HC increased slightly during the first 15 yr
of NTMR protection (1983–1997), before declining

TABLE 1. (Continued)

Response variable and effect

Apo Sumilon

Estimate SE df t P Estimate SE df t P

Obligate corallivores
Intercept 0.047 0.031 222 1.504 0.134 0.328 0.023 238 14.186 <0.001
Status �0.168 0.057 222 �2.943 0.004 �0.098 0.022 238 �4.466 <0.001
Time 0.006 0.002 222 3.605 <0.001 �0.005 0.001 238 �3.805 <0.001
Status 9 Time 0.002 0.002 222 0.817 0.415 0.01 0.001 238 4.878 <0.001
HC 0.003 0.0004 222 6.358 <0.001 0.001 0.001 238 1.415 0.159

Omnivorous pomacentrids
Intercept 0.930 0.031 222 29.92 <0.001 1.135 0.057 238 19.999 <0.001
Status 0.113 0.056 222 2.018 0.045 �0.313 0.061 238 �5.094 <0.001
Time �0.003 0.001 222 �1.783 0.076 �0.02 0.004 238 �5.146 <0.001
Status 9 Time �0.009 0.002 222 �3.927 <0.001 0.015 0.005 238 2.985 0.003
HC �0.001 0.0004 222 �1.425 0.156 0.006 0.001 238 4.114 <0.001

Large planktivores
Intercept 3.267 0.296 222 11.022 <0.001 4.712 0.315 238 14.946 <0.001
Status �0.276 0.485 222 �0.57 0.569 �0.756 0.324 238 �2.333 0.021
Time �0.067 0.014 222 �4.795 <0.001 �0.074 0.02 238 �3.651 <0.001
Status 9 Time 0.076 0.021 222 3.709 <0.001 0.086 0.027 238 3.217 0.002
HC 0.015 0.004 222 4.307 <0.001 �0.002 0.008 238 �0.273 0.785

Small planktivores
Intercept 1.453 0.082 222 17.742 <0.001 1.187 0.059 238 20.282 <0.001
Status 0.19 0.15 222 1.262 0.208 0.727 0.063 238 11.606 <0.001
Time �0.014 0.004 222 �3.157 0.002 �0.009 0.004 238 �2.209 0.028
Status 9 Time �0.004 0.006 222 �0.638 0.524 �0.019 0.005 238 �3.726 <0.001
HC 0.009 0.001 222 8.635 <0.001 0.001 0.002 238 0.804 0.422

Total biomass
Intercept 5.117 0.222 222 23.013 <0.001 5.804 0.267 238 21.737 <0.001
Status �0.382 0.362 222 �1.057 0.292 �0.009 0.272 238 �0.035 0.972
Time �0.061 0.011 222 �5.784 <0.001 �0.048 0.017 238 �2.801 0.006
Status 9 Time 0.065 0.015 222 4.222 <0.001 0.049 0.022 238 2.209 0.028
HC 0.013 0.003 222 4.84 <0.001 �0.006 0.007 238 �0.819 0.414

Hard coral
Intercept 0.978 0.467 223 2.087 0.038 20.677 2.078 239 9.95 <0.001
Status 0.942 0.646 223 13.838 <0.001 11.566 2.421 239 4.778 <0.001
Time 0.219 0.021 223 10.536 <0.001 �0.413 0.157 239 �2.635 0.009
Status 9 Time �0.377 0.029 223 �13.15 <0.001 0.47 0.206 239 2.284 0.023

Notes: Shown are effect size estimates, standard errors, degrees of freedom (df), t values, and associated P values for predictors
of biomass of each individual trophic group, total biomass, and hard coral cover at Apo and Sumilon Islands. Status effects are rela-
tive to fished areas. P values in boldface type are significant at the 0.05 level.
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sharply after 26 yr of NTMR protection (Fig. 2b). At
the Apo fished site, HC cover was low (~10–15%) and
stable from 1983 to 1997, then increased steadily for the
next 15 yr (1999–2014) (Fig. 2b). At Sumilon Island,
HC cover was higher in the NTMR than in the fished
site from the outset, with the largest divergence of the
HC trajectories from 15 to 20 yr of NTMR protection
(Fig. 2b).
Sumilon NTMR had a very dynamic history of protec-

tion from fishing (Appendix S1: Fig. S2). NTMR protec-
tion was interrupted by two bouts of fishing, each of

three years duration (1984–1986 and 1992–1994; black
arrows in Fig. 2c, upper panel). After almost a decade
of effective protection from fishing (1974–1983, see
Appendix S1: Fig. S2) Sumilon NTMR was opened to
fishing and fished intensively with explosives, drive nets,
traps, hook and line, spears, and gill nets between 1983
and 1985 (Fig. 2c, upper panel). Total reef fish biomass
almost halved in just two years (1983–1985) due to this
intensive fishing that used techniques (explosives, drive
nets) destructive to the benthos (Fig. 2c, upper panel).
Fishing was again banned in Sumilon NTMR from 1987
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to 1991, and total reef fish biomass increased markedly
(Fig. 2c, upper panel), before declining again when fish-
ing occurred from 1992 to 1994 (Fig. 2c, upper panel).
Only line fishing was permitted in Sumilon NTMR from
1995 to 1998, after which all fishing was banned from
1999 to 2008 (Fig. 2c, upper panel). From 1995 to 2008
total reef fish biomass increased markedly to levels seen
in 1983 (after almost a decade of protection from fish-
ing), before declining again from 2009 to 2014, likely
associated with the re-introduction of hook and line fish-
ing from 2008 onward (R. A. Abesamis and G. R. Russ,
personal observation; gray “fishing restricted” arrow in
2008 in Fig. 2c, upper panel; Appendix S1: Fig. S2). The
Sumilon fished site also had changes to fishing regula-
tions during the study (Appendix S1: Fig. S2; Fig. 2c,
lower panel). All fishing was banned at this site from
1987 to 1991, leading to a strong increase in total fish
biomass during this 5-yr period (Fig. 2c, lower panel).
When fishing reopened at this site in 1992 (black arrow
in Fig. 2c, lower panel), reef fish biomass declined
(Fig. 2c, lower panel). Fishing was restricted to hook
and line only at the Sumilon fished site in 2009 (Fig. 2c,
lower panel), but this had little effect on total fish bio-
mass, which actually declined to the lowest levels seen in
31 yr (Fig. 2c, lower panel).

Direct effects of NTMR protection on trophic components
of the reef fish biomass

Direct NTMR effects were detected at both islands for
only two of the 13 trophic components of reef fish

biomass, large generalist predators, and large plankti-
vores (Fig. 3, Table 1; see Appendix S1: Figs. S3, S4 for
NTMR effects for all 13 trophic components). A third
trophic group, piscivores, displayed visual evidence of
increase in biomass in the NTMR relative to the fished
site over time, but no significant NTMR status 9 time
interaction at both islands (Fig. 3, Table 1). Large gen-
eralist predators, and piscivores, increased in biomass in
the NTMRs relative to the fished sites over time at both
islands (Fig. 3). Large planktivores (mostly fusiliers and
surgeonfish), usually dominated total reef fish biomass,
with this trophic group often accounting for more than
50% of reef fish biomass at most sites and times
(Appendix S1: Fig. S5; compare y-axis scales for large
planktivores in Fig. 3 with total fish biomass in Fig. 2a).
At Apo Island, in contrast to generalist large predators
and piscivores, the direct NTMR effect on large plankti-
vores appears to have been due to long-term decline at
the fished site relative to the NTMR site (Fig. 3). The
direct NTMR effects on large planktivores were much
clearer at Apo than at Sumilon Island (Fig. 3). A diver-
gence of the NTMR and fished trajectories of large
planktivores was not clear until 13–14 yr of protection
at Sumilon, after which biomass in both the NTMR and
fished site declined at 15–20 yr of protection (Fig. 3).

Indirect effects of NTMR protection on trophic
components of reef fish biomass

Just 3 of 13 trophic groups showed limited evidence of
possible indirect NTMR effects (long-term decline in
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biomass in NTMR relative to fished site, associated with
long-term increase in predators in NTMR; significant
NTMR status 9 time interaction), omnivorous poma-
centrids at Apo (Table 1; Appendix S1: Figs. S3, S4),
and small planktivores and excavators at Sumilon
(Table 1; Appendix S1: Figs. S3, S4). Patterns of change
of biomass in the NTMR relative to the fished site for
these three groups at these particular islands seem con-
sistent with expectations of a true indirect NTMR effect,
that is, green and blue lines converge, rather than
diverge, over time and there is a significant NTMR sta-
tus 9 time interaction. It is possible that all three of
these trophic groups are common prey of large generalist
predators and piscivores that increased in biomass over
time in both NTMRs (Fig. 3).

Brief history of environmental disturbances to the benthos

Throughout the 31-yr study, both Apo and Sumilon
NTMRs and fished sites were affected by a number of
environmental disturbances (Appendix S1: Fig. S2; red
brackets under x-axis in Fig. 4). Between 1983 and
1985, a breakdown in protection at the Sumilon NTMR
led to a use of destructive fishing techniques (explosives,
drive nets) that reduced live hard coral cover (HC) by
50%, and substantially increased cover of dead

substratum (sand, rubble, and hard dead substratum;
Fig. 4). Cover of HC recovered after this event in Sumi-
lon NTMR from 1988 to 1995 (Fig. 4). Coral bleaching
in 1998 reduced HC and increased cover of dead sub-
stratum substantially at two of the four study sites (Apo
NTMR, Sumilon NTMR) (Fig. 4). The reduction of
HC cover at Sumilon NTMR in 1998 was also associ-
ated with a crown-of-thorns starfish outbreak. HC cover
increased substantially for �10 yr in both NTMRs fol-
lowing the 1998 bleaching event (Fig. 4). At the Apo
fished site, the 1998 coral bleaching event killed soft cor-
als, which had been the dominant benthic cover for the
previous 15 yr (Russ and Leahy 2017). This bleaching
event caused a marked shift at the Apo fished site from a
soft coral-dominated benthos to one dominated by hard
corals (mostly Acropora), with HC increasing from 15%
in 1997 to 70% cover in 2014 (Fig. 4). HC cover again
declined substantially within the Apo NTMR when a
storm (2010) and two typhoons (2011, 2012) affected the
benthos (Fig. 4). These major environmental distur-
bance events resulted in HC cover dropping in the Apo
NTMR from �60% to ~1% from 2009 to 2012–2014
(Fig. 4). After the storm and typhoons, the reef slope of
the Apo NTMRwas dominated by dead substratum (co-
ral rubble and sand). The Sumilon fished site was also
impacted by the same typhoon in 2012, reducing HC
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cover by more than 70% (from 18% to <5%; Fig. 4).
Four of six replicates at this site became almost 100%
covered with sand that cascaded down the reef slope
from the shallows, smothering live corals.

Relationships between total reef fish biomass and live hard
coral cover over time

Strong evidence for effects of cover of live hard corals
(HC) on reef fish biomass was taken to be visual changes
in fish biomass following change in cover of HC
(Figs. 4–6) and a significant HC effect in the LMEs
(Table 1). The latter statistical test, integrated over the
entire 31 yr of study, was, however, sometimes insensi-
tive to some very clear short-term and long-term
changes in HC cover that led to subsequent changes in
fish biomass, particularly at Sumilon Island. Thus, we
also used clear visual changes in fish biomass following
change in HC cover, but no significant effect of HC in
the LMEs, as a medium level of evidence for effects of
HC cover on fish biomass.
At the Apo NTMR site, total reef fish biomass

declined due to coral bleaching in 1998 (Fig. 4),
recovered for the next decade (1999–2009), and then
declined sharply from 2010 onward due to a storm
(2010) and two typhoons (2011–2012) that reduced

HC from ~60% to ~1% cover (Fig. 4). The Apo
fished site had relatively low HC cover from 1983 to
1997, but a clear monotonic increase in HC cover
from 1998 to 2014 from ~15% to almost 70% (Fig. 4).
Total fish biomass was positively and significantly
related to HC cover at Apo Island (Table 1), but at
the Apo fished site the total fish biomass was stable
to declining as HC increased from 1998 to 2014
(Fig. 4, Table 1). At Sumilon Island, total fish bio-
mass was not significantly related to HC cover statis-
tically (Table 1). Total fish biomass at Sumilon
NTMR had a sharp decline from 1983 to 1985, likely
caused by the direct effect of destructive fishing con-
founded with reduction in HC cover (Fig. 4). Total
fish biomass at Sumilon NTMR recovered somewhat
from 1985 to 1994 as HC recovered (Fig. 4). Total
fish biomass at Sumilon NTMR declined when HC
cover declined due to the coral bleaching/COTS event
in 1998 (Fig. 4), recovered as HC recovered during
the period 1999–2013 (Fig. 4), before declining again
late in the study (Fig. 4). At the Sumilon fished site,
just one of the two major disturbance events had a
clear effect on total biomass of reef fish, the typhoon
in 2012 (Fig. 4). This typhoon reduced HC cover sub-
stantially and led to a decrease in total biomass in
2012 (Fig. 4).
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Relationships between trophic components of the reef fish
biomass and live hard coral cover over time

Six of 13 trophic groups of reef fish had largely posi-
tive relationships with live hard coral (HC) cover: gener-
alist large predators, large planktivores, piscivores, and
obligate corallivores (all shown in Fig. 5), and small
planktivores and omnivorous pomacentrids (both shown
in Appendix S1: Figs. S6–S9). HC cover at Apo Island
affected biomass of all six of these trophic groups signifi-
cantly and positively (Table 1). Only omnivorous poma-
centrids had a statistically significant positive
association with HC cover at Sumilon Island (Table 1).
At the Apo NTMR site, biomass of generalist large

predators and large planktivores declined as HC cover
declined due to coral bleaching in 1998 (Fig. 5). Biomass
of generalist large predators, large planktivores, pisci-
vores and obligate corallivores all increased as HC
recovered for the next decade (1999–2009) at the Apo
NTMR, and then declined sharply from 2010 onward
due to a storm (2010) and two typhoons (2011–2012)
that reduced HC from ~60% to ~1% cover (Fig. 5).
Small planktivores also declined sharply in biomass due
to the storm and typhoons (2010–2012) at Apo NTMR
(Appendix S1: Fig. S6).
The Apo fished site had relatively low HC cover from

1983 to 1997, but a clear, monotonic increase in HC
cover from 1998 to 2014 from ~15% to almost 70%
(Fig. 5). Generalist large predators, piscivores and obli-
gate corallivores all showed long-term (15 yr), signifi-
cant increases in biomass from 1998 to 2014 (Fig. 5,
Table 1). Biomass of large planktivores was positively
and significantly related to HC cover at Apo Island
(Table 1), but at the Apo fished site the biomass of these
fish was stable to declining as HC cover increased from
1998 to 2014 (Fig. 5, Table 1).
At Sumilon NTMR, biomass of large generalist large

predators, large planktivores, piscivores, and obligate
corallivores (all shown in Fig. 5) and small planktivores,
croppers, and omnivorous pomacentrids (all shown in
Appendix S1: Fig. S8) all declined sharply from 1983 to
1985 due to the destructive fishing event. Biomass of
large planktivores (Fig. 5), obligate corallivores (Fig. 5),
and omnivorous pomacentrids (Appendix S1: Fig. S8)
all recovered in biomass somewhat from 1985 to 1994 as
HC recovered. In contrast, the biomass of generalist
large predators and piscivores did not recover until HC
had recovered during the period 1999–2013 (Fig. 5). Pis-
civores, large planktivores, obligate corallivores (all
Fig. 5), and croppers and omnivorous pomacentrids
(both Appendix S1: Fig. S8) had small but detectable
drops, or an asymptote, in biomass when HC declined
due to the coral bleaching/COTS event in 1998 (Fig. 5).
Most of these trophic groups then recovered biomass as
HC recovered during the period 1999–2013 (Fig. 5).
At the Sumilon fished site, just one of the two major

disturbance events had a clear effect on biomass of reef
fish: the typhoon in 2012 (Fig. 5). This severe

environmental disturbance to the benthos decreased bio-
mass of generalist large predators, large planktivores,
piscivores, and obligate corallivores (all shown in Fig. 5)
and small planktivores, omnivorous pomacentrids, and
small benthic foragers (all shown in Appendix S1:
Fig. S9).
Five of 13 trophic groups of reef fish had largely nega-

tive relationships with live hard coral cover (HC): detriti-
vores, large benthic foragers, excavators, scrapers (all
shown in Fig. 6), and sand feeders (Appendix S1:
Figs. S6–S9). All of these groups had statistically signifi-
cant negative relationships with HC cover at Apo Island
(Table 1). Only excavators had a significantly negative
relationship with HC cover at Sumilon Island (Table 1).
At Apo NTMR, excavators and scrapers (both parrot-

fish) increased in biomass following the coral bleaching
(1998) and storms/typhoons (2010–2014), and decreased
in biomass as HC cover increased (1983–1997 and 1999–
2009; Fig. 6, Table 1). Large benthic foragers (Fig. 6),
detritivores (Fig. 6), and sand feeders (Appendix S1:
Fig. S6) all increased sharply in biomass following the
reduction in HC due to storms and typhoons (2010–
2014; Fig. 6, Table 1).
At the Apo fished site, detritivores, large benthic for-

agers and excavators (all shown in Fig. 6 and Table 1),
and sand feeders (Appendix S1: Fig. S7), all showed
long-term, significant declines in biomass as HC cover
increased, particularly from 1999 to 2014 (Fig. 6,
Table 1). Scrapers had a significant negative association
with HC at Apo Island (Table 1) but at best maintained
biomass as HC cover increased from 1999 to 2014 at the
Apo fished site (Fig. 6).
At Sumilon NTMR, detritivores, excavators, and

scrapers increased in biomass almost immediately, or a
few years after, the destructive fishing event in 1984,
likely due to the reduction in HC cover (and subsequent
increase in cover of dead substrata; Fig. 6). Detritivores,
large benthic foragers, excavators, scrapers (all shown in
Fig. 6), and sand feeders (Appendix S1: Fig. S8) all
decreased in biomass as HC recovered in Sumilon
NTMR from 1988 to 1994. The similar temporal oscilla-
tions in HC cover and biomass of detritivores, excava-
tors, scrapers (all shown in Fig. 6), and sand feeders
(Appendix S1: Fig. S8) at Sumilon NTMR are inter-
preted as delayed responses of fish groups to changes in
HC cover. Increases in biomass of these groups often
occurred several years after decline in HC cover, and
decreases in biomass often occurred gradually as HC
recovered (Fig. 6).
At the Sumilon fished site, just one of the two

major disturbance events had a clear effect on bio-
mass of reef fish, the typhoon in 2012 (Fig. 6). Detri-
tivores, large benthic foragers (both shown in Fig. 6),
and sand feeders (Appendix S1: Fig. S9) increased in
biomass in response to this disturbance. It is notewor-
thy that parrotfish (scrapers, excavators) did not
increase in biomass in response to the typhoon in
2012 (Fig. 6), since the benthos became dominated by
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a substratum not generally favorable to feeding by
these groups: sand.

Assemblage structure of benthos and reef fish

The benthic and fish assemblages were distinct at all
sites from the outset, and remained so for most of the
31 yr, despite large differences among sites in fishing
pressure and disturbance history (Fig. 7). In the first
15 yr of the study (1983–1998), the two NTMRs had
higher cover of live hard coral (HC) than their paired
fished sites, which tended to have higher cover of dead

substrata (DS; Fig. 7a). Substantial shifts in HC cover
occurred at three sites during the study. At the Apo
fished site, HC cover went from ~15% in 1997 to ~70%
in 2014 (Fig. 4) following the 1998 coral bleaching event
that killed most of the dominant benthos (soft corals),
allowing branching Acropora corals to become domi-
nant over the next 15 yr (Russ and Leahy 2017). HC
cover at both the Apo NTMR and the Sumilon fished
site declined very sharply due to the effects of typhoons
in 2012 (circled outliers in Figs. 4, 7a).
As was the case for benthos, the trophic structure of

the fish assemblages remained distinct at each site except
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when typhoons affected the Apo NTMR and the Sumi-
lon fished site (ellipses in Fig. 7b). The fish assemblage
at the Sumilon NTMR shifted following the opening of
the NTMR to fishing in 1984 (cluster of three outliers in
Fig. 7b) and 1992 (cluster of two outliers in Fig. 7b). In
general, NTMRs were characterized by biomass of gen-
eralist large predators, piscivores, obligate corallivores,
large and small planktivores, and croppers (Fig. 7b),
whereas fished sites were characterized by biomass of
detritivores, scrapers, excavators, small and large benthic
foragers, sand feeders, and omnivorous pomacentrids
(Fig. 7b). The division of the fish assemblages between
NTMRs and fished sites largely reflected the fact that
NTMRs had high HC cover and fished sites high DS
cover (compare Fig. 7a, b). The BEST BIO-ENV rou-
tine identified the benthic habitat (HC or DS), or dura-
tion of protection factor(s), that explained the greatest
variation in trophic structure of the reef fish assemblage
(Table 2). Duration of protection from fishing and live
hard coral (HC) cover combined explained 35.9% of the
variance in the fish assemblage structure (q = 0.359,
P = 0.01; Table 2). Models that included only one of the
three variables (fishing, HC, DS) indicated that HC
cover alone accounted for 29.8% of the variance in fish
assemblage structure, DS cover alone accounted for
26.8%, and duration of protection from fishing alone
just 24.1% (Table 2).

DISCUSSION

The biomass of only 2 of 13 trophic groups of reef fish
was affected significantly and clearly by fishing in this
study (Table 3). The generalist large predators and large
planktivores both had clear direct effects of no-take
marine reserve (NTMR) protection at both islands. A
third trophic group, the piscivores, appeared to build up
inside the NTMRs over time (10–15 yr) at each island
relative to the fished areas, but this result was not sup-
ported statistically. In contrast, the biomass of 11 of 13
trophic groups showed clear evidence of either positive
(n = 6) or negative (n = 5) association with cover of live
hard coral (HC) (Table 3). These results are consistent

with findings from these Philippine islands that the den-
sity of some types of reef fish have a strong positive asso-
ciation with HC cover (butterflyfish, damselfish,
snappers, emperors, and fusiliers; Russ et al. 2015b,
2017a, Russ and Leahy 2017), while density of other
types of reef fish have a strong negative association with
HC cover (goatfish, parrotfish, and some species of
wrasses and surgeonfish; Russ et al. 2015a, c, 2017b,
2018). These associations of fish with benthos were most
clear following environmental disturbances (e.g., coral
bleaching, typhoons) that reduced HC cover, often
quickly (1–2 yr), or following gradual (5–10 yr) recovery
of HC. The trophic structure of the reef fish assemblage
was more strongly affected by HC cover than by protec-
tion from fishing by NTMRs. These results suggest that
HC cover was a greater short-term ecological driver of
biomass of the various trophic groups of reef fish than
fishing.
A caveat is required that benthic cover was a stronger

driver of biomass of many trophic groups of fish than
was fishing. The study likely underestimates the effects
of fishing for several reasons. First, the coral reefs of the
Philippines have been fished heavily for a very long time.
Thus, some trophic groups, including upper-level

TABLE 2. Variance explained (%) of fish assemblage structure
by the BEST BIO-ENV routine for biomass of reef fish
trophic groups.

Variables
No.

variables
Variance

explained (%)

Years protected + HC 2 35.9
Years protected + HC + DS 3 35.7
Years protected + DS 2 32.9
HC + DS 2 30.6
HC 1 29.8
DS 1 26.8
Years protected 1 24.1

Notes: DS, dead substrate; HC, hard coral. All models are
shown with the top model in boldface type.

TABLE 3. Trophic groups whose biomass was affected
significantly by No-Take Marine Reserve (NTMR)
protection and/or cover of live hard coral (HC).

Trophic group

Direct positive
NTMR effect

(no. islands with :
without NTMR

effect)

Live HC
effect (no. sites
with + : � : neu-
tral HC effect)

Generalist large
predators

2:0 4:0:0

Large planktivores 2:0 3:0:1
Piscivores 0:2† 4:0:0
Obligate corallivores 0:2 4:0:0
Small planktivores 0:2 4:0:0
Omnivorous
pomacentrids

0:2 3:0:1

Small benthic
foragers

0:2 2:2:0

Croppers 0:2 1:1:2
Detritivores 0:2 0:4:0
Sand feeders 0:2 0:4:0
Large benthic foragers 0:2 0:4:0
Excavators 0:2 0:3:1
Scrapers 0:2 0:3:1
Total biomass 2:0 3:0:1
Proportion of
clear effects

2 of 13
trophic
groups

11 of 13
trophic
groups

Notes: Ratios in column two show the number of islands
(Sumilon, Apo) with : without a significant, direct NTMReffect
on biomass of the trophic group. Ratios in column three show
the number of sites (Sumilon NTMR, Sumilon Fished, Apo
NTMR, Apo Fished) with a positive : negative : neutral effect
of live hard coral cover on the biomass of the trophic group.
†An effect that was statistically not significant but was visually

clear.
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predators like sharks and large groupers, were likely
depleted before the study began. Second, only one of
two NTMRs, Apo, was fully no-take for the entire study
(Appendix S1: Fig. S2). Thus, the study may well have
underestimated the strength of the top-down effects of
fishing and natural levels of predators on reef fish assem-
blages. On the other hand, the dynamic history of fishing
being switched on and off in the Sumilon NTMR and
the Sumilon Fished site (Appendix S1: Fig. S2) during
the study showed clearly how fishing can affect total reef
fish biomass (Fig. 2c; Appendix S1: Fig. S5), and to a
much lesser extent trophic structure of the reef fish
assemblage (Fig. 7; Appendix S1: Fig. S5).
Estimates of coral reef fish biomass (Fig. 2;

Appendix S1: Fig. S5) at the four sites over the three
decades of study compare well with those reported for
45 coral reef reserves globally (MacNeil et al. 2015). This
meta-analysis suggested that median coral reef fish bio-
mass ranged from ~15 kg/1,000 m2 for 0 years of
NTMR protection, up to ~60 kg/1,000 m2 for 30 yr of
NTMR protection (Fig. 1b of MacNeil et al. 2015). In
the present study, minima at the two fished sites were
12–18 kg/1,000 m2, with maxima around 40–50 kg/
1,000 m2 for 15–20 yr of NTMR protection at Sumilon
and Apo Islands (Fig. 2). A maximum of ~60 kg/
1,000 m2 was recorded at the Sumilon fished site in 1991
after just 5 yr of protection from fishing (Appendix S1:
Fig. S5). Thus, the estimates of coral reef fish biomass in
this study are representative of those reported globally.
Furthermore, at conservative estimates of published
mean annual catch of ~10 (Apo) and ~15 (Sumilon)
Mg�km�2�yr�1 (Russ 1991, Alcala et al. 2005, Abesamis
et al. 2006), approximate harvest rates of the entire reef
fish assemblage, based on estimates of fish biomass in
Appendix S1: Fig. S5 in the fished sites of this study, are
52% at Apo and 50% at Sumilon. Most fishery scientists
would consider such harvest rates of a multispecies
assemblage high, or on the limits of sustainability
(Worm et al. 2009).
High fishery yields over long periods have been

achieved at Sumilon and Apo Islands, likely because the
majority of the reef fish biomass and catch are plankti-
vores (Appendix S1: Fig. S5; Russ 1991; Russ and Alcala
1998). Many species of planktivorous coral reef fish have
high rates of growth, natural mortality, and recruitment,
breed early in life, and are thus capable of sustaining
intense fisheries (Polunin 1996, Russ et al. 2017a). The
high biomass and yield suggest a major role of plank-
tivory in the trophodynamics of these coral reefs. Plank-
tivory has likely been underestimated as a
trophodynamic process on many coral reefs, particularly
on reef slopes (Hobson and Chess 1978, Russ 1991, Pol-
unin 1996, Gove et al. 2016). The “classic” food chain
thought to be the major basis of secondary production
of coral reef fishes (benthic algae to herbivores to carni-
vores; e.g., Odum and Odum 1955, Hatcher 1988) may
not apply strictly to a large number of coral reefs glob-
ally. The traditional explanation for “Darwin’s Paradox”

of 1842, how can such small standing biomass of food
support so many animals on coral reefs? (Darwin 1842,
Steneck et al. 2017), is very high production/biomass
ratios of turf algae (Hatcher 1988) and the existence of
symbiotic zooxanthellae in corals (Stanley and Swart
1995). An additional part of the explanation may be
planktivory, supported by external inputs of nutrients
and plankton (Russ 1991, Polunin 1996, Gove et al.
2016).
The dominance of the reef fish biomass and fishery

catch by planktivores at Sumilon and Apo Islands con-
trasts with the small biomass and catch of true herbi-
vores (Russ and Alcala 1998, Abesamis et al. 2006). True
herbivores in this study are the croppers, which consist
of some species of Acanthurus, Naso, Siganus, and
Zebrasoma (Appendix S1: Table S1). Note that parrot-
fish (scrapers, excavators, and some sand feeders in this
study) have recently been identified as microphagous
feeders that target epilithic and endolithic cyanobacteria
and other protein-rich autotrophic microorganisms (Cle-
ments et al. 2017), and thus are not true herbivores in
the sense that they target their feeding on multicellular
algae. The dominance of planktivores, and the modest
biomass of true herbivores in the reef fish assemblage,
combined with the relatively non-selective nature of the
reef fishery at Sumilon and Apo islands (Russ and
Alcala 1998), suggests that fishing, even at relatively
high harvest rates (~50%), is unlikely to cause shifts in
the relative abundance of trophic groups within the reef
fish assemblage, and thus unlikely to cause “trophic cas-
cades” that could subsequently reduce herbivory and
thus affect the benthos. The evidence that protection
from fishing in NTMRs at Sumilon and Apo Islands
affected benthic cover (hard coral cover in this study;
hard coral and macroalgal cover in Russ et al. 2015c) on
decadal scales was virtually nonexistent. In fact, the
long-term experimental evidence that NTMRs can alter
abundance of “herbivorous” reef fish such as parrotfish,
and that this subsequently reverses benthic phase shifts
from macroalgal to coral dominance in NTMRs, is sur-
prisingly equivocal (Aronson and Precht 2006, 2016,
Bruno et al. 2009, 2019).
The effects of fishing can act at the level of popula-

tions and communities. Furthermore, effects of fishing
can operate directly on populations and communities by
removal of individuals, or indirectly if fishing techniques
modify fish habitats or predatory and competitive inter-
actions (Russ 1991, Jennings and Polunin 1996).
NTMRs are proposed as a potential mechanism to
reverse these direct and indirect effects of fishing on pop-
ulations and communities of fish (Dayton et al. 2000,
Sale et al. 2005). The focus of this paper is on the effects
of fishing on the trophic structure of coral reef fish com-
munities (assemblages) and if such effects result in
“trophic cascades” and subsequent benthic change.
Effects of fishing on the trophic structure of coral reef
fish assemblages will depend on at least four main fac-
tors: degree of targeting, harvest rate, and turnover rate
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of each trophic group, and the strength of connections
among trophic groups. Most of the early reviews of this
subject (Russ 1991, Jennings and Polunin 1996) sug-
gested high targeting and harvest rates of a relatively
slow turnover trophic group: the predators. The effect
such fishing had on lower trophic groups, particularly
herbivorous reef fish, was suggested to be potentially
high (Jennings and Polunin 1996), that is, a strong con-
nection between predators and herbivores was hypothe-
sized. Some empirical and modeling studies support the
hypothesis that fishing of top predators can alter trophic
structure of coral reef fish assemblages (Graham et al.
2017, Houk et al. 2018). However, empirical evidence for
strong effects of fishing on top predators that results in
measurable changes to the trophic structure of coral reef
fish assemblages remains surprisingly equivocal (Jen-
nings and Polunin 1996, Russ and Alcala 1998, Planes
et al. 2005, Emslie et al. 2015, Rizzari et al. 2015, Rup-
pert et al. 2017). This is despite predation being known
to be an important process affecting the structure of
coral reef fish assemblages (Hixon 1991).
Reducing biomass of predators by fishing should

reduce predation on herbivores, resulting in greater bio-
mass of herbivores, and thus increased herbivory. A
related idea, derived from global fisheries, was that fish-
ing first depleted upper trophic levels and then shifted to
target lower and lower trophic levels over time (“fishing
down marine food webs”; Pauly et al. 1998). The evi-
dence that fishing alters the trophic structure of coral
reef fish assemblages significantly, to the extent that it
can indirectly alter the benthos, remains an open ques-
tion. Recent literature now emphasizes that human
activities can affect trophic structure of coral reef fish
assemblages from both “top-down” (e.g., fishing) and
“bottom-up” (degradation of coral reef benthos, with
benthos serving as shelter and food for reef fish) pro-
cesses (Graham et al. 2015, 2020, Russ et al. 2015c, Rup-
pert et al. 2017).
A major shift in the perceived significance of effects of

fishing on the trophic structure of coral reef fish assem-
blages occurred in the early 1990s, when intense fishing
directly for herbivorous reef fish (Done 1992, Hughes
1994), or for herbivorous and urchin-feeding reef fish
(Hughes 1994, McClanahan and Mutere 1994), was
implicated in reductions in grazing pressure by herbi-
vores and thus semipermanent changes of benthos from
coral to algal dominance (benthic “phase shifts”). Thus,
the necessary condition for fishing to affect benthos
required that fishing, having initially reduced predators,
then switched to targeting herbivores (Hughes 1994).
Fishing of herbivorous coral reef fish, resulting in
“trophic cascades” and “benthic phase shifts” from coral
to algal dominance, became a dominant paradigm in
coral reef ecology (Hughes 1994, McClanahan and
Mutere 1994, Jackson et al. 2001, 2014, Bellwood et al.
2004, Mumby et al. 2006, Mumby and Steneck 2008).
The idea that fishing of herbivorous coral reef fish
caused benthic change became so deeply ingrained in the

literature that few authors pointed out that, not just tar-
geting of herbivores, but very high harvest rates on her-
bivores, would likely be required to reduce grazing rates
to a level required to cause benthic phase shifts. A
trophic decimation of herbivores, as opposed to a
trophic cascade, would likely be required to lead to ben-
thic phase shifts. Such ideas led to suggestions that
thresholds or tipping points of reef fish biomass, particu-
larly biomass of herbivorous coral reef fish, existed
below which benthic phase shifts from coral to algal
dominance were likely (e.g., McClanahan et al. 2011
[Indian Ocean], Karr et al. 2015 [Caribbean], Holbrook
et al. 2016 [Indo-Pacific]). Much of the evidence that
fishing of herbivorous reef fish causes benthic phase
shifts is restricted to the Caribbean, and is not as com-
mon on Indo-Pacific coral reefs (Aronson and Precht
2006, Bruno et al. 2009, 2019, Graham et al. 2015, Russ
et al. 2015c, Ruppert et al. 2017). However, such evi-
dence from the Caribbean now seems far more equivo-
cal, with some recent studies questioning the role of
fishing of herbivores in driving changes from coral to
algal dominance (Côt�e et al. 2013, Toth et al. 2014,
Suchley et al. 2016, Cox et al. 2017).
Nine of the 13 trophic groups were targeted by fishing

in this study (Russ and Alcala 1998). Those not targeted
were small planktivores, omnivorous pomacentrids, obli-
gate corallivores, and small benthic foragers. The nine
trophic groups targeted by fishing were often harvested
at Sumilon and Apo Islands roughly in proportion to
their biomass in the trophic assemblage (Russ and
Alcala 1998). Such harvesting clearly did not alter the
relative abundance of trophic groups in the assemblage
much, if at all (Appendix S1: Fig. S5; Russ and Alcala
1998). There was little convincing evidence that targeting
generalist large predators or piscivores resulted in expan-
sion of other trophic groups, such as croppers, scrapers,
or excavators, the latter two often classified in many
studies as “herbivores” (Appendix S1: Fig. S5). On the
contrary, Russ et al. (2015b) argued that abundance of
generalist large predators at these two islands was posi-
tively correlated with abundance of their pomacentrid
prey (small planktivores, omnivorous pomacentrids).
The fact that fish assemblages were distinct at all sites
from the outset, and remained so for 31 yr, despite large
differences among sites in fishing pressure and distur-
bance history (Fig. 7) supports the suggestion of a weak
effect of fishing on the trophic structure of the coral reef
fish assemblage in this study, despite high harvest rates.
Habitats play a critical role in determining the distri-

bution and abundance of organisms (Andrewartha and
Birch 1954, MacArthur et al. 1962, MacArthur and
Connell 1966). MacArthur et al. (1962) showed that spe-
cies diversity of birds could be predicted from a knowl-
edge of habitat. Similarly, a quick swim around a coral
reef shows that presence and abundance of different spe-
cies of reef fish are strongly associated with types of ben-
thic habitat. However, such static observations of
association do not establish a causal link between
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habitat and distribution and abundance of reef fish. If
one manipulates the habitat, one can predict changes in
the local distribution and abundance of organisms fol-
lowing the manipulation, and during recovery from the
manipulation. MacArthur and Connell (1966) showed
that species composition of birds changed during sec-
ondary succession as terrestrial vegetation recovered on
abandoned farmland in the southeastern United States.
The number of species of birds increased as vegetation
transitioned from grassland to hardwood forest on time
scales of 100+ yr (see Fig. 7.16 of Pianka 1974).
Similarly, on coral reefs, environmental disturbances,

and recovery from those disturbances, cause benthic
habitats to change (Connell et al. 1997), with subsequent
change in the reef fish assemblages associated with those
habitats (Jones et al. 2004, Pratchett et al. 2008, Wilson
et al. 2008, Alvarez-Filip et al. 2011a, 2015, Emslie et al.
2015, Graham et al. 2015, 2020, Russ et al. 2015c). Con-
siderable research has demonstrated the important role
that benthic habitat composition plays in determining
the distribution and abundance of many coral reef fish
species (reviewed by Pratchett et al. 2008, Wilson et al.
2008). Most coral reef fish rely on certain benthic habi-
tats for food, shelter, or recruitment (Jones et al. 2004,
Graham et al. 2015). Live hard coral typically fulfils at
least one of these requirements for most coral reef fishes
(Pratchett et al. 2008, Wilson et al. 2008, Graham et al.
2015). For example, up to 65% of reef fish species use
live coral as a recruitment habitat (Jones et al. 2004).
Alternatively, a subset of coral reef fishes (e.g., goatfish,
parrotfish, some species of wrasses, and detritivorous
surgeonfish) depend on other types of benthic habitat
(e.g., rubble, sand, dead hard substrata; Russ et al.
2015a, c, 2017b, 2018 Graham et al. 2020). The types of
benthic substratum on which species rely heavily influ-
ences how each species reacts to benthic disturbance and
subsequent recovery (Pratchett et al. 2008, Wilson et al.
2008, Russ et al. 2015a, b, c, 2017b, 2018, Graham et al.
2020). There is general agreement that NTMRs,
designed to stop or reduce fishing pressure, cannot pre-
vent effects of environmental disturbances to coral reef
benthos such as coral bleaching or typhoons, and thus
to coral reef fish assemblages (Jones et al. 2004, Hunt-
ington et al. 2010, Toth et al. 2014, Aronson and Precht
2016, Cox et al. 2017, Graham et al. 2017, Ruppert et al.
2017, Bruno et al. 2019, Graham et al. 2020).
Some studies of environmental disturbances to coral

reef benthos stress that not just coral cover, but also the
related attribute of structural complexity, are important
attributes of the benthos for reef fish assemblages (Gra-
ham et al. 2007, Alvarez-Filip et al. 2011b, Emslie et al.
2014). Some types of disturbance can reduce cover of
live corals, but not, at least in the short-term, structural
complexity of the benthos, e.g., coral bleaching, out-
breaks of coral predators (Graham et al. 2007, Emslie
et al. 2014). In the present study, structural complexity
(SCI) was measured on a spatial scale (100 m2) much
larger than measured in many other similar studies. Thus

SCI in the present study accounted for not just struc-
tural complexity of the benthos caused by live coral
cover, but also that accounted for by larger structural
features of reef slopes, like caves and overhangs, that
rarely change in structure, even when subjected to envi-
ronmental disturbances. Thus, we included only cover of
live hard coral (HC) in our analyses, as SCI was consid-
ered much less sensitive to environmental disturbances.
Clearly, NTMR protection from fishing and benthic

habitat can interact to affect biomass of trophic groups of
reef fish (Appendix S1: Fig. S5). The strong emphasis on
fishing as a driver of the trophic biomass of reef fish over
the past few decades resulted in a literature on NTMRs
that often downplayed this interaction (Miller and Russ
2014). A recent review of methods to partition NTMR
and benthic habitat effects on reef fish abundance
revealed a surprising lack of rigor in correcting for the
effects of benthic habitat over the past three decades
(Miller and Russ 2014). The most disturbing result of this
review was that over half of the studies (54.3%) made no
statistical attempt to account for benthic habitat effects
on fish abundance (Miller and Russ 2014). Given the
results of the present study, it suggests that far better
account of the effects of benthic habitat on reef fish abun-
dance needs to be made in future NTMR studies.
If, as this study suggests, benthos is often a stronger

driver of the trophic biomass of reef fish than fishing,
this means that any environmental disturbances that
affect the benthos directly will have major effects on reef
fish assemblages (Pratchett et al. 2008, Wilson et al.
2008, Emslie et al. 2015) and the trophic structure of
exploitable biomass and reef fish catch (Bruno et al.
2019, Robinson et al. 2019, Graham et al. 2020). For
almost 20 yr, coral reef ecology emphasized the domi-
nant role fishing had on the trophic structure of reef fish
and subsequent effects on benthos (Done 1992, Hughes
1994, Jackson et al. 2001, 2014, Mumby et al. 2006,
Mumby and Steneck 2008; Appendix S1: Fig. S1).
NTMRs, either singularly or in networks, were seen as a
small spatial scale solution to effects of fishing on bio-
mass and trophic structure of reef fish assemblages and
on benthic composition (Dayton et al. 2000, Sale et al.
2005, Mumby et al. 2006). This management emphasis
has changed relatively recently with the advent of the
effects of climate change (Hoegh-Guldberg et al. 2007,
Hughes et al. 2017, 2018) on coral reef benthos, causing
extensive coral bleaching (Hoegh-Guldberg et al. 2007,
Hughes et al. 2017, 2018) or increased frequency or
intensity of environmental disturbances such as
typhoons (Knutson et al. 2010). Such environmental dis-
turbances will have far more direct effects on reef fish
(Jones et al. 2004, Pratchett et al. 2008, Wilson et al.
2008, Emslie et al. 2015, Graham et al. 2020) and on
coral reef benthos (Graham et al. 2015, Hughes et al.
2017, 2018) than fishing. This contention is supported in
recent literature on what environmental drivers are
important in determining coral cover relative to that of
macroalgal cover (Appendix S1: Fig. S1). Graham et al.
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(2015) found that depth and structural complexity in the
Seychelles were key predictors of whether the reef trajec-
tory trended toward coral-dominated or macroalgal-
dominated states. Hughes et al. (2017, 2018) have docu-
mented coral mortality due to bleaching on a massive
spatial scale on Australia’s Great Barrier Reef (GBR)
caused by unusually high water temperatures.
Clearly, management strategies to address coral reef

degradation have to move from a focus on solely con-
trolling fishing by NTMRs to more holistic manage-
ment, aimed at also ameliorating the effects of major
environmental disturbances to coral reef habitats (e.g.,
coral bleaching, typhoons), with many of these distur-
bances related to global climate change (Hughes et al.
2017, 2018). Most single NTMRs, and even networks of
NTMRs, are small spatial scale measures that might
exclude fishing, but will generally not exclude warmer
and more acidic waters nor strong winds and waves
(Jones et al. 2004). Opinion is divided on whether
NTMRs might (Roberts et al. 2017) or might not (Aron-
son and Precht 2016, Bruno et al. 2019) ameliorate dam-
age caused to coral reefs by climate change. Recent
research has shown that NTMRs can maintain a higher
biomass of coral reef fish than in fished areas, even when
reefs are affected by typhoons in the Philippines
(McClure et al. 2020). NTMRs can not only maintain
higher biomass of target reef fish than fished areas,
despite coral bleaching and floods on Australia’s Great
Barrier Reef, they can be important sources of future
recovery of fish biomass (Williamson et al. 2014). Never-
theless, a more holistic management strategy that
addresses climate change, coastal pollution, fishing, and
other stressors is essential to prevent further degradation
of coral reefs.
Andrewartha and Birch (1954) emphasized that the

bigger drivers of distribution and abundance of individ-
ual organisms are often large-scale physical, climatic,
and environmental ones, especially those that affect
habitats. For coral reefs, within these large-scale, physi-
cal environmental constraints, biological mechanisms
like predation (fishing) and competition are likely to
drive more local-scale patterns of distribution and abun-
dance of individual reef fish (Aronson and Precht 2016).

CONCLUSION

Just as early definitions of ecology overlooked plants
and microorganisms (Haeckel 1870), modern-day coral
reef ecologists for almost two decades partially under-
emphasized the role of physical factors, habitats, and
environmental disturbances to those habitats in favor of
biotic factors such as fishing, predation, and competi-
tion as major drivers of structure in coral reef assem-
blages. Climate change and mass coral bleaching have,
in effect, forced a correction of this under-emphasis
(Appendix S1: Fig. S1). In the present study, both ben-
thic habitat and fishing are important drivers of assem-
blage structure of coral reef fish. For almost two

decades, an accepted paradigm in coral reef ecology was
that fishing causes trophic cascades through reef fish
assemblages, which eventually result in reduced “her-
bivory”, and that this indirectly caused benthic phase
shifts from coral to algal dominance. The present, long-
term study demonstrates that direct change to coral reef
benthos by environmental disturbances is often a far
greater threat to the trophic structure of reef fish assem-
blages than is fishing. We conclude that direct effects of
environmental disturbances to the benthos (Model 2 in
Introduction) had a much greater effect on trophic struc-
ture of the reef fish assemblages than direct effects of
fishing that then lead to indirect effects on the fish
assemblage and, subsequently, the benthos (Model 1 in
Introduction). The aim here is to reduce the strong focus
on the “fishing causes trophic cascades/benthic phase
shift paradigm” that has occurred in the past, and thus
re-balance coral reef ecology, by acknowledging that
both physical disturbances to the benthos and fishing
are important drivers of reef fish trophic structure (see
also Aronson and Precht 2016, Ruppert et al. 2017, Gra-
ham et al. 2020), and that such drivers also need to be
managed effectively. In doing so, we hope to remind
coral reef ecologists of the basics of ecology and environ-
ment laid down by Haeckel (1870) and Andrewartha
and Birch (1954): that in addition to biological factors
like fishing (a proxy for predation; Hixon 1991) and
competition, physical conditions, habitats, and environ-
mental disturbances to those conditions and habitats,
are important drivers of the distribution and abundance
of organisms and of the structure of communities.
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