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In marine ecosystems, fishing often targets predators, which can drive direct
and indirect effects on entire food webs. Marine reserves can induce trophic
cascades by increasing predator density and body size, thereby increasing
predation pressure on populations of herbivores, such as sea urchins.
In California’s northern Channel Islands, two species of sea urchins are
abundant: the red urchin Mesocentrotus franciscanus, which is targeted by
an economically valuable fishery, and the virtually unfished purple urchin
Strongylocentrotus purpuratus. We hypothesized that urchin populations
inside marine reserves would be depressed by higher predation, but that
red urchins would be less affected due to fishing outside reserves. Instead,
our analyses revealed that purple urchin populations were unaffected by
reserves, and red urchin biomass significantly increased in response to pro-
tection. Therefore, urchin biomass overall has increased inside reserves, and
we found no evidence that giant kelp is positively affected by reserves. Our
results reveal the overwhelming direct effect of protecting fished species in
marine reserves over indirect effects that are often predicted but seldom
clearly documented. Indirect effects due to marine reserves may eventually
occur in some cases, but very effective predators, large reserves or extended
time periods may be needed to induce them.
Significance statement
Trophic cascades arewidely cited yet poorly documented ecological phenomena.
In temperate coastal oceans, sea urchins can overgraze kelp forests, creating
barren areas. Marine reserves are often framed as a solution: as protected
urchin predators repopulate, they can control urchin populations directly or
indirectly by inhibiting their grazing activity. In California’s Channel Islands,
however, urchins have actually increased inside reserves because one species
is fished, and unfished urchins were unaffected by reserves. We found no evi-
dence of trophic cascades influencing urchins and kelp. Marine reserves can
effectively protect fished species and provide insight into the effects of fished
species on ecosystems, but trophic cascades should not be assumed to occur in
reserves and used as a primary justification for their establishment.
1. Introduction
Without fishing, there are more and bigger fish. This simple axiom has been con-
firmed by many studies of marine protected areas over the last 30 years [1–3],
supporting the use of spatial reserves as a conservation tool. Beyond these
direct effects on fished species, however, ecological theory and models predict
deeper indirect ecological effects of marine reserves, particularly since fished
species are often top predators within interacting communities and food webs
[4]. Trophic cascades are a prominent example: top predators increase in reserves
resulting in decreases in herbivore prey and in turn increases in primary
producers, particularly foundational species like macroalgae and corals that
characterize community states [5–7].

Trophic cascades and the relative importance of top-down (consumer-
driven) and bottom-up (producer-driven) processes in the structuring of
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ecological communities have long captured the interest of
ecologists [7,8]. Many early examples of trophic cascades
came from freshwater and marine ecosystems, which may
have stronger cascades than terrestrial ecosystems [9–11].
Marine reserves have been at the forefront of this research,
as they represent large-scale manipulations of predator
density, providing a milieu in which to investigate the effects
of predation on marine ecosystems [12,13] at more realistic
spatial and temporal scales than permitted by manipulative
experiments [5]. Despite predictions of widespread top-
down trophic cascades in marine reserves [14], however,
evidence for their occurrence is equivocal [3,15–17] and
controversial [18].

Although predicted by food web theory [19], there are
many reasons why trophic cascades may not be apparent in
natural ecosystems such as marine reserves. Detecting indirect
effects may be hampered by study design, particularly spatial
comparisons that rely on a few sites, which can be inevitable
given that the number of reserves to work in is often limited
to only one in a region [20]. Indirect effects of predators on
the ecosystem can be confounded by stronger effects
of environmental gradients, habitat, other impacts besides
fishing and other factors [15,16]. The effect of reserves on pre-
dators may not be strong enough to induce a trophic cascade,
due to small reserve sizes compared to predator home ranges
[21], insufficient time since reserve establishment [1] or lack of
enforcement of reserve protection. The pathways of indirect
effects may not manifest as expected; for example, predators
may prefer other prey than hypothesized or shift their feeding
behaviour depending on the suite of available prey [22], or
species interactions such as competition between fished and
unfished species may obscure indirect effects [23]. Finally,
the complexity of the food web and intrinsic characteristics
of the species involved, such as body size ratios, life-history
characteristics and productivity, may affect the strength of
trophic cascades [9,11].

To tease apart the effects of direct versus indirect effects of
reserves, it would be ideal to examine pairs of ecologically
similar species that are fished and unfished, but both subject
to predation by the same fished species. In southern
California, we have a situation that approximates this,
with two species of coexisting sea urchin, the red urchin
Mesocentrotus franciscanus, the target of one of California’s
top five most valuable fisheries, and the virtually unfished
purple urchin, Strongylocentrotus purpuratus. Both urchin
species consume macroalgae, including the giant kelp
Macrocystis pyrifera, and when densely populated can create
so-called urchin barrens that are more or less devoid of macro-
algae [24]. Both species are preyed on by sheephead fish,
Semicossyphus pulcher, and California spiny lobster, Palinurus
interruptus, which are important fisheries species themselves,
as well as by the sea star Pycnopodia helianthoides. The sea
otter Enhydra lutens, an iconic urchin predator [25], was histori-
cally present but has not successfully recolonized the region.
Greater abundances and body sizes of sheephead and
spiny lobster have been documented in marine reserves in
the northern Channel Islands [26,27] and have been hypoth-
esized to control urchin populations in the reserves [28,29].
Most studies, however, have focused on only one of the two
urchin species, or all urchins in aggregate.

Channel Islands National Park (CINP) has maintained
one of the longest-running time-series subtidal surveys in
the eastern Pacific since 1982 [30]. In 2003, a network of
marine protected areas, including eight no-take marine
reserves, was established in the islands. Four of these reserves
had been monitored since the early 1990s by CINP. Here, we
use before–after control-impact (BACI) analysis of this
exceptional ecological time-series dataset to examine how
the establishment of marine reserves has affected populations,
biomass and demography of the two dominant sea urchin
species. We find that biomass of the fished red urchin has
responded positively to reserve protection, while purple urch-
ins have not responded to reserves. Overall, the biomass of
urchins responded positively to reserve protection. Positive
responses of urchin predators were strongest at the reserves
with the largest increases in urchin biomass. We found no
evidence of trophic cascades due to reserves.
2. Results
(a) Urchin biomass
There was a significant interaction ( p = 0.0126) between
treatment (control or reserve) and time (before or after the
establishment of marine reserves) in the linear mixed-effects
model of total urchin biomass. The interaction term for this
full model was positive, indicating increases in urchin bio-
mass in reserve sites over fished sites after 2004, and the
BACI contrast (using estimated marginal means on the log
scale) was significant for reserve sites (p = 0.0002), reflecting
the significant increase in urchin biomass at reserve sites
after protection began in 2004 (figure 2). The difference
between the change in biomass at fished versus reserve
sites was −55.00 g m−2 yr−1 with a standard error of
36.85 g m−2 yr−1. Thus, on average, urchin biomass increased
nearly three times more in reserve sites than in fished sites
after the network of marine reserves was established.

This change in urchin biomass was driven primarily by
red urchins. A separate model for red urchins alone had a
significant positive interaction term ( p = 0.0004), meaning
that control (fished) sites had a significantly smaller increase
in red urchins than marine reserve sites after marine reserve
establishment. On average, red urchin biomass density
increased by 266 g m−2 at sites that became marine reserves,
nearly quadrupling (397% increase) compared to the decrease
of 89 g m−2 at fished sites. Two out of the four reserve sites,
Gull Island and Hare Rock, had the largest increases in red
urchin biomass, although in recent years red urchin biomass
has declined at Hare Rock (figure 3). The BACI model for
purple urchins had no significant terms, indicating that
purple urchins did not change significantly between control
and reserve sites or before and after 2004, nor was there an
interaction between time and reserve status.

On average, the biomass of both purple and red urchins
was higher inside marine reserves than non-reserve sites
after the network was established in 2004, although red urch-
ins initially increased more rapidly than purple urchins, and
only red urchins had a significant difference in biomass ( p =
0.0020). Purple urchin biomass increased over time outside
marine reserves, however, while red urchins decreased in
biomass outside reserves (figure 2).

(b) Urchin size distributions
Since smaller urchins are typically more vulnerable to preda-
tion, the abundance of small urchins may be a more sensitive
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indicator of changes in predation pressure on urchin
populations due to reserve protection of their predators.
Nevertheless, we found a similar pattern in small urchins to
that for urchin populations as a whole. The value for the inter-
action term in a BACI model for small red urchin biomass was
significant ( p = 0.0444) and positive (b = 0.1701), indicating
that on average small red urchin biomass increased inside
reserves compared to outside (electronic supplementary
material, figure S1). There was no significant interaction term
for small purple urchins, and when this term was dropped
from the model, time period was significant (p = 0.0024) but
reserve status was not ( p = 0.6406). Biomass of small purple
urchins was not significantly different between reserve
and fished sites, but the negative estimate for time period
(b =−0.3596) indicates a slight decline in small purple urchin
biomass both inside and outside reserves after the reserves
were established. The majority of red urchin biomass was dis-
tributed across large-size classes (electronic supplementary
material, figure S7), while the majority of purple urchin bio-
mass was distributed across small- and medium-size classes
(electronic supplementary material, figure S8).
(c) Kelp density
No significant effect of reserve status (p = 0.0940) or time
period ( p = 0.4653) or the interaction between status and
time ( p = 0.1514) was evident for kelp stipe density (electronic
supplementarymaterial, figure S2). In themixed-effectsmodel
with both urchin species grouped together, time period and
average urchin biomass did not have a significant effect on
mean stipe density. All the available data from KFM sites
across all years showed no significant relationship between
urchin densities and kelp stipe densities, and the correlation
for red sea urchins was in fact weakly positive (electronic
supplementary material, figure S9).

(d) Urchin predators
We planned to use BACI analyses to test whether marine
reserves were effectively increasing predator densities.
Because the densities of urchin predators were low, inconsist-
ently measured, did not meet statistical assumptions for
parametric tests and were not all sized to yield biomass esti-
mates, these analyses were not possible. However, plots of
these data show dramatic differences between sites that are
not always consistent with reserve effects (electronic sup-
plementary material, figures S4–S6). These data show that
Gull Island and Hare Rock reserves, where urchins had the
strongest positive response to reserve establishment, also
had relatively high predator densities compared to the other
two reserves (although similar to some fished sites). Hare
Rock reserve, which showed the greatest urchin response,
also had the highest densities of sheephead and sunflower
stars among the four reserve sites (although data from the
Scorpion Anchorage reserve was sparse).

(e) Anacapa Island urchin biomass
Anacapa Island was considered separately because it is
uniquely old, and no data were available there prior to the
establishment of the marine reserve in 1978. However, three
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sites there have been continuously monitored since 1981, two
within and one outside themarine reserve. ANOVA revealed a
significant difference in red urchin biomass between the
reserves and the fished site ( p = 2.45 × 10−7), and ANCOVA
yielded a significant reserve ( p = 2.15 × 10−8) and time effect
(6.94 × 10−5) but not an interaction between the two. In gen-
eral, red urchin biomass decreased at all Anacapa sites, but
the highest rate of decrease and the lowest overall red urchin
biomass was at the fished site. For purple urchins, there was
a significant interaction between reserve status and time
( p = 1.5 × 10−6); purple urchins had higher biomass at the
fished site compared to the reserves in the 1990s but decreased
sharply and by the early 2000s onward have been as low or
lower at the fished site than the reserve sites (electronic
supplementary material, figure S2).
3. Discussion
In temperate marine ecosystems, including the California
Channel Islands, protection of top predators inside marine
reserves has been widely predicted to cause trophic
cascades—decreases in herbivore biomass, often sea urchins,
and corresponding increases in kelp, along with increased
biodiversity associated with kelp forests [31,32]. We found
no evidence, however, of strengthened trophic cascades
in response to 15 years of marine reserve protection in the
Channel Islands.On the contrary, total sea urchin biomass den-
sity increased on average inside marine reserves. Rather than
suppressing urchin populations, marine reserves have led to
population recovery of fished red sea urchins (Mesocentrotus
franciscanus), while populations of unfished purple urchins
(Strongylocentrotus purpuratus) were unaffected. Two of the
reserves we examined, Gull Island (at Santa Cruz Island) and
Hare Rock (San Miguel Island), are in areas of historically
high sea urchin catches [33] and showed particularly drama-
tic increases in red sea urchin biomass (figure 3), despite
having some of the highest counts of urchin predators after
reserve establishment (electronic supplementary material,
figures S4–S6). This suggests that the benefits of release from
fishing pressure far outweighed any effect of increases in
predators on sea urchins inside the reserves.

Increases in predator density and biomass inside reserves
do not necessarily translate to rapid effects on prey popu-
lations. For example, if small individuals are favoured by
predators, as is the case with both purple and red sea urchins
[27,29], the effects of increased predation would take time to
propagate through the prey population as new recruits suffer
higher mortality, but larger size classes remain unaffected.
For this reason, we examined small urchin populations separ-
ately and found a similar pattern to overall population
biomass—small red urchins increased inside reserves, while
small purple urchins were unaffected. Therefore, the lack of
a trophic cascade effect on urchin populations was appar-
ently not due to a time lag caused by a holdover of large
predation-resistant urchins pre-dating reserve establishment
[6]. In fact, increases in red urchins in response to fishing pro-
tection were evident after only 6 years of marine reserve
protection [34]. Reserve protection, moreover, appears to
have increased local recruitment of fished red sea urchin
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populations, suggesting that retention of sea urchin larvae
may be occurring on the scale of the reserves.

Another possible effect of increased predation inside
reserves is altered behaviour of prey and consequent changes
in their ecological impacts in a ‘landscape of fear’ [35]. In
areas with abundant predators, herbivores may flee or take
shelter and spend less time actively grazing [36]. Such a
trait-mediated indirect interaction, rather than direct preda-
tion, can be the dominant cause of a trophic cascade [37].
Sea urchins may spend less time grazing in the presence of
predators [38], and this pattern has been suggested to occur
in the Channel Islands [34]. If marine reserves were causing
such indirect effects, primary producers, in this case giant
kelp, would be expected to increase in abundance. Yet the
density of giant kelp, which is grazed by sea urchins, was
unaffected by reserve protection in the Channel Islands.
Our results demonstrate no evidence, therefore, that increases
in predators inside Channel Islands marine protected areas
are causing, either through direct or indirect effects, a trophic
cascade leading to positive effects on kelp forests via
decreased sea urchin biomass and grazing.

Although data on the density of urchin predators were
not available for all sites and years, there is clearly a high
degree of variability in predator populations across space
and time (electronic supplementary material, figures S4–S6).
This variability, combined with the lack of data on predator
body size and biomass, limits the conclusions we can draw
about the effect of the reserves on predators. However,
other studies have shown positive effects of Channel Islands
reserves on population density and body size of urchin pre-
dators including sheephead [27] and lobster [26]. The
unfished sea star Pycnopodia helianthoides is a voracious pred-
ator of S. purpuratus in particular, so even a few individuals
could have a large impact on urchin populations [39]. Fluctu-
ations in its density due to disease and other factors may
have affected some of the site-specific temporal patterns in
urchin abundance. In addition, urchin populations that are
abundant due to release from predation or other factors
may be reduced by density-dependent disease outbreaks
[40]. Any effect of these processes on urchin populations,
however, did not appear to vary with reserve status.

Why have increased predator populations inside reserves
apparently not affected urchin populations and led to trophic
cascades? There are two obvious possibilities. First, predator
populations and sizes have not yet, after 15 years, rebounded
to the extent necessary for cascades to occur. Second, pur-
ported urchin predators do not rely on urchins as prey with
enough frequency to significantly affect their populations.
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These two explanations could be related, in that predator
populations might be expected to exploit all prey once a
density-dependent threshold is reached. In the following
paragraphs, we discuss the evidence for each of these two
possible explanations.

The main predators of sea urchins in our region at present
are considered to be sheephead fish (Semicossyphus pulcher),
spiny lobster (Palinurus interruptus) and the sunflower star
(Pycnopodia helianthoides), which is unfished and not con-
sidered further here. A decade after reserve establishment,
Hamilton & Caselle [27] found positive effects on both
density and biomass of sheephead, with the strongest effects
on densities of large individuals and total biomass at Santa
Cruz and Santa Rosa Islands. Mean total length of sheephead
inside reserves at all five islands was larger than the approxi-
mately 25 cm that Selden et al. [29] observed as the size at
which sheephead become effective predators of small urchins,
andwasmuch larger at some islands—the average total length
in Santa Rosa reserves was greater than 40 cm. Densities
Hamilton and Caselle reported were comparable, albeit some-
what lower, to those in an unfished population at SanNicholas
Island [41], and large individuals were likely more abundant
in the historic populations [27]. On transects across the
northern Channel Islands in reserve and non-reserve sites,
Hamilton & Caselle [27] found a negative relationship
between sheephead biomass and urchin density (both species
combined). However, no overall effects of reserve status on
urchin biomass or kelp abundance were found.

Spiny lobster exhibited a very strong positive response to
reserve protection in the Channel Islands, increasing 4–6
times in density at the reserves in this study after only
6 years of protection [26]. Since then, surveys in two of the
reserves, Gull Island and Scorpion Anchorage, showed that
15 years after reserve protection lobsters have continued to
increase, reaching approximately 20 times the biomass of
pre-reserve populations [42]. Spiny lobsters presented with
relatively unpalatable prey, the sea hare Aplysia californica,
only attacked them inside reserves throughout southern Cali-
fornia, suggesting food limitation due to higher densities [22].

Based on a comparative analysis of monitoring data,
Babcock et al. [43] estimated that indirect effects should take
longer to detect than direct effects (13.1 years versus 5.13
years, respectively). Overall, the evidence suggests that, after
15 years of protection from fishing, predator populations
have rebounded in the reserves to an extent that would be
expected to affect urchin prey populations. Although it is
still possible that urchin numbers will be affected as predator
populations continue to grow in the reserves, this suggests that
the presumed predator species are not heavily reliant on sea
urchins for prey. Studies of sheephead diet have shown that
it is highly variable, often including urchins but to varying
degrees [44]. Larger fish tend to rely more on sea urchins as
food [27,45] and are more effective sea urchin predators [29].
In situ observations showed highly variable feeding by sheep-
head on urchins, but also demonstrated that sheephead could
cause high urchin mortality at small scales [46]. Although
aquarium experiments have shown that lobster will consume
urchins [47], evidence from nature on the importance of urch-
ins in spiny lobster diet is sparse. A study of spiny lobster gut
contents in Baja California showed that gastropods were most
important, and no echinoderms were detected [48]. Off
San Diego, lobster gut contents were mostly made up of mol-
lusks and crustaceans, although urchins were also frequently
consumed, particularly in deeper rocky habitats [49]. More
information on spiny lobster feeding habits and their reliance
on sea urchins is needed.

Complex food webs have been thought to weaken the
strength of top-down control in terrestrial ecosystems, poten-
tially explaining why many examples of trophic cascades are
aquatic [9,10]. Like many marine ecosystems, however, giant
kelp forests are highly diverse [50], with greater than 8700
trophic links identified in a California giant kelp forest food
web, not including parasites [51]. Byrnes et al. identified 39
and 25 kelp forest species that serve as prey for sheephead
and spiny lobster, respectively, and a more recent food web
found that sheephead had the widest diet breadth of any
kelp forest species, consuming 129 genera [51]. Increased
predator diversity can also dampen the impact of predation
on herbivores, as different predator species feed on each
other and on shared prey species, weakening potential
cascades [52,53]. Post-settlement movement of mobile preda-
tors outside reserves could also act to dilute their impact,
allowing increases of both predators and fished prey [54].

Around the world, but particularly along the west coast of
North America, top-down control and resulting trophic cas-
cades have often been cited as maintaining kelp forests that
would otherwise collapse under pressure of sea urchin graz-
ing [55,56], although this view has not been universal [57,58].
Urchin grazing, however, is affected by multiple factors,
including recruitment, disease and physical disturbance,
and the spatial scale of its impact varies widely [59]. In the
northwest Atlantic, an early paradigm that lobster predation
on urchins drove top-down control of urchin barrens has not
been supported by empirical or experimental evidence [60],
although historically high abundances of groundfish may
have driven trophic cascades in the past [61]. Trophic cas-
cades have been documented in northeastern New Zealand,
but their strength depends on environmental context [16],
and other factors aremore important in structuring kelp forests
across much of New Zealand [18]. In Tasmania, increasing
recruitment of urchins due to changes in oceanographic pat-
terns and warming have interacted with lower predation due
to lobster overfishing to reduce the resiliency of kelp forests
to urchin grazing [62]. In other regions, kelp forest ecosystems
are mainly structured by non-trophic factors. In the northeast
Atlantic, ocean climatic patterns drive kelp forest community
structure, and urchin grazing plays a minor role [63,64].
In Chile, South Africa and southwestern Australia, although
sea urchin densities vary greatly, they depend on drift algae
as food (as California urchins often do) and have not been
associated with large-scale kelp deforestation [65–67]. Overall,
this suggests that the widespread depiction of kelp forests
and urchin barrens as alternative stable states controlled by
predation is an unwarranted paradigm.

Trophic cascades are sometimes considered dominant
forces in ecosystems, controlling their entire structure [68].
Cascades are considered more common in marine ecosystems
[9,10], where most examples involve echinoderms, parti-
cularly sea urchins, as key herbivores [6]. Our results
demonstrate, however, that trophic cascades are not always
prevalent in marine ecosystems, and that fishing bans in
marine reserves will not necessarily result in clear trophic
cascades. In part, this reflects the fact that humans are often
the ultimate predator, and direct effects of protection from us
dominate community patterns [69] in conjunction with perva-
sive environmental effects [70]. In addition, only certain
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marine predators may be effective enough to drive cascades,
andmany ecosystemsmay lack such species due to biogeogra-
phy or past extirpations. In southern California, kelp forest
trophic cascades may never be realized until sea otters
return in significant numbers, if that ever occurs. Until then,
we have much to learn about the true ecological effects of
marine reserves and their value for testing hypotheses about
ecological interactions on large spatial and temporal scales.
Our study demonstrates the value of studyingmarine reserves
even as the results fail to support the paradigmatic view that
marine reserves will result in lush, resilient kelp forests
through predator-mediated trophic cascades.
 pb
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4. Material and Methods
(a) Diver surveys
The National Parks Service’s Kelp Forest Monitoring Program
(KFM) has been annually collecting data at 33 sites throughout
the Channel Islands, with 16 original sites established between
1981 and 1986. Divers collected data annually on the density
and sizes of sea urchins—along with metrics on many other
species—on a 100 m permanent transect line at each site. Begin-
ning with an initial random sampling point between 0 and 7 m, a
pair of 1 m2 quadrats were laid out on either side of the transect
line at 8.33 m intervals. A total of 12 quadrat pairs were sampled
for counts of 25 target species, including M. franciscanus
and S. purpuratus. The first 200 urchins of each species, or all indi-
viduals if less than 200, were sampled along the transect line
and test diameter measured to the nearest millimetre using
calipers. In this analysis, we also used data collected by KFM
on Semicossyphus pulcher (California sheephead), Pycnopodia
helianthoides (sunflower star) and Panulirus interruptus (California
spiny lobster). Sunflower stars and spiny lobsters were counted
along twelve 3 × 20 m (60 m2) transects. Lobsters were found
infrequently and size information was not collected. For
California sheephead, divers surveyed fish communities visually
on four 3 × 2 × 50 m transects. Starting in 2007, estimated total
length of fish was also collected to the nearest 5 cm for large
fish (greater than 15 cm) and 1 cm for small fish. Giant kelp
(Macrocystis pyrifera) was surveyed along the 100 m permanent
transect lines by counting the number of kelp stipes at 1 m
above the bottom in 40 quadrats of 5 m2 that covered the entire
span of the transect line on each side.

(b) Before–after control-impact analyses
All data analysis was performed in R [71]. For the BACI analysis,
we only considered the continuous dataset for KFM sites 1–11
and 14–16 from 1991 to 2019. These sites were the first set of
sites to be surveyed, whereas newer sites were not surveyed
until after the establishment of marine reserves in 2004. Sites
12 and 13 were excluded because they were located in the Ana-
capa Marine Reserve, which is a much older reserve (established
1978). Urchin test diameters were converted to wet mass (g) with
the following formulae [72]:

M ¼ 5:9� 10�4�L2:917 Mesocentrotus franciscanus

M ¼ 5:9� 10�4�L2:870 Strongylocentrotus purpuratus

Total species-specific biomass in grams per square metre was
calculated by multiplying the average wet mass of the species at
a site by the average density of individuals at that site.

All analyses were performed in R following methods from
Underwood [73] and Schwarz [74]. Sites 2 (San Miguel Island),
6 (Santa Cruz Island, South), 9 (Santa Cruz Island, North)
and 14 (Santa Barbara Island) transitioned from non-reserve to
reserve sites in 2004. These sites were considered impact sites,
whereas the other 10 sites were control sites.

The linear mixed-effects model to evaluate effects of marine
reserve protection on sea urchin populations was formulated
as follows:

yi ¼ mþ b1x1,i þ b2x2,i þ (b1b2)ij þ b0,j[i] þ b1,j[i]x1,i þ b2,j[i]x2,i þ ei,

where μ is the mean urchin biomass (g m−2), x1 and x2 are categ-
orical reserve status variables [x1: 0 indicates before the impact
(before 2004) and 1 indicates after impact, x2: 0 indicates control
site (not a marine reserve) and 1 indicates an impact site (marine
reserve)], (β1β2)ij is the interaction between time period (before or
after) and location (reserve or non-reserve), βk characterizes the
fixed effects, bk,j[i] characterizes the group-level effects, j[i]
denotes the group (site ID) of observation i, and ei is the error
term. Since ACF (autocorrelation function) and pACF (partial
autocorrelation function) plots indicated short lags in the data,
we added an AR(1) correlation term to account for temporal
autocorrelation. Models were fit using the lme4 package in R
[75]. After model diagnostics (residuals plots and QQ plots)
and selection via AICc (Akaike information criterion with correc-
tion for small sample sizes), we used a two-way repeated
measures ANOVA to compare results. The BACI contrast
(effect size) was estimated using the emmeans package in R [76].

We used separate BACI models to evaluate reserve effects on
total urchin biomass, on the two sea urchin species separately and
on densities of kelp stipes. In the total urchin biomass model, we
used urchin species as a grouping factor in the error structure to
account for the heterogeneity of variance. The response variable
(urchin biomass) was log transformed to normalize residuals in
all models. For each species, we also grouped urchins into size
classes following Selden et al. [29] using test diameters (small
less than 35 mm, medium 35–50 mm, large 50–70 mm, very
large 70+ mm) to estimate the biomass occupied by each class
and construct BACI models on small urchins only. Due to low
densities of urchin predators in the surveys, there were not
enough data to perform a statistically rigorous BACI analysis
and these values were presented graphically.
Data accessibility. Data on all organism counts can be found via SBC
MBON [77]. All the data for this paper including size information
are also publicly available through the Channel Islands National
Park repository via the National Parks Service. Code for this project
can be accessed online at github.com/kmalakhoff/urchin-baci/.
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