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ABSTRACT
Antibiotics, as antimicrobial drugs, have been widely applied as human and veterinary medicines. 
Recently, many antibiotics have been detected in the environments due to their mass production, 
widespread use, but a lack of adequate treatment processes. The environmental occurrence of 
antibiotics has received worldwide attention due to their potential harm to the ecosystem and 
human health. Research status of antibiotics in the environment field is presented by biblio
metrics. Herein, we provided a comprehensive overview on the following important issues: (1) 
occurrence of antibiotics in different environmental compartments, such as wastewater, surface 
water, and soil; (2) toxicity of antibiotics toward non-target organisms, including aquatic and 
terrestrial organisms; (3) current treatment technologies for the degradation and removal of 
antibiotics, including adsorption, hydrolysis, photodegradation and oxidation, and biodegrada
tion. It was found that macrolides, fluoroquinolones, tetracyclines, and sulfonamides were most 
frequently detected in the environment. Compared to surface and groundwaters, wastewater 
contained a high concentration of antibiotic residues. Both antibiotics and their metabolites 
exhibited toxicity to non-target organisms, especially aquatic organisms (e.g., algae and fish). 
Fluoroquinolones, tetracyclines, and sulfonamides can be removed through abiotic process, such 
as adsorption, photodegradation, and oxidation. Fluoroquinolones and sulfonamides can directly 
undergo biodegradation. Further studies on the chronic effects of antibiotics at environmentally 
relevant concentrations on the ecosystem were urgently needed to fully understand the hazards 
of antibiotics and help the government to establish the permissible limits. Biodegradation is 
a promising technology; it has numerous advantages such as cost-effectiveness and environmen
tal friendliness.
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1. Introduction

Antibiotics are among the most commonly used 
drugs worldwide, which are capable of killing or 
inhibiting the growth of bacteria to fight bacter
ial infections. The emergence of antibiotics in 
the environment has attracted considerable 
attention in recent years due to their potential 
harm to humans and ecosystems [1]. Antibiotics 
are chemical substances derived from natural, 
semi-synthetic and synthetic sources. The first 
antibiotics are natural compounds produced by 
microorganism, e.g., penicillin extracted from 
the Penicillium notatum culture [2]. There are 
three ways to classify antibiotics. Firstly, antibio
tics can be categorized into different classes 

based on their chemical structure, such as β- 
lactams, macrolides (MAs), fluoroquinolones 
(FQs), tetracyclines (TCs), and sulfonamides 
(SAs). Additionally, antibiotics can be divided 
into three classes according to their spectrum 
of activity, i.e., narrow-spectrum antibiotic, 
broad-spectrum antibiotic, and extended- 
spectrum antibiotic. Antibiotics can also be cate
gorized by their mechanisms of action, involving 
bactericidal action (killing bacteria) and bacter
iostatic action (inhibiting the growth of bacterial 
cells). For instance, β-lactam antibiotics (includ
ing penicillins and cephalosporins) can kill the 
bacteria by inhibiting the synthesis of bacterial 
cell walls; MAs and TCs have broad-spectrum 
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activities and inhibit the bacterial growth 
through the inhibition of bacterial protein synth
esis; FQs are synthetic broad-spectrum antibio
tics and kill the bacteria via the interference with 
bacterial DNA synthesis; SAs are synthetic 
broad-spectrum bacteriostatic antibiotics and 
produce their effects by inhibiting the produc
tion of tetrahydrofolic acid required for nucleic 
acid synthesis. Commonly, SAs are used in com
bination with trimethoprim (TMP) which is 
a sulfonamide synergist and inhibits the enzyme 
dihydrofolate reductase [2–4]. So far, more than 
250 antibiotics have been registered and used; 
commonly used antibiotics in human and veter
inary medicines include the classes of β-lactams, 
MAs, FQs, TCs, and SAs [2,5,6].

Antibiotics have been extensively used for the 
treatment and prevention of diseases in humans, 
as well as for protecting animal health and pro
moting animal growth in aquaculture and live
stock industries [2,7]. Recently, due to the global 
growth in human population and rising demand 
for animal protein [2], antibiotic consumption has 
been growing and reached enormous amounts. 
The use of antibiotics by humans showed an 
increase of 65% from 2000 to 2015, the consump
tion was predicted to increase to 200% by 2030 
[1,8]. Previous research showed that it was esti
mated global consumption of 63,151 tons of anti
biotics in livestock in 2010. Moreover, the 
proportion of veterinary antibiotics was predicted 
to increase by 67% (up to 105,596 tons) in 2030 
due to growing consumer demand for livestock 
products [9]. In China itself, as the largest produ
cer, exporter and user of antibiotics in the world, 
the antibiotic consumption is in large quantities 
due to the high populations and upward demand 
for animal protein. In 2013, total usage for 36 
selected antibiotics in China was 92,700 tons and 
the number of antibiotics excreted by humans and 
animals was an estimated 54,000 tons, with 53,800 
tons discharged into the environment [10].

Clearly, the widespread consumption of antibio
tics has been accompanied by their continuous 
excretion and release into the environment. 
Antibiotics cannot be completely metabolized by 
humans and animals, nor can they be fully 
removed by wastewater treatment plants 
(WWTPs) [11,12]. As a result, both the unchanged 

parent compounds and their metabolites enter the 
environment. For example, TCs are not easily 
metabolized by humans and animals, such that 
>70% of the parent compound is excreted and 
released into the environment [13]. Similarly, up 
to 70% of unmetabolized FQs are excreted via the 
urine and feces, and enter the environment [14]. 
Considering the low concentrations of antibiotics 
present in the environment and the complication 
of environmental sample matrices, antibiotic 
extraction is a very important step prior to analy
sis. A variety of extraction techniques have been 
applied, such as solid-phase extraction (SPE) [15], 
ultrasound-assisted extraction (UAE) [16], 
QuEChERS extraction [17], and liquid–liquid 
microextraction [18]. The SPE and the UAE 
coupled with the SPE are frequently used to 
extract antibiotics from aqueous environmental 
matrices and solid environmental matrices, respec
tively, due to their easy operation and high effi
ciency [15–17,19,20]. Two main parameters 
(sorbent type and elution solvent) are critical in 
ensuring the effectiveness of SPE. A copolymer of 
divinylbenzene and vinylpyrrolidone (which can 
be obtained from waters under the trade name of 
Oasis HLB) is one of the most popular sorbents; 
the commonly used elution solvents are methanol 
and acetonitrile [5,15,16]. In addition, analytical 
methods based on liquid chromatography (LC) 
have been applied to selectively and sensitively 
detect the antibiotics present in the environment. 
Currently, due to the high sensitivity of tandem 
mass spectrometry (MS/MS) detection (detection 
limit: ng/L), LC-MS/MS detection are widely 
employed in the analysis of antibiotics in different 
environmental matrices after the samples clean-up 
and preconcentration performed by SPE. For 
example, the SPE-LC-MS/MS method was applied 
to analyze six antibiotics [amoxicillin (AMX), 
ciprofloxacin (CIP), trimethoprim (TMP), nor
floxacin (NOR), sulfamethoxazole (SMX), and 
doxycycline (DOX)] in the wastewaters, surface 
waters and sediments, and achieved very low 
limit of quantification (LOQ) [7 ng/L (TMP) – 
135 ng/L (DOX)] [15]. Similarly, the determina
tions of five antibiotic classes [MAs, FQs, TCs, SAs 
and chloramphenicols (CAPs)] in the surface 
water and sediments were performed by LC-MS 
/MS method and it was found that the LOQs were 
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in the range of 0.03–1.68 g/L and 0.01–0.56 ng/g 
for water samples and sediment samples, respec
tively [21].

Recently, the detection of antibiotics present in 
different environmental matrices was achieved 
through chemical analysis based on the reliable 
and sensible instrumental methods [5]. Although 
the environmental concentrations of antibiotics 
are often at trace levels [ng/L (ng/g) – μg/L (μg/ 
g)] [2,22], the emergence of antibiotics may pose 
a risk to non-target aquatic organisms and terres
trial plants. Protection of the living organisms in 
an ecosystem is of great importance in sustainable 
development of ecology and society. Considering 
the sustainable development goals (SDGs) 2030 
Agenda (e.g., SDG 14 on life below water, and 
SDG 15 on life on land), our study summarized 
the occurrence of antibiotics in aquatic and terres
trial environments, and toxic effects of antibiotics 
toward the non-target organisms. We hope that 
this review can help the general public fully under
stand the hazards of antibiotics present in the 
environment and provide some references to the 
government to set the permissible limits of anti
biotic discharge. Additionally, the discharge of 
antibiotic wastewater contributes significantly to 
water pollution and antibiotic resistance genes 
(ARGs) dissemination, and further impacts the 
accomplishment of the SDGs (e.g., SDG 3 on 
good health and well-being, and SDG 6 on clean 
water and sanitation). To control and mitigate 

antibiotic pollution, the recent advances on the 
degradation and removal methods of antibiotics 
were also presented in our review.

In addition, a bibliometric overview of studies 
on the environmental occurrence, toxicity, degra
dation, and removal of antibiotics is shown in 
Figure 1, and covers the studies performed from 
2011 to 11 August 2021. The data are collected 
from the ‘All databases’ in the Web of Science, 
Clarivate Analytics, and the total number of pub
lications was 49,216. As shown in Figure 1a, the 
total number of publications related to these three 
research directions increased yearly, from 2,305 
publications in 2011 to 8,276 publications in 
2020. Furthermore, compared to the publications 
in 2011, the number of articles in 2020 related to 
the environmental occurrence, toxicity, degrada
tion and removal methods significantly increased 
by 2.90, 1.26, and 3.86 times, respectively. These 
results indicated that these three research direc
tions have attracted increasing attention in recent 
years. Interestingly, it was found that the research 
direction on the degradation and removal of anti
biotics has the highest number of articles com
pared to other two research directions, and has 
been increased rapidly since 2016. The environ
mental occurrence and the potential threats of 
antibiotics have contributed to the urgent need 
for antibiotic treatment technologies [23,24]. 
Meanwhile, it was also visualized with a figure 
for the keywords with a frequency of more than 

Figure 1. Annual number of publications (a) and cooccurrence network map of keywords (b) about researches on the environmental 
occurrence, toxicity, degradation, and removal of antibiotics during the last 10 years (from 2011 to 2021).
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300 times in the titles and abstracts of retrieved 
49,216 papers by VOSviewer software. Plainly, all 
these frequently used keywords are interrelated 
and compatible (Figure 1b), indicating that the 
environmental occurrence, toxicity, degradation, 
and removal of antibiotics are tight connection. 
It can also be seen that antibiotics are emerging 
environmental pollutants; the toxicity and effect of 
antibiotics toward the environment, as well as the 
degradation of antibiotics has recently become 
a research hotspot.

Hitherto, most reported data have presented the 
occurrence of antibiotics in a certain environmental 
compartment, such as wastewater [12], surface water 
[25], groundwater [6], and soils [26], while informa
tion on an overview of the occurrence of antibiotics 
in different environmental compartments has been 
rarely reported. Additionally, numerous studies have 
investigated the toxic effects of antibiotic contami
nants on aquatic organism [2,27], whereas an integral 
study which focusing on the non-therapeutic effects 
of antibiotics on the aquatic and terrestrial organ
isms, as well as human beings is still rare. 
Furthermore, most of the previous studies have 
investigated the distribution, effects and degradation 
of certain classes of antibiotics, such as TCs [8,13], 
FQs [14,26], and SAs [28]. However, available 
reviews regarding the current knowledge on a full- 
scale scenario of various categories antibiotics are still 
limited. To fully understand the influence of antibio
tics on ecological environment and maintain the 
sustainable development of ecology, in the following 
we provide a comprehensive overview on the occur
rence and toxicity of antibiotics in the environment, 
as well as treatment technologies for controlling anti
biotic pollution. This study mainly focuses on six 
different antibiotic classes, including β-lactams, 
MAs, FQs, TCs, SAs and diaminopyrimidines. They 
were selected due to their wide application in human 
or veterinary medicine, frequent detection in differ
ent environmental matrixes, and potential ecotoxi
city. Data on the basic physico-chemical properties of 
major antibiotics described in this paper is shown in 
Table S1. Section 2 describes the occurrence and 
distribution of antibiotics in different environmental 
compartments. Section 3 outlines available informa
tion about the toxicity effects of antibiotics on var
ious non-target organisms and humans. Section 4 
summarizes the removal and degradation methods 

of antibiotics, as well as their transformation pro
ducts (TPs). Finally, Section 5 presents our conclu
sions and future research needs. The abbreviations 
used in this study is shown in supplemental material.

2. Antibiotics in the environment

Antibiotics, as a group of pharmaceuticals are widely 
used in human, veterinary, aquaculture, and agricul
ture [2]. After use, the majority of the antibiotics 
eventually find their way into the environment. In 
recent years, many countries included Asian coun
tries (e.g., China, India and Japan) [24,25,27], Africa 
countries (e.g., South Africa and Kenya) [15,29], 
European countries (e.g., Germany, France, and 
Portugal) [17,19,30], and American countries (e.g., 
the United States, Brazil, and Canada) [26,31] have 
witnessed the occurrence of antibiotics in the envir
onment. Top 20 active countries that conducted 
researches on the occurrence of antibiotics in the 
environment, and the corresponding annual number 
of publications from 2011 to 2021 are shown in 
Figure 2. The top 20 active countries cover four 
countries in Asia, two countries in North America, 
eleven countries in Europe, one country in South 
America, one country in Africa, and one country in 
Oceania; the number of articles related to the envir
onmental occurrence of antibiotics gradually 
increased during the period of 2011–2020. These 
results indicated that the occurrence of antibiotics 
in the environment has become a global issue. 
Additionally, the number of publications on the 
environmental occurrence of antibiotics in China is 
the highest compared to that in other countries, 
which may be due to that China is the largest pro
ducer, exporter and user of antibiotics in the world. 
Recent data (2011–2021) on concentrations of major 
antibiotic residues in different environmental com
partments worldwide is provided in Table 1.

2.1. Occurrence of antibiotics in waste, surface, 
sea, ground, and drinking water

Wastewater
The main sources of antibiotics are wastewaters 
from municipalities, pharmaceutical manufactur
ing, and hospitals [12,24], as well as animal hus
bandry and aquaculture [21,27,32]. The 
concentrations of antibiotics in the wastewaters 
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are provided in Table 1. Twenty-one antibiotics, 
including AMX, 4 MAs, 6 FQs, 5 TCs, 4 SAs, and 
TMP have been frequently detected in the waste
waters. Antibiotics in influents or effluents of 
WWTPs are at relatively high concentrations, 
ranging from several hundred ng/L to a few 
ten μg/L (Table 1). The concentrations of AMX 
in influents and effluents are in the range of 
200–6,516 ng/L and not detected (ND) – 1,600 
ng/L, respectively (Table 1), which indicates that 
AMX pollutant can be removed by WWTPs. The 
concentrations of the different antibiotic classes 
in influents follow the rank order SAs (ND – 
34,500 ng/L) > TCs (ND – 30,049 ng/L) > FQs 
(ND – 6,453 ng/L) > MAs (3–2,951 ng/L), while 
in effluents follow the rank order SAs (ND – 
12,848 ng/L) > FQs (ND – 9,347 ng/L) > TCs 
(ND – 2,014) > MAs (ND – 1,492 ng/L) (Table 
1). Obviously, WWTPs cannot completely 
remove antibiotics in wastewater. Relatively 
high concentrations of SAs and TCs are found 

in WWTP influents, which may be attributed to 
a very high consumption of SAs and TCs in 
veterinary medicines and feed additives [2,5,33]. 
Erythromycin (ERY) is most frequently detected 
in effluents, ranging from ND to 1,492 ng/L; CIP 
(ND – 3,403 ng/L), NOR (36.7–9,347 ng/L), and 
ofloxacin (OFL, 47.4–8,637 ng/L) are the most 
frequently detected FQs in effluents; the most 
frequently detected TCs in effluents are TC 
(ND – 1,536 ng/L), chlortetracycline (CTC, 
ND – 1,986 ng/L), and oxytetracycline (OTC, 
10.8–2,014 ng/L) (Table 1). Combination of 
TMP and SMX is extensively used to treat bac
terial infections [34]. SMX and TMP are ubiqui
tously detected in the treated effluents, with the 
highest concentrations being 12,848 ng/L and 
5,316 ng/L, respectively (Table 1). Furthermore, 
some degradation products are also detected in 
effluents, such as AMX penilloic acid, ERY-H2 
O and N-acetyl SMX, ranging from ND to 1,245 
ng/L (Table 1). Overall, the most frequently 

Figure 2. Top twenty active countries that conducted researches on the occurrence of antibiotics in the environment, and 
corresponding annual number of publications from 2011 to 2021.
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detected antibiotics in effluents of WWTPs 
include ERY, CIP, NOR, OFL, TC, CTC, OTC, 
SMX, and TMP.

The occurrence of antibiotics in effluents will 
impact the receiving river water. Some studies 
have investigated the distribution of antibiotics in 
upstream and downstream water of WWTPs, and 
found that antibiotics are at higher concentrations 
in downstream water than that in upstream water. 
For example, TMP was not detected in down
stream waters, but present in downstream water 
at high concentration (11–140 ng/L) [19,35,36]. 
The higher antibiotic concentrations in down
stream water subjected to discharge from 
WWTPs than that in upstream water provide 
proof of the incomplete removal of antibiotics in 
wastewaters after treatment. Additionally, the anti
biotic level in river is higher in urban than in 
suburban or rural areas, because of the high popu
lation density and anthropogenic activities, which 
result in larger inputs of wastewater into rivers 
[37]. Antibiotic pollution is also correlated with 
national income. Environmental antibiotic con
centrations are prominently higher in low- 
income countries, where wastewater treatment 
operations are limited, than in high-income coun
tries [38].

Surface water
Given their presence in the wastewater, antibiotics 
have been widely detected in the surface water. 
The concentrations of antibiotics in the surface 
water are provided in Table 1. The classes of 
antibiotics present in the surface water are con
sistent with their classes detected in the waste
water. Antibiotics in the surface water are at 
relatively low concentrations, ranging from ND 
to several thousand ng/L (Table 1). The concen
trations of the different antibiotic classes in the 
surface water follow the rank order SAs (ND – 
5,320 ng/L) > MAs (ND – 2,910 ng/L) ≈ FQs 
(ND – 2,888 ng/L) > TCs (ND – 700 ng/L) 
(Table 1). In general, the concentrations of anti
biotics in the surface waters are lower than that in 
the wastewaters, which may be due to the effects 
of dilution by river water and adsorption by sus
pended solids and sediment [5]. 3 MAs [ERY, 
roxithromycin (RTM), and clarithromycin 
(CTM)], 3 FQs (CIP, OFL, and NOR), 3 TCs 

(TC, CTC, and OTC), 3 SAs [SMX, sulfadiazine 
(SDZ), and sulfamethazine (SMZ)], and TMP 
have been frequently detected in the surface 
waters (Table 1). The occurrence and distribution 
of antibiotics in the surface waters change season
ally [22,31,39]. For instance, in a study of the 
Jianghan Plain (China), SAs were more frequently 
detected in spring (wet season) than that in 
autumn (dry season), as in the former the seasonal 
rainfall facilitated the entry of antibiotics depos
ited on the soil surface into surface water [39]. 
Similar results were obtained in a study of anti
biotic occurrence in the Shell Creek watershed 
(Nebraska, USA), where the highest concentra
tions of lincomycin (68 ng/L) and monensin (49 
ng/L) were detected during the summer months 
[31]. Low flow and cold weather may also enhance 
the persistence of antibiotics in water. It was 
found that detection frequencies and concentra
tions of antibiotics in the surface water of the 
Yangtze Estuary (China) were relatively high in 
January [40].

Seawater
Marine environment is a major receptacle of ter
restrial antibiotic residues deriving from waste
water effluent and river discharge [41–43]. The 
antibiotic concentrations in the seawaters are rela
tively low compared to that in the wastewaters and 
the river surface waters, ranging from ND to 
1349.2 ng/L; ERY-H2O, SMX, and TMP are the 
most frequently detected antibiotics in the sea
waters [41,42,44–46]. The lower concentrations of 
antibiotics in the seawaters are largely ascribed to 
impacts of dilution, deposition, and degradation in 
riverine transportation [25]. The water-exchange 
between the coastal waters and the open sea also 
impact the occurrence and distribution of antibio
tics. It was found that the total concentrations of 
antibiotics in open bay was significantly lower 
than that in more enclosed bays [41,42,44]. 
Additionally, both antibiotic and its metabolite 
were detected in the seawater. In the marine sam
ples (Liaodong Bay, China) tested by Jia et al. 
(2011) [43], SMX (25.2 ng/L) and its metabolite 
(N-acetyl-SMX, 28.6 ng/L) were the main com
pounds detected, suggesting that the contribution 
of antibiotic metabolites to environmental con
tamination is comparable to that of the 
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corresponding parent compounds. This reminds 
us to pay more attention to the occurrence of 
antibiotic metabolites.

Groundwater and drinking water
MAs, quinolones (including FQs), TCs, and SAs 
were widely detected in the groundwaters, ranging 
from ND to a few thousand ng/L [6]. TMP residue 
was also prevalent in the groundwaters, with con
centration ranging from 0.2 to 200.2 ng/L 
[30,39,47]. The distribution and concentrations of 
antibiotics in the groundwater are associated with 
seasonal variability. A previous study showed that 
the concentrations of FQs and TCs in the ground
water samples (Jianghan Plain, central China) were 
in the range of 20.2–212 ng/L and 4.99–58.9 ng/L 
in spring, respectively; 2.82–26.6 ng/L and 1.41– 
55.5 ng/L in summer, respectively; and 6.15–68.3 
ng/L and 0.710–123 ng/L in winter, respectively 
[48]. The higher concentrations of antibiotics in 
spring may be attributed to the contribution of 
increased rainfall in spring, which could poten
tially lead to the recharge of groundwater by sur
face water [39,48]. In contrast, another study 
showed that the total concentrations of four anti
biotics (danofloxacin, ERY, sulfamerazine, and 
SMX) in the groundwaters of drinking wells in 
the spring, autumn, and winter were in the range 
of ND – 5.42 ng/L, 3.57–308.04 ng/L, and 17.66– 
273.80 ng/L, respectively [49]. The lower concen
trations of antibiotics may be ascribed to a dilution 
effect and greater antibiotic export, which were 
induced by the increased rainfall in spring [49]. 
Information about the occurrence of antibiotics in 
the drinking waters is still limited, which may be 
due to that detection frequencies and concentra
tions of antibiotics in the drinking waters were 
generally low. Although drinking water may con
tain levels of antibiotics too low to pose a direct 
risk to human health, indirect effects may occur 
due to disturbances of the microbial communities 
that lead to the spread of ARGs. Therefore, more 
investigations should be performed on the occur
rence of antibiotics in the drinking waters.

In general, the concentrations of antibiotics 
detected in different aquatic environments range 
from low ng/L to a few μg/L. Different categories 
of antibiotics have been detected, mainly includ
ing β-lactams, MAs, FQs, TCs, SAs, 

diaminopyrimidines, and some metabolites 
(Table 1). Although the consumption of β- 
lactams (penicillins and cephalosporins) is high 
[2,10,50], in most cases, they are rarely detected 
in aqueous environments; which may be attribu
ted to their easy hydrolysis and photolysis, as well 
as effective removals in WWTPs [15,51–53]. 
According to the surveys [2,5,27], MAs, FQs, 
TCs, and SAs were the most frequently detected 
classes of antibiotics in the aquatic environments, 
which is consistent with the most widely used 
categories of antibiotics [2,10,50]. Among all anti
biotics tested thus far, ERY, ERY-H2O, CIP, NOR, 
TC, SMX, and TMP are the most frequently 
detected antibiotics in waters, with a detection 
typically exceeding 50%, and in some cases reach
ing 100% [2,11,19,21,54]. The persistence of these 
antibiotics in the aquatic environment could be 
ascribed to their good hydrophilicity, low volati
lity, and stability.

2.2. Occurrence of antibiotics in sediment, 
sewage sludge, biosolid, manure and soil

Sediment
Generally, antibiotics are detected in both waters 
and sediments of rivers and lakes [21,29,53,54], 
implying that the occurrence of antibiotics in sedi
ments might correlate with the degree of water 
pollution. Concentrations of antibiotics in the 
sediment range from ND to a few hundred ng/g 
(Table 1). FQs, TCs, and SAs are the most fre
quently detected antibiotic families in the sedi
ments. The total concentrations of FQs, TCs, and 
SAs in sediment samples range from ND to 569 
ng/g, ND to 32.2 ng/g, and ND to 7.2 ng/g, respec
tively (Table 1). The higher concentrations of FQs 
and TCs may be due to that FQs and TCs show 
high sorption onto sediments [53]. 3 FQs (CIP, 
OFL, and NOR), 3 TCs (TC, CTC, and OTC), 3 
SAs [SMX, SDZ, and sulfamethazine (SMZ)], and 
TMP have been frequently detected in the sedi
ments (Table 1), in correspondence with their 
distribution in surface waters. Additionally, to 
the best of our knowledge, current information 
on the fate and transport of antibiotic residues is 
still limited; sediment sorption might be one of the 
most important mechanisms leading to 
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persistence of antibiotic residues in the aquatic 
environment.

Sewage sludge and biosolid
In most cases, the concentrations of antibiotics 
in sewage sludge are higher than that in sedi
ment; the former is in the μg/g range [16,55]. It 
most likely due to strong adsorption ability of 
sewage sludge to antibiotics. It was found that 
TCs and FQs were the predominant antibiotics 
in sewage sludge; TC and OFL had been 
detected in amounts up to 1,650 and 5,800 ng/ 
g, respectively [16], indicating that the removal 
of TCs and FQs from sewage mainly depends 
on their adsorption onto sludge. Similarly, it 
was observed that the concentration of another 
FQs (i.e., CIP) adsorbed to sludge reached up to 
4,625 ng/g [55]. Biosolids usually derive from 
treated sewage sludge and have been applied in 
agriculture as soil conditioners. CIP, OFL and 
NOR had been detected in biosolids in concen
trations >1,000 ng/g [22]. Because antibiotics in 
sewage sludge and biosolid will be introduced 
into the environment if they are not further 
removed by other treatment process, their levels 
in WWTPs need to be monitored.

Manure and soil
Antibiotic concentrations in manures have been 
measured to range from trace levels to hun
dreds of μg/g [20,56–58]. TCs are commonly 
used in veterinary medicines and feed additives 
[23,33]. Due to the high consumption, TCs is 
most frequently detected in the manures. In 
a previous study [59], 17 antibiotics were ana
lyzed in different animal manures (i.e., chicken, 
duck, pig, and cattle manure); the maximum 
concentration was that of OTC (416.8 μg/g) in 
chicken manure. Similarly, OTC, CTC and dox
ycycline were the frequently detected TCs anti
biotics in the pig manure, with the highest 
concentrations being 541.020 μg/g, 392.150 μg/ 
g, and 56.260 μg/g, respectively [33]. 
Additionally, concentrations of parent TCs in 
swine manure slurry ranged from 53 to 137 μg/ 
L, and those of their degradation products 
[4-epitetracycline (4-ETC), 4-epianhydrotetra
cycline (4-EATC), and anhydrotetracycline] 
were in the range of 118–663 μg/L [20].

In most cases, antibiotics enter the soil envir
onment following the application of antibiotic- 
contaminated manures. A maximum concentra
tion of OTC of 8,400 ng/g was determined in 
manure-treated soils [60]. Degradation products 
of TCs have also been detected in manure- 
amended soils, with concentrations ranging 
from 3.4 ng/g (4-ETC) to 1,020 ng/g (4-EATC) 
[20]. The concentrations of antibiotic residues in 
soils are affected by manure source [20,58,60]. 
The detection frequency of antibiotic residues in 
different soils followed the order: poultry- 
manured soil > swine-manured soil > cow- 
manured soil [61]. Wastewater irrigation is 
another pathway by which antibiotics enter agri
culture soils [62]. It was discovered that the 
levels of antibiotics and ARGs were significantly 
higher in irrigated soils [63]. In addition, the 
occurrence of antibiotics is associated with dif
ferent depth layers of soil. Higher antibiotic 
concentration was observed in the surface soil 
(0–10 cm) than in deeper layers (10–40 cm) 
owing to their sorption and migration [20,62]. 
However, a previous study [61] investigated the 
concentrations of 13 substances in soil fertilized 
with animal manures, and found that concentra
tions of antibiotics detected in soils were higher 
at 20–40 cm and 40–60 cm depth than at 0– 
20 cm depth, implying that antibiotic residues 
are not easily eliminated from the deeper soil. 
They also found that SAs, TCs, and FQs tended 
to persist in deeper soil, the maximum concen
trations were 1,784, 86,567, 7,220 ng/g for SMX, 
CTC, and CIP, respectively, at 20–60 cm soil 
levels.

In summary, antibiotics have been measured 
in concentrations ranging from ng/g to μg/g in 
sediment, sewage sludge, biosolid, manure, and 
soil [dry matter (DM)]. FQs, TCs, and SAs were 
most frequently detected in sediments. 
Concentrations of antibiotics in sewage sludge 
are higher than that in sediments. TCs and 
FQs were the predominant antibiotics in sewage 
sludge, due to their strong adsorption onto 
sludge. TCs, together with their metabolites, 
have been detected in manures. Soil contamina
tion by antibiotics is associated with the applica
tion of antibiotic-contaminated manures and 
wastewater irrigation.
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3. Toxicity and effects

3.1. Toxicity to aquatic organisms

Toxicity data (EC50 values) of commonly detected 
antibiotics for various aquatic organisms are 
shown in Table 2. Among the affected aquatic 
species identified thus far are non-target bacteria 
(e.g., Anabaena CPB4337 and Vibrio fischeri), 
algae [e.g., Isochrysis galbana and 
Pseudokirchneriella subcapitata (P. subcapitata)], 
crustaceans (e.g., Daphnia magna), fish (e.g., 
Oryzias melastigma and Danio rerio) [34,64–70]. 
As shown by the obtained EC50 values, the toxi
city of antibiotics varies depending on test organ
isms and antibiotic types. However, low-trophic 
level species (e.g., cyanobacteria and algae) exhibit 
higher sensitivity to antibiotics than higher- 
trophic level organisms (e.g., crustaceans and 
fish) (Table 2); macrolide antibiotics seem to 
have higher toxic effects to cyanobacteria and 
algae compared to other antibiotic groups, with 
EC50 value < 1 mg/L [64,71]. Although the con
centrations of antibiotic residues in aquatic envir
onments range from low ng/L to μg/L, the 
continuous discharge and persistence of these con
taminants may produce unintended effects on 
non-target aquatic organisms. The present review 
focuses on three representative taxa, including cya
nobacteria, algae, and fish. These are the key taxa 
of great concern; due to that they occupy impor
tant trophic levels in the food chain.

Cyanobacteria and algae, as principal primary 
producers, are of fundamental importance in 
aquatic ecosystems. Therefore, toxicity effects of 
antibiotics on these taxa should be assessed. 
Generally, the toxicity studies of antibiotics in 
these taxa include assessments of their growth, 
photosynthetic capability, and antioxidant systems. 
Corresponding parameters involve algal cell den
sity, algal cell size, algal biomass, exopolysacchar
ides content, photosynthetic pigment content (e.g., 
chlorophyll a, chlorophyll b, and carotenoids), and 
biomarkers of the antioxidant system [e.g., super
oxide dismutase (SOD), malondialdehyde (MDA), 
catalase (CAT), glutathione reductase (GR), glu
tathione (GSH), and reactive oxygen species 
(ROS)] [34,72–75]. In most cases, adverse effects 
of antibiotics on physiology of cyanobacteria and 
algae include the inhibition of growth and the 

change of biomarkers activities [72–75]. For 
instance, it was observed that the growth and 
photosynthetic activity of the cyanobacterium 
(Microcystis flos-aquae) were promoted by low 
concentrations of ERY (0.001–0.1 μg/L), but inhib
ited at high concentrations (≥0.1 μg/L), possibly 
owing to hormesis (described by low-dose stimu
lation and high-dose inhibition). This effect was 
enhanced with exposure time increasing. 
Meanwhile, increasing levels of ERY induced 
high levels of MDA and intracellular ROS, as 
well as enhanced the activities of SOD and CAT 
[75]. Similarly, another study showed that the 
growth of freshwater microalgae 
(Chlamydomonas mexicana) was significantly 
inhibited at increased concentrations of CIP (40– 
100 mg/L), while MDA content and SOD activity 
were significantly increased [74]. Additionally, 
sensitivity of different microalgal species toward 
antibiotics varies. It was found that the growth of 
cyanobacterium (Chrysosporum ovalisporum) was 
significantly inhibited by FQs (ENR and NOR) (1– 
50 mg/L), while the growth of green algae 
(Chlorella vulgaris) was less affected by FQs. 
Activities of SOD, CAT, and GR in the Chlorella 
vulgaris significantly increased [73]. Microalgal 
species showed differential sensitivity to FQs, 
which may be due to their morphology, cytology, 
physiology, and phylogenetics [74]. Furthermore, 
the toxicity of a given antibiotic correlates to its 
property. A previous study showed that the con
tent of GSH significantly increased in cyanobac
teria (Microcystis aeruginosa) under 10–20 mg/L of 
cefradine, but decreased under exposure to NOR 
and AMX [72]. Previous results showed that bac
terial protein synthesis inhibitors (e.g., azithromy
cin, florfenicol and OTC) had higher toxicity 
effects to green algae (P. subcapitata) than cell 
wall synthesis inhibitors (e.g., cefotaxime and 
AMX), most likely due to different properties of 
antibiotics such as electrophilicity, stability, and 
hydrophobicity [76].

In addition to their places at the top of the 
aquatic food chain, fish are a major food and 
nutrient source for humans. Thus, toxic effects of 
antibiotics on fish should be considered. Previous 
study showed that behavior of fathead minnow 
(Pimephales promelas) was not affected by FQs 
exposure [77]; however, by microscopic 
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observation, it was found that skeletal muscle and 
cardiomyocyte tissues of adult zebrafish suffered 
severe damage when exposed to the mixture of 
FQs and TCs with high concentration (several 
tens of mg/L), imply that histopathological change 
in fish tissues exposed to antibiotics can be 
observed by microscopy [78]. Another recent 
study also confirmed that exposure of carp 
(Cyprinus carpio) to one of FQs (NOR: 100 ng/L 
and 1 mg/L) caused significant damage to the liver 
cells, reflecting as the enlargement of hepatocyte 
and cell nucleus [70]. Other adverse effects of 
antibiotics on physiology of fish include the 
change of biomarkers activities (e.g., acetylcholi
nesterase, SOD, CAT, MDA, glutathione peroxi
dase, and glutathione S-transferase), 
developmental toxicity (reflecting as embryo mal
formations, hatchability decrease, etc.), and func
tional disorders of nervous system 
[66,68,70,79,80]. Toxicity effects of antibiotic resi
dues on the reproduction and development of fish 
have attracted much attention. It was observed 
that a mixture of β-diketone antibiotics (DKAs) 
had toxicity effects on both F0-zebrafish and their 
F1-larvae. Ovaries and testes of F0-zebrafish suf
fered serious damage; both estradiol in zebrafish 
and testosterone in male zebrafish decreased sig
nificantly following DKAs exposure. Thus, DKAs 
could reduce or inhibit the reproductive ability of 
F0-zebrafish. Also, some gene expression (c6ast4, 
igfbp1b, mrpl42, tnnc2, emc4, and ddit4 etc.) of F1- 
larvae significantly differed in response to increas
ing concentrations of DKAs (control, 6.25 and 
12.5 mg/L), which may result in developmental 
disorders or diseases of larvae [81].

To date, most studies have examined the effects 
of a single antibiotic on aquatic organisms, includ
ing ERY on Microcystis flos-aquae [75], AMX on 
Microcystis aeruginosa [82], TC on ciliates [69], 
NOR on Cyprinus carpio [70], SMZ on Oryzias 
melastigma [66], Zebrafish [68] and others 
[83,84]. However, because different categories of 
antibiotics are released into environmental 
matrices, aquatic organisms are always exposed 
to mixtures of antibiotics. Hence, with the devel
opment of analysis techniques, research interests 
have expanded to include investigations of com
bined effects of binary and pluralistic antibiotics, 
as well as their modes of action. Two typical 

models (concentration addition and response 
addition), together with four joint toxic effects 
(independent, additive, synergistic, and antagonis
tic effect) are currently used to evaluate toxicolo
gical interactions of mixtures [34,64,85–88]. 
Furthermore, not only parent antibiotics but also 
their TPs have toxicity effects on non-target 
organisms [51,71,76], implying that the potential 
adverse effects of TPs should not be neglected. 
A previous study evaluated the toxic effects of 
AMX and its main degradation product amoxicil
loic acid (AMA); the latter likely played a principal 
role in toxicity test, due to that AMX was rapidly 
metabolized to AMA by Cyprinus Carpio [89]. In 
acute toxicity on aquatic organisms, it was found 
that both CTM and its metabolite 14-hydroxy(R)- 
CTM exhibited dramatic toxicity to cyanobacter
ium (Anabaena flos-aquae) [71]. Mixtures of SMX 
and its degradation products produced via ozona
tion [90], photodegradation [91], and persulfate 
oxidation [92] all exhibit comparable or higher 
toxicity than SMX alone in a variety of organisms 
(e.g., Vibrio fischeri, P. subcapitata, and Daphnia 
magna).

Overall, antibiotics can impact the growth, 
photosynthetic capability, and antioxidant systems 
of cyanobacteria and algae, and their toxicity cor
relates to its class, exposure dose, and exposure 
time. Antibiotics can also induce physiological 
changes in fish, as well as have toxicity effects on 
the reproduction of fish. The combined effect of 
binary and pluralistic antibiotics on aquatic organ
isms has become a focus, due to that antibiotics 
are often as mixtures present in the environment. 
Not only parent antibiotics but also their TPs have 
toxicity effects on non-target aquatic organisms. 
Currently, it remains a great challenge to identify 
the TPs that retain biological activity, due to the 
complexity and uncertainty of TPs. In the future, 
toxicological information for more antibiotics and 
their TPs, especially at environmentally relevant 
concentrations, as well as for more species are 
required to fully estimate the risks of antibiotic 
contamination for protecting the aquatic organ
isms. Additionally, precise mechanisms underlying 
the toxicity to aquatic organisms of antibiotics are 
not well understood but are increasingly being 
investigated in terms of proteomic responses and 
gene expression [70,78,81,82,93].
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3.2. Toxicity to terrestrial plants

Antibiotics enter terrestrial plants via manure appli
cations or wastewater irrigation, both of which may 
pose a risk to plant growth. Concentrations of TC 
and AMX accumulated in plants ranged from 4.4 to 
36.8 ng/g, 13.7 to 45.2 ng/g (fresh weight), respec
tively, when exposing the plants (i.e., carrot and 
lettuce) to different concentrations (0.1–15 mg/L) 
of antibiotics [94]. In addition, AMX was more easily 
absorbed by plant alfalfa than TC, probably due to its 
good solubility. A previous study measured the con
centration of SMZ in different parts of alfalfa and 
found that it was highly variable (between 0.38 ng/g 
in sap and 8.58 ng/g in root). The higher concentra
tion of SMZ in the root zone could be ascribed to the 
direct contact between roots and SMZ solution [95]. 
Studies have demonstrated that antibiotics may 
show toxic effects on farm plants (sweet oat, rice, 
maize, soybean etc.), owing to their bioaccumulative 
potential. The harmful effects include inhibition of 
seed germination and root elongation, changes in 
MDA contents and antioxidative enzyme activities 
(e.g., SOD, CAT and peroxidase), an increased chro
mosomal aberration frequency and yield reduction 
[96–101]. The phytotoxicity of antibiotics varies with 
the type of antibiotic and with the plant species. 
A previous study evaluated the phytotoxic effects of 
five antibiotics on seed germination and root elonga
tion of crops. Obtained EC50 values of various anti
biotics ranged from 10.3 to >300 mg/L; toxicity of 
antibiotics follows the order: TC > NOR > ERY > 
SMZ > CAP. The authors also found that sensitivity 
of crops to TC had the following decreasing order: 
carrot > tomato > lettuce > cucumber [99]. Although 
measured concentrations of antibiotics in soil or 
water rarely match or exceed the EC50 values, their 
potential toxicity should not be ignored. On the 
other hand, it was observed that 0.5–10 mg/L TC 
stimulated wheat growth (expressed as the stimula
tion of seed germination, cell mitotic division and 
seedlings growth) and had slight effects on antiox
idant enzymes activity of wheat. The beneficial effect 
could be attributed to antisepsis effect of TC at low 
concentrations and the protective effects of enzymes 
and other cellular constituents, although the exact 
mechanism is unclear [102].

In summary, antibiotics can accumulate in 
plants. To date, further research is required to 

better understand the uptake and translocation of 
different antibiotics in more plants. Antibiotics at 
low concentrations can stimulate the growth of 
plants, while at high concentrations have harmful 
effects on plants growth. The stimulation mechan
isms of antibiotics at low concentrations need to 
be further gone into.

3.3. Antibiotic resistance genes

Antibiotic abuse and misuse are generally 
described as the major reasons for antibiotic resis
tance [103–105]. Due to widespread use of anti
biotics, antibiotic-resistant bacteria (ARB) and 
ARGs are abundant in human and animal feces. 
Following excretion, ARB enter the environment, 
transferring their genes to environment- 
indigenous microbes [106]. Additionally, the role 
of antibiotic-contaminated environments has 
gained increasing attention for the development 
and dissemination of antibiotic resistance. The 
application of antibiotic-contaminated animal 
manure to farmland encourages the spread of 
ARGs between environmental bacteria and 
human pathogens [107,108]. Furthermore, anti
biotic residues and some contaminants (e.g., 
heavy metals and pesticides) in environmental 
matrices can support the spread of ARGs and 
selection of resistant bacterial populations 
[56,105,106,109]. On the other hand, antibiotics 
present in the environment can also exert selective 
pressure on environment-indigenous microbes 
persistently, inducing the uncontrolled spread of 
ARGs. It was confirmed that bacterial resistance to 
antibiotics can be obtained by biological pathways 
of self-formation or external stress [105].

Recently, there has been a growing concern 
about the spread of ARGs in the environment. 
A large number of ARGs have been detected in 
different environment compartments, mainly 
including wastewater, surface water, sediment, 
soil, and sewage sludge [36,47,54,110–113]. 
Wastewater is a gathering point for antibiotics, 
ARGs, and bacteria, and can serve as important 
reservoirs and environmental suppliers for ARGs 
[110]. A previous study investigated the occur
rence of ARGs in the wastewaters, and found 
that various ARGs, including blaTEM, qnrS, ermB, 
sulI, and tetW were detected at the highest 
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concentrations in hospital effluents and WWTP 
influents. The total copy numbers of ARGs ranged 
from 106 to 108 copies/mL based on Real-time 
PCR (qPCR) assays. The aforementioned ARGs 
were still present in effluents after treatment by 
WWTP [36]. The occurrence of ARGs in the 
effluents could promote the spread of ARGs in 
the receiving water and soil irrigated by waste
water. A previous study found that sulI and sulII 
genes showed high abundance in the WWTP efflu
ent, as well as in the surface water and sediment of 
receiving river. Based on qPCR assays, the copy 
numbers of sulI and sulII in the water and sedi
ment ranged from 9.56 × 104 to 3.30 × 108 copies/ 
mL, and 5.96 × 104 to 4.98 × 108 copies/g, respec
tively [54]. Additionally, tet A, tet C, tet O, sulI, 
sulII, and sulIII genes had high relative abundance 
in the irrigated soil, in corresponding to their 
abundance in the irrigation wastewater [63,112]. 
The relative abundance of sulI, sulII, tetM, tetW, 
and tetO were high in the manure and manure- 
amended agricultural soil [56,107], which sug
gested that manure can also act as an important 
environment supplier for ARGs. In general, tetra
cycline resistance genes (tetA, tetC, tetO and tetW) 
and sulfonamide resistance genes (sulI and sulII) 
genes were the most prevailing ARGs in different 
environmental matrixes, owing to the general use 
of the corresponding antibiotics, as well as their 
persistence in the environment 
[36,47,54,63,111–113].

Drinking water is a potential route of ARGs 
transfer into humans. Various ARGs (e.g., sulI, 
ermB, tetM, and tetO) was observed in drinking 
water source and tap water [114]. Though the 
relationship between ARGs in drinking water 
with human health risk is not very clear, consump
tion of drinking water polluted with ARGs may 
cause the dissemination of ARGs in human micro
biome [115]. In addition, various ARGs (e.g., sulI, 
ampC, blaTEM, and tetG) have been found in vege
tables (lettuce, carrots, and radishes) collected 
from the experimental land receiving animal man
ure as a fertilizer [107,108]. More seriously, some 
studies demonstrated that antibiotic-contaminated 
wastewater irrigated vegetables can contribute to 
resistance selection in human gut microbiome, 
which could lead to the propagation of resistance 
gene and resistance bacteria [116]. These findings 

imply that humans may be infected with ARGs via 
food chain. Overall, antibiotic-contaminated 
environments can promote the development and 
dissemination of antibiotic resistance. Diverse 
ARGs were detected in drinking water and ready- 
to-eat vegetables, which provided a potential route 
of ARGs transfer into human via water and food 
chain. Appropriate measures should be taken to 
minimize the impact of environmental stresses and 
antibiotic residues to ARGs dissemination, and 
thus protect the public health.

4. Degradation and removal methods

Due to the frequent detection of antibiotics in the 
environment and their potential threat to the eco
system, the present review also focuses on the 
degradation and removal methods of antibiotics. 
Table 3 summarizes previous research on antibio
tics and their degradation products.

4.1. Adsorption

Adsorption plays a key role for the removal of 
antibiotics present in the natural environment. 
Many studies have described the adsorption of 
antibiotics on soil [117], sediment [118], and nat
ural minerals (e.g., goethite and sepiolite) 
[119,120]. The adsorption behavior of antibiotics 
in soils is related to physical-chemical properties 
of soils (e.g., pH value, ion strength, and organic 
matter) and antibiotic species [117]. For example, 
it was found that illite-containing soils have higher 
sorption capacity for OTC, but loosely binds to 
OTC; whereas soils containing organic matter and 
kaolinite have lower sorption capacity, but tightly 
binds to OTC, implying that organic matter and 
clay type significantly impact OTC adsorption 
[121]. In general, based on the sorption coefficient 
values (Kd), the adsorption of antibiotics to soils 
follows the order: TCs > FQs > MAs > SAs, owing 
to the difference of their structures and functional 
groups [117]. It was confirmed by the fact that Kd 
values of representative antibiotics TC, NOR, ERY, 
SMZ in soils were 1093, 591, 130, 1.37 L/Kg, 
respectively [122].

Additionally, carbon-based adsorbent has been 
considered as an effective material for antibiotic 
wastewater treatment due to its cost-effectiveness, 
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high efficiency and environmental friendliness 
[28,123–125]. It was found that ZnCl2 modified 
biochar showed efficient adsorption capacity for 
TC removal. The adsorption mechanism was 
ascribed to electrostatic interaction, pore filling, 
π-π conjugation and H bonding [126]. 
Furthermore, many carbon-based adsorbents 
have been used for treatment of different groups 
of antibiotics, such as activated carbon for TCs, 
quinolones and penicillins adsorption [23], 
reduced graphene oxides for SAs adsorption 
[127], multi-walled carbon nanotubes for CAPs 
and SAs adsorption [128], biochar for SAs adsorp
tion [129]. The aforementioned studies suggested 
that interactions between carbon-based adsorbents 
and antibiotics showed great potential in the miti
gation of antibiotic contamination.

In recent time, many studies have mainly 
focused on the adsorption performance, as well 
as the mechanisms and factors influencing adsorp
tion of antibiotic contaminants onto the adsor
bents, while few studies have dealt with issues 
related to the recovery and regeneration of adsor
bents. In reality, these used adsorbents often con
tain a high level of antibiotics. For example, when 
the activated carbon was employed as an adsor
bent, the adsorption capacities for TCs, quino
lones, and penicillins were up to 1340.8, 638.6, 
and 570.4 mg/g, respectively [23]. The discharge 
of used adsorbents without adequate treatment 
may lead to a secondary pollution in the environ
ment. Various techniques have been employed in 
the regeneration of carbon-based adsorbents, such 
as steam regeneration, thermal regeneration, sol
vent regeneration (regeneration of inorganic che
micals and organic solvent regeneration), 
microwave irradiation regeneration, supercritical 
fluid regeneration, wet oxidation regeneration, 
electrochemical regeneration, and bio- 
regeneration [130,131]. Among these processes, 
antibiotic contaminants in the spent adsorbents 
can be decomposed in the processes of thermal 
regeneration, microwave irradiation regeneration, 
wet oxidation regeneration, and electrochemical 
regeneration. In the bio-regeneration process, anti
biotic contaminants could be degraded into small 
intermediates by microbes, which will eventually 
be converted into CO2 and H2O. To protect the 
environment and achieve sustainable 

development, further studies are still needed to 
investigate the adsorption performance and regen
eration of adsorbents simultaneously.

4.2. Hydrolysis

Hydrolysis is an important degradation pathway 
for some organic substances, especially for amides 
and esters. Temperature and pH value are the 
main factors that contributed to the hydrolysis of 
antibiotics. AMX, one of β-lactam antibiotics, is 
unstable and easily degrades in aqueous systems 
due to hydrolysis in its β-lactam ring. AMX penil
loic acid and AMX 2�, 5�- diketopiperazine are 
two major hydrolysis products of AMX [132,133]. 
It was found that AMX penilloic acid, AMX 2�, 
5�-diketopiperazine, and AMX penicilloic acid 
were unstable and they could be further degraded 
to generate 23 TPs in solutions of different pH 
conditions. Some stable TPs from above three 
AMX hydrolysis products were supposed to be 
penicillamine disulfide, dehydrocarboxylated 
AMX penilloic acid and 2-[amino(carboxy) 
methyl]-5,5-dimethyl-1,3-thiazolidine-4-carboxylic 
acid [134]. Hydrolysis half-life is often used to 
describe hydrolysis rate. Hydrolysis half-lives of 
cefalotin, cefoxitin and ampicillin were 5.3, 9.3, 
and 27 d under ambient conditions (pH 7 & 
25°C), respectively. When increasing temperature 
(pH 7 & 60°C), the half-lives for the same com
pounds were 0.067, 0.11, and 1.1 d, respectively. 
These results indicate that hydrolyzation is highly 
temperature-dependent. Suggested degradation 
products likely derive from the hydrolysis of 
ester, carbamate and amide moieties [135]. 
Further confirmation is obtained from the hydro
lysis of CAP, florfenicol, spiramycin and tylo
sin [136].

4.3. Photodegradation and oxidization

Photodegradation is a universal decomposition 
pathway for organic pollutants, including direct 
photodegradation, sensitized photodegradation, 
and photo-oxidation process. The photolysis pro
cess of antibiotics is affected by many factors, e.g., 
water composition (such as inorganic compounds, 
kinds and content of dissolved organic matter), 
water property (pH and temperature), 
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photosource, photocatalyst, structure and property 
of organic pollutants. For instance, some antibio
tics (e.g., NOR and OTC) exist in various forms 
owing to protonation in aqueous solutions of dif
ferent pH value, which may affect their absorbance 
and result in differences in photolysis kinetics 
[137,138].

FQs are sensitive to light. Direct photolysis rates 
of FQs were affected by pH due to that they can 
exist in various forms (cationic, zwitterionic, or 
anionic form) relying on solution pH [139,140]. 
The fastest degradation occurred at neutral or 
slightly alkaline condition under simulated sun
light irradiation due to the dominance of the zwit
terionic FQs. Photoproducts of NOR and OFL 
were ineffective, however, ENR photoproducts 
retained significant activity by Escherichia coli 
DH5α growth inhibition assay [139]. The activity 
of photoproducts from ENR obtained by Ge’s 
study [140] is consistent with those reported by 
Wammer’s study [139]. They further discovered 
the half-lives of six FQs undergoing solar- 
mediated direct photodegradation ranged from 
0.56 min to 28.8 min in surface waters. 
Photosensitizers [e.g., humic substances (HSs)] 
are proved to accelerate photolysis under radiation 
exposure. In Porras’s study [141], they found that 
combination of HSs with CIP can facilitate photo
decomposition of CIP in neutral and alkaline solu
tions; in the presence of HSs, the half-life of CIP 
(40 min < t1/2 < 60 min) was significantly 

decreased compared to CIP alone (t 1/2 = 2 h); 
however, HSs did not change the photodegrada
tion routes. The photolysis products of CIP were 
generated through substitution of fluorine atom 
(F) by hydroxyl (-OH), di-hydroxylation, oxida
tion of piperizine ring subsequent to defluorina
tion and decarboxylation deriving from parent 
compound. The authors also found that the anti
microbial activity of CIP, assessed by 
Staphylococcus aureus and Escherichia coli inhibi
tion assay, decreased significantly after irradiation 
in the presence of humic acid (HA), whereas only 
decreased slightly by direct photolysis. FQs 
removal via photo-oxidation process can also be 
an effective option, due to their piperazine moiety 
susceptible to electrophilic attacks by the strong 
oxidizing radicals (e.g., hydroxyl radical and sul
fate radical), which were produced by the photo
lysis of oxidants (e.g., H2O2, persulfate, and 
peroxymonosulfate); furthermore, the toxicity of 
FQs and obtained products decreased significantly 
[142–144]. For example, the removal efficiency of 
CIP was about 80% in the medium pressure UV- 
activated peroxymonosulfate system; hydroxyl 
radical and sulfate radical made great contribu
tions to the degradation of CIP; the genotoxicity 
of CIP solutions decreased after treatment [144].

Photolysis is the main elimination pathway of 
TCs [145]. In laboratory test, Jin’s team investi
gated the direct photolysis of OTC under UV- 
visible light irradiation and oxygen-free 

Figure 3. Proposed degradation pathways for SMX and its metabolites. (a) Under simulated solar (source [148]:); (b) under UV/CoFe2 

O4/TiO2 (source [150]:).
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conditions. They found that the photolysis rate of 
OTC decreased as the initial concentration 
increased; but enhanced as the temperature rose. 
They further discovered the photolysis behavior 
was pH-dependent, and the half-lives of OTC ran
ged from 22 to 194 min at different pH values (pH 
9.2–1.4). Alkaline conditions were more conducive 
to OTC photolysis than acid and neutral condi
tions, likely related to inter-/intramolecular proton 
transfer in the excited states [138]. Photolytic 
degradation was carried out combined with HA 
[145]; the authors found that HA accelerated the 
photolysis of TCT under UVA irradiation due to 
its photosensitization effect, whereas it inhibited 
TiO2 photocatalytic process by TiO2 surface deac
tivation and hydroxyl radical (•OH) quenching. 
The photodegradation of TC followed pseudo- 
first-order kinetics, via photodegradation path
ways that may include N-demethylation, hydroxy
lation and H-abstraction. TCs can also be removed 
by photo-oxidation process. It was found that 82% 
of TC was degraded in the medium pressure UV/ 
peroxymonosulfate system; hydroxyl radical domi
nated the degradation of TC; the proposed trans
formation mechanisms included hydroxylation, 
demethylation, and decarbonylation of TC [146].

SAs are hydrolytically stable in aqueous solu
tions even at an elevated temperature, but sensitive 
to light [28,147–149]. A previous study showed 
that the degradation degree of SAs was 88% – 
98%, except SMZ (52%) under simulated sunlight 
irradiation [147]. Regarding the photostability of 
SMX and its metabolites, both of them can 
undergo photolysis under simulated solar irradia
tion. Cleavage of the sulfonamide bond and SO2 
extrusion were considered as major degradation 
pathways. Figure 3a illustrates suggested degrada
tion pathways of SMX and its metabolites. 
Interestingly, the authors also found that a small 
amount of 4-nitroso-SMX (NO-SMX) can be 
transformed back to SMX [148]. The photodegra
dation of SMX under UV radiation with photo
catalyst CoFe2O4/TiO2 has been described [150], 
the proposed pathway is shown in Figure 3b. In 
Figure 3, we can find that the photolysis pathway 
of the same antibiotic may differ in response to 
a different light source. Additionally, one of SAs 
(sulfamethoxypyridazine) was degraded comple
tely within 128 min under UV irradiation and 

the hydroxylation might be the main photolysis 
pathway [151]. The results obtained by Lian’s 
team [149] showed that the degradation of SAs 
followed pseudo-first order reaction kinetics on 
UV irradiation (254 nm); corresponding kinetic 
parameters [i.e., molar absorption coefficients (at 
254 nm), fluence-based photolysisrate constants 
and quantum yield] were investigated. The SAs 
with a penta-heterocycle (e.g., SMX and sulfathia
zole) showed a higher photodegradation rate com
pared to those with a hexa-heterocycle (e.g., SMZ 
and SDZ). The photolysis of MAs has also been 
described. It was found that upon exposure to 
simulated sunlight, RTM and ERY degraded with 
half-life of 2.4–10 d. RTM can be changed to ERY 
with the illumination of UV light (254 nm); the 
proposed mechanism was the hydrolysis of imine 
group to produce carbonyl group [152].

In natural environment, sunlight plays an impor
tant role in eliminating antibiotics present in waters. 
Using the natural sunlight to remove antibiotic con
tamination is promising owing to its low cost and 
high efficiency. The photodegradation of antibiotics 
by natural or artificial sunlight has been the subject 
of research. For example, Sturini’ group [120,153– 
157] has been working on photodecomposition of 
FQs (e.g., CIP, ENR, and OFL) under natural/simu
lated sunlight. They found that solar light effectively 
degraded FQs, but the photodegradation products 
retained significant biotoxicity. The study on apply
ing sunlight to remove OTC showed that the out
door half-life of the antibiotic in midsummer ranged 
from 21 to 25 min, what’s more, OTC photodegra
dation can be enhanced in alkaline condition com
bining with sea salt [158]. Upon exposure to artificial 
sunlight for 48 h, SMX (dissolved in lake surface 
water) can generate eight photo-TPs [159]. 
Currently, photolysis for the removal of antibiotics 
is being intensively researched but in many cases the 
toxicity of the photoproducts remains to be deter
mined. Oxidation is also important for the removal 
of antibiotic pollutants in the natural environment. 
A previous study showed that SA, TC, and quino
lone antibiotics can be removed simultaneously via 
laccase-mediated oxidation combined with soil 
adsorption. The removal rates of each antibiotic in 
15 min were > 70% and reached approximately 
100% after 180 min under optimum condi
tions [160].
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4.4. Biodegradation

Microbial degradation serving as one major pro
cess for the removal of antibiotics is of growing 
interest. The degradation process is affected by 
many factors, such as microbial species, anaerobic 
and aerobic conditions, other readily biodegrad
able substrates, concentration of targeted antibio
tics, precipitation, and temperature.

In conventional municipal WWTPs, FQs are 
not easily biodegradable. It was confirmed by dif
ferent treatments such as anaerobic, anoxic, and 
aerobic treatment. Mass change percentages of 
FQs were extremely low, ranging from −33% to 
22%; the dewatered sludge contained 50–87% of 
the initial FQs [161]. However, FQs can be effec
tively biodegraded when treated with specific 
microbial community [162–166]. Through the 
combining use of Labrys portucalensis F11, 
Rhodococcus sp. FP1, and Rhodococcus sp. S2, bio
degradation rate of OFL, NOR, CIP, and moxi
floxacin (10 mg/L) at the 19th day was 98.3%, 
96.1%, 94.7%, and 80.5%, respectively, indicating 
that microbial alliance performed great degrada
tion ability even exposed to high level of FQs 
[165]. 40% – 55% of ENR (2–3 mg/L) was 
degraded when treated with the microbial inocula 
obtained from rhizosediment of plants; the main 
biodegradation intermediates were CIP and NOR; 
the relative abundance of phyla Proteobacteria 
(e.g., Achromobacter genus) and Bacteroidetes 
(e.g., Dysgonomonas and Flavobacterium genera) 
in the microbial inocula significantly increased 
after treated with ENR [164]. A thermophilic bac
terium (Thermus thermophilus, designated strain 
C419) isolated from sludge can be used for FQs 
degradation. 51.45% of CIP (5 mg/L) was removed 
after 120 h of incubation with strain C419. 
Regarding other FQs, after a 72 h of incubation 
with strain C419, the removal efficiency of ENR, 
OFL, and NOR (5 mg/L) was 74%, 70%, and 63%, 
respectively. The antibacterial activity of FQs (CIP, 
ENR, OFL, and NOR) decreased after treated with 
the strain C419 [166]. The fate and transformation 
of antibiotic residues in different environmental 
matrixes can be explored using radioactive anti
biotics. It was found that no mineralization of 
14C-CIP in water was observed, while 0.9% miner
alization was observed in soil after 93 days. The 

mineralization of 14C-CIP in sterile soil was 
decreased to about 0.4%, which indicated that 
biotic process can contribute to the degradation 
of CIP. Non-extractable residues of 14C-CIP in soil 
on day 0 and day 93 accounted for 57% and 88%, 
respectively, indicating CIP strong sorption onto 
soil [167]. The sorption of antibiotics in soil could 
enhance their persistent in the environment, 
which may reduce the bioavailability of antibiotics.

By contrast, some SAs are easily biodegradable 
[168–170]. For example, the degradation rates of 
SMX, sulfadimethoxine, and SMZ in sludge were 
99.8%, 96.6%, and 97.8% on 82th day, respectively. 
The major bacterial communities were 
Acinetobacter and Pseudomonas, which made 
great contributions to the degradation of SAs in 
sludge [169]. Some bacterial strains isolated from 
activated sludge can be applied to degrade SDZ, 
including genus Arthrobacter (strain D2 and strain 
D4), Paracoccus, Methylobacterium, and Kribbella; 
the degradation rates of SDZ by microorganism 
were in the range of 50–99.8% depending on the 
microbial species; the principal intermediate pro
ducts in SDZ biodegradation were 2-aminopyrimi
dine and 4-hydroxy-2-aminopyrimidine [171,172]. 
Though SAs are biodegradable, some, but not all 
of the TPs of SAs are biodegradable. It was found 
that TPs of SMX (i.e., 3-amino-5-methylisoxazole 
(3A5M), 4-nitro-sulfamethxoazole (NO2-SMX), 
SMX isomer and [C10H13N3O4S]) were biodegrad
able, whereas sulfanilic acid and 5-methylisoxazol- 
3-yl-sulfamate mainly exhibited abiotic attenua
tion [159]. Interestingly, SMX concentration 
increased when the irradiated solution was incu
bated, which is in accordance with a previous work 
[148]; it was likely due to back-transformation of 
NO2-SMX by microorganism. It was found that 
SMZ can be eliminated by plant Tripolium panno
nicum and further under anaerobic digestion, 
which suggested that Tripolium pannonicum has 
a potential ability for treating wastewater [173]. 
Additionally, radioactive antibiotics can be used 
to explore the fate and transformation of antibio
tics. A previous study showed that the maximum 
mineralization rate of 14C-SMX was 3%. The bioa
vailable SMX fraction slightly decreased from 98% 
to 94%, while the non-extractable fraction in the 
sludge slightly increased from 1% to 3.4% under 
aerobic heterotrophic conditions. These results 
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indicated that the biotransformation was respon
sible for the removal of SMX, while mineralization 
and sorption were less important [174]. With the 
exception of FQs and SAs, other antibiotics are 
also biodegradable, such as ERY [175], CTM 
[176], and CTC [177]. The removal of ceftiofur, 
a representative cephalosporin, can reach 100% in 
inoculated culture medium and is independent of 
its concentration as well as the concomitant pre
sence of ENR [164].

Compared to other abiotic removal methods, 
biodegradation has its advantages of cost- 
effectiveness and environmental friendliness in 
actual application. Considering the actual appli
cation situation, current focuses of research 
interest gradually pay attention to the identifi
cation and structural analysis of effective anti
biotic-degrading strains and the biodegradation 
capability of selected microbial community to 
antibiotics [169–172,175–180]. On the other 
hand, the structure and diversity of microbial 
communities can be changed, as the resident 
species become acclimated to the target antibio
tics [164]. As the authors shown, 
a predominant selection of microorganisms 
belonging to the phyla Proteobacteria and 
Bacteroidetes are associated with the biodegra
dation of ceftiofur and ENR. Therefore, future 
researches should pay more attention to the 
screening of highly efficient antibiotic- 
degrading bacterial strains from the environ
mental matrices (e.g., sludge, sediment, manure, 
and soil) containing antibiotic residues, which 
may stimulate the removal of antibiotics from 
contaminated environments. Currently, metage
nomics approaches could be a powerful tool to 
understand the microbial community structure 
and functioning [93,181].

5. Conclusions and future perspectives

Antibiotics, as emerging contaminants, were found 
in various environmental compartments of differ
ent regions. The concentrations of antibiotic resi
dues were ranging from low ng/L to a few μg/L in 
aquatic environments, and from ng/g to μg/g in 
solid matrices. Among all of antibiotic classes, 
MAs, FQs, TCs, and SAs were the dominant anti
biotic groups in the environment. The frequently 

detected antibiotics were ERY, ERY-H2O, CIP, 
NOR, TC, SMX, and TMP. The factors affecting 
antibiotic occurrence include antibiotic consump
tion, national income, population density, waste
water treatment technology, and seasonal rainfall. 
Both antibiotics and their TPs have toxicity effects 
on non-target organisms in the aquatic and terres
trial ecosystems. The occurrence and spread of 
ARGs/ARB in the environment are of growing 
interest, owing to their potential risks to human 
health. Studies of the degradation and removal of 
antibiotics have shown that β-lactams can be 
hydrolyzed; FQs and SAs can undergo biodegrada
tion by specific microbes; and FQs, TCs, and SAs 
are most effectively removed by photolysis and 
oxidation. With the development of LC-MS/MS 
methods, research interests have expanded to elu
cidate TPs of antibiotics, their activity, and their 
fates in the ecosystem.

Given the extensive use and continuous dis
charge of antibiotics, there is a need for more 
researches on the environmental occurrence, 
toxicity, degradation and removal of antibiotics. 
To achieve the sustainable development, the 
future research directions are suggested as fol
lows. (1) The development of analytical methods 
for the detection of a greater number of antibio
tics and their TPs, in order to improve risk assess
ments and establish quality standards for 
antibiotics in the environment; (2) further toxi
cological studies must be performed on potential 
chronic effects of antibiotic mixtures and their 
degradation products at environment-related 
concentration; (3) understand better and deeper 
the toxicity of antibiotics toward non-target 
organisms by proteomic responses and gene 
expression study; (4) human health may be 
affected by the consumption of agricultural pro
ducts polluted by antibiotics, more attention 
should be paid to the indirect effects of antibiotics 
caused by the drinking water and food chain; (5) 
further research is needed to evaluate the rela
tionship between antibiotic contamination and 
the presence of ARGs/ARB in the environment; 
(6) elucidation of degradation products and their 
bioactivity needs to be further investigated; (7) 
develop efficient and low-cost treatment technol
ogy for controlling the emission of antibiotic 
contaminants.

BIOENGINEERED 7409



Acknowledgements

This project was supported by the National Natural Science 
Foundation of China (21876207), Research Project of 
Ecological Environment in Jiangsu Province (2020004).

Disclosure statement

No potential conflict of interest was reported by the 
author(s).

Funding

This work was supported by the National Natural Science 
Foundation of China [21876207]; Research Project of 
Ecological Environment in Jiangsu Province [2020004].

References

[1] Polianciuc SI, Gurzau AE, Kiss B, et al. Antibiotics in 
the environment: causes and consequences. Med 
Pharm Rep. 2020;93:231–240.

[2] Kovalakova P, Cizmas L, McDonald TJ, et al. 
Occurrence and toxicity of antibiotics in the aquatic 
environment: a review. Chemosphere. 
2020;251:126351.

[3] Singh SP, Qureshi A, Hassan W. Mechanisms of action 
by antimicrobial agents: a review. 2021;19(1).

[4] Dowling A, O’Dwyer J, Adley C. Antibiotics: mode of 
action and mechanisms of resistance. 2017;1:536–545.

[5] Carvalho IT, Santos L. Antibiotics in the aquatic envir
onments: a review of the European scenario. Environ 
Int. 2016;94:736–757.

[6] Zainab SM, Junaid M, Xu N, et al. Antibiotics and 
antibiotic resistant genes (ARGs) in groundwater: 
a global review on dissemination, sources, interactions, 
environmental and human health risks. Water Res. 
2020;187:116455.

[7] Xiong L, Liao D, Lu X, et al. Proteomic analysis reveals 
that a global response is induced by subinhibitory 
concentrations of ampicillin. Bioengineered. 
2017;8:732–741.

[8] Scaria J, Anupama KV, Nidheesh PV. Tetracyclines in 
the environment: an overview on the occurrence, fate, 
toxicity, detection, removal methods, and sludge 
management. Sci Total Environ. 2021;771.

[9] Van Boeckel TP, Brower C, Gilbert M, et al. Global 
trends in antimicrobial use in food animals. Proc Natl 
Acad Sci U S A. 2015;112:5649–5654.

[10] Zhang QQ, Ying GG, Pan CG, et al. Comprehensive 
evaluation of antibiotics emission and fate in the river 
basins of China: source analysis, multimedia modeling, 
and linkage to bacterial resistance. Environ Sci 
Technol. 2015;49:6772–6782.

[11] Tran NH, Chen H, Reinhard M, et al. Occurrence and 
removal of multiple classes of antibiotics and antimi
crobial agents in biological wastewater treatment 
processes. Water Res. 2016;104:461–472.

[12] Wang J, Chu L, Wojnarovits L, et al. Occurrence and 
fate of antibiotics, antibiotic resistant genes (ARGs) 
and antibiotic resistant bacteria (ARB) in municipal 
wastewater treatment plant: an overview. Sci Total 
Environ. 2020;744:140997.

[13] Daghrir R, Drogui P. Tetracycline antibiotics in the 
environment: a review. Environ Chem Lett. 
2013;11:209–227.

[14] Van Doorslaer X, Dewulf J, Van Langenhove H, et al. 
Fluoroquinolone antibiotics: an emerging class of 
environmental micropollutants. Sci Total Environ. 
2014;500-501:250–269.

[15] Kairigo P, Ngumba E, Sundberg LR, et al. Occurrence 
of antibiotics and risk of antibiotic resistance evolution 
in selected Kenyan wastewaters, surface waters and 
sediments. Sci Total Environ. 2020;720:137580.

[16] Zhou LJ, Ying GG, Liu S, et al. Occurrence and fate of 
eleven classes of antibiotics in two typical wastewater 
treatment plants in South China. Sci Total Environ. 
2013;452-453:365–376.

[17] Fernandes MJ, Paiga P, Silva A, et al. Antibiotics and 
antidepressants occurrence in surface waters and sedi
ments collected in the north of Portugal. Chemosphere. 
2020;239:124729.

[18] Mokhtar HI, Abdel-Salam RA, Hadad GM. Tolerance 
intervals modeling for design space of a salt assisted 
liquid-liquid microextraction of trimethoprim and six 
common sulfonamide antibiotics in environmental 
water samples. J Chromatogr A. 2019;1586:18–29.

[19] Dinh QT, Moreau-Guigon E, Labadie P, et al. 
Occurrence of antibiotics in rural catchments. 
Chemosphere. 2017;168:483–490.

[20] Solliec M, Roy-Lachapelle A, Gasser MO, et al. 
Fractionation and analysis of veterinary antibiotics 
and their related degradation products in agricultural 
soils and drainage waters following swine manure 
amendment. Sci Total Environ. 2016;543:524–535.

[21] Chen K, Zhou JL. Occurrence and behavior of antibio
tics in water and sediments from the Huangpu River, 
Shanghai, China. Chemosphere. 2014;95:604–612.

[22] Petrie B, Barden R, Kasprzyk-Hordern B. A review on 
emerging contaminants in wastewaters and the envir
onment: current knowledge, understudied areas and 
recommendations for future monitoring. Water Res. 
2015;72:3–27.

[23] Ahmed MJ. Adsorption of quinolone, tetracycline, and 
penicillin antibiotics from aqueous solution using acti
vated carbons: review. Environ Toxicol Pharmacol. 
2017;50:1–10.

[24] Khan NA, Ahmed S, Farooqi IH, et al. Occurrence, 
sources and conventional treatment techniques for var
ious antibiotics present in hospital wastewaters: a critical 
review. TrAC, Trends Anal. Chem. 2020;129:115921.

7410 Q. YANG ET AL.



[25] Anh HQ, Le TPQ, Da Le N, et al. Antibiotics in surface 
water of East and Southeast Asian countries: a focused 
review on contamination status, pollution sources, 
potential risks, and future perspectives. Sci Total 
Environ. 2021;764:142865.

[26] Riaz L, Mahmood T, Khalid A, et al. Fluoroquinolones 
(FQs) in the environment: a review on their abun
dance, sorption and toxicity in soil. Chemosphere. 
2018;191:704–720.

[27] Liu X, Lu S, Guo W, et al. Antibiotics in the aquatic 
environments: a review of lakes, China. Sci Total 
Environ. 2018;627:1195–1208.

[28] Tian S, Zhang C, Huang D, et al. Recent progress in 
sustainable technologies for adsorptive and reactive 
removal of sulfonamides. Chem Eng J. 
2020;389:123423.

[29] Matongo S, Birungi G, Moodley B, et al. 
Pharmaceutical residues in water and sediment of 
Msunduzi River, KwaZulu-Natal, South Africa. 
Chemosphere. 2015;134:133–140.

[30] Burke V, Richter D, Greskowiak J, et al. Occurrence of 
antibiotics in surface and groundwater of a drinking 
water catchment area in Germany. Water Environ Res. 
2016;88:652–659.

[31] Jaimes-Correa JC, Snow DD, Bartelt-Hunt SL. Seasonal 
occurrence of antibiotics and a beta agonist in an 
agriculturally-intensive watershed. Environ Pollut. 
2015;205:87–96.

[32] Seoane M, Rioboo C, Herrero C, et al. Toxicity induced 
by three antibiotics commonly used in aquaculture on 
the marine microalga Tetraselmis suecica (Kylin) 
Butch. Mar Environ Res. 2014;101:1–7.

[33] Xu M, Li H, Li S, et al. The presence of tetracyclines 
and sulfonamides in swine feeds and feces: dependence 
on the antibiotic type and swine growth stages. Environ 
Sci Pollut Res Int. 2020;27:43093–43102.

[34] Teixeira JR, Granek EF. Effects of 
environmentally-relevant antibiotic mixtures on mar
ine microalgal growth. Sci Total Environ. 
2017;580:43–49.

[35] Gibs J, Heckathorn HA, Meyer MT, et al. Occurrence 
and partitioning of antibiotic compounds found in the 
water column and bottom sediments from a stream 
receiving two wastewater treatment plant effluents in 
northern New Jersey, 2008. Sci Total Environ. 
2013;458-460:107–116.

[36] Rodriguez-Mozaz S, Chamorro S, Marti E, et al. 
Occurrence of antibiotics and antibiotic resistance 
genes in hospital and urban wastewaters and their 
impact on the receiving river. Water Res. 
2015;69:234–242.

[37] Xue B, Zhang R, Wang Y, et al. Antibiotic contamina
tion in a typical developing city in south China: occur
rence and ecological risks in the Yongjiang River 
impacted by tributary discharge and anthropogenic 
activities. Ecotoxicol Environ Saf. 2013;92:229–236.

[38] Segura PA, Takada H, Correa JA, et al. Global occur
rence of anti-infectives in contaminated surface waters: 
impact of income inequality between countries. 
Environ Int. 2015;80:89–97.

[39] Tong L, Huang S, Wang Y, et al. Occurrence of anti
biotics in the aquatic environment of Jianghan Plain, 
central China. Sci Total Environ. 2014;497- 
498:180–187.

[40] Yan C, Yang Y, Zhou J, et al. Antibiotics in the surface 
water of the Yangtze Estuary: occurrence, distribution 
and risk assessment. Environ Pollut. 2013;175:22–29.

[41] Zhang R, Tang J, Li J, et al. Occurrence and risks of 
antibiotics in the coastal aquatic environment of the 
Yellow Sea, North China. Sci Total Environ. 2013;450- 
451:197–204.

[42] Zhang R, Tang J, Li J, et al. Antibiotics in the offshore 
waters of the Bohai Sea and the Yellow Sea in China: 
occurrence, distribution and ecological risks. Environ 
Pollut. 2013;174:71–77.

[43] Jia A, Hu J, Wu X, et al. Occurrence and source 
apportionment of sulfonamides and their metabolites 
in Liaodong Bay and the adjacent Liao River basin, 
North China. Environ Toxicol Chem. 
2011;30:1252–1260.

[44] Zhang R, Zhang G, Zheng Q, et al. Occurrence and 
risks of antibiotics in the Laizhou Bay, China: impacts 
of river discharge. Ecotoxicol Environ Saf. 
2012;80:208–215.

[45] Du J, Zhao H, Liu S, et al. Antibiotics in the coastal 
water of the South Yellow Sea in China: occurrence, 
distribution and ecological risks. Sci Total Environ. 
2017;595:521–527.

[46] Wu Q, Pan CG, Wang YH, et al. Antibiotics in 
a subtropical food web from the Beibu Gulf, South 
China: occurrence, bioaccumulation and trophic 
transfer. Sci Total Environ. 2021;751:141718.

[47] Archundia D, Duwig C, Lehembre F, et al. Antibiotic 
pollution in the Katari subcatchment of the Titicaca 
Lake: major transformation products and occurrence 
of resistance genes. Sci Total Environ. 
2017;576:671–682.

[48] Yao L, Wang Y, Tong L, et al. Occurrence and risk 
assessment of antibiotics in surface water and ground
water from different depths of aquifers: a case study at 
Jianghan Plain, central China. Ecotoxicol Environ Saf. 
2017;135:236–242.

[49] Gray AD, Todd D, Hershey AE. The seasonal distribu
tion and concentration of antibiotics in rural streams 
and drinking wells in the piedmont of North Carolina. 
Sci Total Environ. 2020;710:136286.

[50] Van Boeckel TP, Gandra S, Ashok A, et al. Global 
antibiotic consumption 2000 to 2010: an analysis of 
national pharmaceutical sales data. Lancet Infect Dis. 
2014;14:742–750.

[51] Wang XH, Lin AY. Phototransformation of cephalos
porin antibiotics in an aqueous environment results in 

BIOENGINEERED 7411



higher toxicity. Environ Sci Technol. 
2012;46:12417–12426.

[52] Arsand JB, Hoff RB, Jank L, et al. Transformation 
products of amoxicillin and ampicillin after photolysis 
in aqueous matrices: identification and kinetics. Sci 
Total Environ. 2018;642:954–967.

[53] Kafaei R, Papari F, Seyedabadi M, et al. Occurrence, 
distribution, and potential sources of antibiotics pollu
tion in the water-sediment of the northern coastline of 
the Persian Gulf, Iran. Sci Total Environ. 
2018;627:703–712.

[54] Zhang G, Lu S, Wang Y, et al. Occurrence of antibio
tics and antibiotic resistance genes and their correla
tions in lower Yangtze River, China. Environ Pollut. 
2020;257:113365.

[55] Östman M, Lindberg RH, Fick J, et al. Screening of 
biocides, metals and antibiotics in Swedish sewage 
sludge and wastewater. Water Res. 2017;115:318–328.

[56] Ji X, Shen Q, Liu F, et al. Antibiotic resistance gene 
abundances associated with antibiotics and heavy 
metals in animal manures and agricultural soils adja
cent to feedlots in Shanghai; China. J Hazard Mater. 
2012;235-236:178–185.

[57] Joy SR, Bartelt-Hunt SL, Snow DD, et al. Fate and 
transport of antimicrobials and antimicrobial resis
tance genes in soil and runoff following land applica
tion of swine manure slurry. Environ Sci Technol. 
2013;47:12081–12088.

[58] Bloem E, Albihn A, Elving J, et al. Contamination of 
organic nutrient sources with potentially toxic ele
ments, antibiotics and pathogen microorganisms in 
relation to P fertilizer potential and treatment options 
for the production of sustainable fertilizers: a review. 
Sci Total Environ. 2017;607-608:225–242.

[59] Zhang H, Luo Y, Wu L, et al. Residues and potential 
ecological risks of veterinary antibiotics in manures 
and composts associated with protected vegetable 
farming. Environ Sci Pollut Res. 2015;22:5908.

[60] Zhang H, Zhou Y, Huang Y, et al. Residues and risks of 
veterinary antibiotics in protected vegetable soils fol
lowing application of different manures. Chemosphere. 
2016;152:229–237.

[61] Wei R, Ge F, Zhang L, et al. Occurrence of 13 veter
inary drugs in animal manure-amended soils in 
Eastern China. Chemosphere. 2016;144:2377–2383.

[62] Pan M, Wong CK, Chu LM. Distribution of antibiotics 
in wastewater-irrigated soils and their accumulation in 
vegetable crops in the Pearl River Delta, southern 
China. J Agric Food Chem. 2014;62:11062–11069.

[63] Chen C, Li J, Chen P, et al. Occurrence of antibiotics 
and antibiotic resistances in soils from wastewater irri
gation areas in Beijing and Tianjin, China. Environ 
Pollut. 2014;193:94–101.

[64] González-Pleiter M, Gonzalo S, Rodea-Palomares I, et al. 
Toxicity of five antibiotics and their mixtures towards 
photosynthetic aquatic organisms: implications for envir
onmental risk assessment. Water Res. 2013;47:2050–2064.

[65] Huang DJ, Hou JH, Kuo TF, et al. Toxicity of the 
veterinary sulfonamide antibiotic sulfamonomethoxine 
to five aquatic organisms. Environ Toxicol Pharmacol. 
2014;38:874–880.

[66] Zhao S, Wang X, Li Y, et al. Bioconcentration, meta
bolism, and biomarker responses in marine medaka 
(Oryzias melastigma) exposed to sulfamethazine. 
Aquat Toxicol. 2016;181:29–36.

[67] Białk-Bielińska A, Stolte S, Arning J, et al. Ecotoxicity 
evaluation of selected sulfonamides. Chemosphere. 
2011;85:928–933.

[68] Yan Z, Yang Q, Jiang W, et al. Integrated toxic evalua
tion of sulfamethazine on zebrafish: including two life
span stages (embryo-larval and adult) and three 
exposure periods (exposure, post-exposure and 
re-exposure). Chemosphere. 2018;195:784–792.

[69] Wang L, Chen Y, Zhao Y, et al. Toxicity of two tetra
cycline antibiotics on Stentor coeruleus and 
Stylonychia lemnae: potential use as toxicity indicator. 
Chemosphere. 2020;255:127011.

[70] Zhang S-Q, Li P, Zhao X-L, et al. Hepatotoxicity in 
carp (Cyprinus carpio) exposed to environmental levels 
of norfloxacin (NOR): some latest evidences from tran
scriptomics analysis, biochemical parameters and his
topathological changes. Chemosphere. 
2021;283:131210.

[71] Baumann M, Weiss K, Maletzki D, et al. Aquatic toxi
city of the macrolide antibiotic clarithromycin and its 
metabolites. Chemosphere. 2015;120:192–198.

[72] Du Y, Wang J, Zhu F, et al. Comprehensive assessment 
of three typical antibiotics on cyanobacteria 
(Microcystis aeruginosa): the impact and recovery 
capability. Ecotoxicol Environ Saf. 2018;160:84–93.

[73] Chen S, Zhang W, Li J, et al. Ecotoxicological effects of 
sulfonamides and fluoroquinolones and their removal 
by a green alga (Chlorella vulgaris) and 
a cyanobacterium (Chrysosporum ovalisporum). 
Environ Pollut. 2020;263:114554.

[74] Xiong JQ, Kurade MB, Kim JR, et al. Ciprofloxacin 
toxicity and its co-metabolic removal by a freshwater 
microalga Chlamydomonas mexicana. J Hazard Mater. 
2017;323:212–219.

[75] Wan J, Guo P, Peng X, et al. Effect of erythromycin 
exposure on the growth, antioxidant system and photo
synthesis of Microcystis flos-aquae. J Hazard Mater. 
2015;283:778–786.

[76] Fu L, Huang T, Wang S, et al. Toxicity of 13 different 
antibiotics towards freshwater green algae 
Pseudokirchneriella subcapitata and their modes of 
action. Chemosphere. 2017;168:217–222.

[77] Robinson AA, Belden JB, Lydy MJ. Toxicity of fluor
oquinolone antibiotics to aquatic organisms. Environ 
Toxicol Chem. 2005;24:423–430.

[78] Zhang Y, Wang X, Yin X, et al. Toxicity assessment of 
combined fluoroquinolone and tetracycline exposure 
in zebrafish (Danio rerio). Environ Toxicol. 
2016;31:736–750.

7412 Q. YANG ET AL.



[79] Liu J, Lu G, Ding J, et al. Tissue distribution, biocon
centration, metabolism, and effects of erythromycin in 
crucian carp (Carassius auratus). Sci Total Environ. 
2014;490:914–920.

[80] Liu J, Lu G, Wang Y, et al. Bioconcentration, metabo
lism, and biomarker responses in freshwater fish 
Carassius auratus exposed to roxithromycin. 
Chemosphere. 2014;99:102–108.

[81] Wang X, Ma Y, Liu J, et al. Reproductive toxicity of 
beta-diketone antibiotic mixtures to zebrafish (Danio 
rerio). Ecotoxicol Environ Saf. 2017;141:160–170.

[82] Liu Y, Chen S, Zhang J, et al. Growth, 
microcystin-production and proteomic responses of 
Microcystis aeruginosa under long-term exposure to 
amoxicillin. Water Res. 2016;93:141–152.

[83] Guo J, Selby K, Boxall AB. Comparing the sensitivity of 
chlorophytes, cyanobacteria, and diatoms to major-use 
antibiotics. Environ Toxicol Chem. 2016;35:2587–2596.

[84] Yan Z, Yang Q, Wang X, et al. Correlation between 
antibiotic-induced feeding depression and body size 
reduction in zooplankton (rotifer, Brachionus calyci
florus): neural response and digestive enzyme 
inhibition. Chemosphere. 2019;218:376–383.

[85] Hagenbuch IM, Pinckney JL. Toxic effect of the com
bined antibiotics ciprofloxacin, lincomycin, and tylosin 
on two species of marine diatoms. Water Res. 
2012;46:5028–5036.

[86] Magdaleno A, Saenz ME, Juarez AB, et al. Effects of six 
antibiotics and their binary mixtures on growth of 
Pseudokirchneriella subcapitata. Ecotoxicol Environ 
Saf. 2015;113:72–78.

[87] Geiger E, Hornek-Gausterer R, Sacan MT. Single and 
mixture toxicity of pharmaceuticals and chlorophenols 
to freshwater algae Chlorella vulgaris. Ecotoxicol 
Environ Saf. 2016;129:189–198.

[88] Zhang Y, Guo P, Wang M, et al. Mixture toxicity 
effects of chloramphenicol, thiamphenicol, florfenicol 
in Daphnia magna under different temperatures. 
Ecotoxicology. 2021;30:31–42.

[89] Elizalde-Velazquez A, Martinez-Rodriguez H, Galar- 
Martinez M, et al. Effect of amoxicillin exposure on 
brain, gill, liver, and kidney of common carp (Cyprinus 
carpio): the role of amoxicilloic acid. Environ Toxicol. 
2017;32:1102–1120.

[90] MdM G-R, Mezcua M, Aguera A, et al. Chemical and 
toxicological evolution of the antibiotic sulfamethoxa
zole under ozone treatment in water solution. J Hazard 
Mater. 2011;192:18–25.

[91] Gmurek M, Horn H, Majewsky M. 
Phototransformation of sulfamethoxazole under simu
lated sunlight: transformation products and their anti
bacterial activity toward Vibrio fischeri. Sci Total 
Environ. 2015;538:58–63.

[92] Qi C, Liu X, Lin C, et al. Degradation of sulfamethoxazole 
by microwave-activated persulfate: kinetics, mechanism 
and acute toxicity. Chem Eng J. 2014;249:6–14.

[93] Kumar Awasthi M, Ravindran B, Sarsaiya S, et al. 
Metagenomics for taxonomy profiling: tools and 
approaches. Bioengineered. 2020;11:356–374.

[94] Azanu D, Mortey C, Darko G, et al. Uptake of anti
biotics from irrigation water by plants. Chemosphere. 
2016;157:107–114.

[95] Kurwadkar S, Struckhoff G, Pugh K, et al. Uptake and 
translocation of sulfamethazine by alfalfa grown under 
hydroponic conditions. J Environ Sci (China). 
2017;53:217–223.

[96] Hillis DG, Fletcher J, Solomon KR, et al. Effects of ten 
antibiotics on seed germination and root elongation in 
three plant species. Arch Environ Contam Toxicol. 
2011;60:220–232.

[97] Wen B, Liu Y, Wang P, et al. Toxic effects of chlorte
tracycline on maize growth, reactive oxygen species 
generation and the antioxidant response. J Environ 
Sci. 2012;24:1099–1105.

[98] Pino MR, Muniz S, Val J, et al. Phytotoxicity of 15 com
mon pharmaceuticals on the germination of Lactuca sativa 
and photosynthesis of Chlamydomonas reinhardtii. 
Environ Sci Pollut Res Int. 2016;23:22530–22541.

[99] Pan M, Chu LM. Phytotoxicity of veterinary antibiotics 
to seed germination and root elongation of crops. 
Ecotoxicol Environ Saf. 2016;126:228–237.

[100] Rocha DC, Da Silva Rocha C, Tavares DS, et al. 
Veterinary antibiotics and plant physiology: an 
overview. Sci Total Environ. 2021;767:144902.

[101] Marques RZ, Wistuba N, Brito JCM, et al. Crop irrigation 
(soybean, bean, and corn) with 
enrofloxacin-contaminated water leads to yield reduc
tions and antibiotic accumulation. Ecotoxicol Environ 
Saf. 2021;216:112193.

[102] Xie X, Zhou Q, Lin D, et al. Toxic effect of tetracycline 
exposure on growth, antioxidative and genetic indices 
of wheat (Triticum aestivum L.). Environ Sci Pollut Res 
Int. 2011;18:566–575.

[103] Keays MC, O’Brien M, Hussain A, et al. Rapid identi
fication of antibiotic resistance using droplet 
microfluidics. Bioengineered. 2016;7:79–87.

[104] Avner BS, Fialho AM, Chakrabarty AM. Overcoming 
drug resistance in multi-drug resistant cancers and 
microorganisms: a conceptual framework. 
Bioengineered. 2012;3:262–270.

[105] Li S, Zhang C, Li F, et al. Technologies towards anti
biotic resistance genes (ARGs) removal from aquatic 
environment: a critical review. J Hazard Mater. 
2021;411:125148.

[106] Sanderson H, Fricker C, Brown RS, et al. Antibiotic 
resistance genes as an emerging environmental 
contaminant. Environ Rev. 2016;24:205–218.

[107] Tien YC, Li B, Zhang T, et al. Impact of dairy manure 
pre-application treatment on manure composition, soil 
dynamics of antibiotic resistance genes, and abundance 
of antibiotic-resistance genes on vegetables at harvest. 
Sci Total Environ. 2017;581-582:32–39.

BIOENGINEERED 7413



[108] Zhang YJ, Hu HW, Chen QL, et al. Transfer of anti
biotic resistance from manure-amended soils to vege
table microbiomes. Environ Int. 2019;130:104912.

[109] Zhang H, Liu J, Wang L, et al. Glyphosate escalates hor
izontal transfer of conjugative plasmid harboring antibiotic 
resistance genes. Bioengineered. 2021;12:63–69.

[110] Karkman A, Do TT, Walsh F, et al. Antibiotic- 
resistance genes in waste water. Trends Microbiol. 
2018;26:220–228.

[111] Qiao M, Ying GG, Singer AC, et al. Review of anti
biotic resistance in China and its environment. Environ 
Int. 2018;110:160–172.

[112] Pan M, Chu LM. Occurrence of antibiotics and anti
biotic resistance genes in soils from wastewater irriga
tion areas in the Pearl River Delta region, southern 
China. Sci Total Environ. 2018;624:145–152.

[113] Xu YB, Hou MY, Li YF, et al. Distribution of tetracy
cline resistance genes and AmpC beta-lactamase genes 
in representative non-urban sewage plants and correla
tions with treatment processes and heavy metals. 
Chemosphere. 2017;170:274–281.

[114] Su HC, Liu YS, Pan CG, et al. Persistence of antibiotic 
resistance genes and bacterial community changes in 
drinking water treatment system: from drinking water 
source to tap water. Sci Total Environ. 2018;616- 
617:453–461.

[115] Sanganyado E, Gwenzi W. Antibiotic resistance in drinking 
water systems: occurrence, removal, and human health 
risks. Sci Total Environ. 2019;669:785–797.

[116] Gudda FO, Waigi MG, Odinga ES, et al. Antibiotic- 
contaminated wastewater irrigated vegetables pose 
resistance selection risks to the gut microbiome. 
Environ Pollut. 2020;264:114752.

[117] Wang S, Wang H. Adsorption behavior of antibiotic in 
soil environment: a critical review. Front Environ Sci 
Eng. 2015;9:565–574.

[118] Huang Y, Wang Y, Huang Y, et al. Impact of sediment 
characteristics on adsorption behavior of typical anti
biotics in Lake Taihu, China. Sci Total Environ. 
2020;718:137329.

[119] Qin X, Liu F, Wang G, et al. Adsorption of levofloxacin 
onto goethite: effects of pH, calcium and phosphate. 
Colloids Surf B Biointerfaces. 2014;116:591–596.

[120] Sturini M, Speltini A, Maraschi F, et al. Removal of 
fluoroquinolone contaminants from environmental 
waters on sepiolite and its photo-induced 
regeneration. Chemosphere. 2016;150:686–693.

[121] Kong W, Li C, Dolhi JM, et al. Characteristics of 
oxytetracycline sorption and potential bioavailability 
in soils with various physical-chemical properties. 
Chemosphere. 2012;87:542–548.

[122] Pan M, Chu LM. Adsorption and degradation of five 
selected antibiotics in agricultural soil. Sci Total 
Environ. 2016;545-546:48–56.

[123] Sabzehmeidani MM, Mahnaee S, Ghaedi M, et al. 
Carbon based materials: a review of adsorbents for 

inorganic and organic compounds. Mat Adv. 
2021;2:598–627.

[124] Ashiq A, Vithanage M, Sarkar B, et al. Carbon-based 
adsorbents for fluoroquinolone removal from water 
and wastewater: a critical review. Environ Res. 
2021;197:111091.

[125] Giri BS, Gun S, Pandey S, et al. Reusability of brilliant 
green dye contaminated wastewater using corncob 
biochar and Brevibacillus parabrevis: hybrid treat
ment and kinetic studies. Bioengineered. 
2020;11:743–758.

[126] Yan L, Liu Y, Zhang Y, et al. ZnCl2 modified biochar 
derived from aerobic granular sludge for developed 
microporosity and enhanced adsorption to 
tetracycline. Bioresour Technol. 2020;297:122381.

[127] Liu FF, Zhao J, Wang S, et al. Adsorption of sulfona
mides on reduced graphene oxides as affected by pH 
and dissolved organic matter. Environ Pollut. 
2016;210:85–93.

[128] Zhao H, Liu X, Cao Z, et al. Adsorption behavior and 
mechanism of chloramphenicols, sulfonamides, and 
non-antibiotic pharmaceuticals on multi-walled carbon 
nanotubes. J Hazard Mater. 2016;310:235–245.

[129] Ahmed MB, Zhou JL, Ngo HH, et al. Single and com
petitive sorption properties and mechanism of functio
nalized biochar for removing sulfonamide antibiotics 
from water. Chem Eng J. 2017;311:348–358.

[130] Dai Y, Zhang N, Xing C, et al. The adsorption, regen
eration and engineering applications of biochar for 
removal organic pollutants: a review. Chemosphere. 
2019;223:12–27.

[131] El Gamal M, Mousa HA, El-Naas MH, et al. Bio- 
regeneration of activated carbon: a comprehensive 
review. Sep Purif Technol. 2018;197:345–359.

[132] Pérez-Parada A, Aguera A, Gomez-Ramos Mdel M, 
et al. Behavior of amoxicillin in wastewater and river 
water: identification of its main transformation pro
ducts by liquid chromatography/electrospray quadru
pole time-of-flight mass spectrometry. Rapid Commun 
Mass Spectrom. 2011;25:731–742.

[133] Gozlan I, Rotstein A, Avisar D. Amoxicillin-degradation 
products formed under controlled environmental con
ditions: identification and determination in the aquatic 
environment. Chemosphere. 2013;91:985–992.

[134] Hirte K, Seiwert B, Schuurmann G, et al. New hydro
lysis products of the beta-lactam antibiotic amoxicillin, 
their pH-dependent formation and search in municipal 
wastewater. Water Res. 2016;88:880–888.

[135] Mitchell SM, Ullman JL, Teel AL, et al. pH and tem
perature effects on the hydrolysis of three beta-lactam 
antibiotics: ampicillin, cefalotin and cefoxitin. Sci Total 
Environ. 2014;466-467:547–555.

[136] Mitchell SM, Ullman JL, Teel AL, et al. Hydrolysis of 
amphenicol and macrolide antibiotics: chlorampheni
col, florfenicol, spiramycin, and tylosin. Chemosphere. 
2015;134:504–511.

7414 Q. YANG ET AL.



[137] Ahmad I, Bano R, Musharraf SG, et al. 
Photodegradation of norfloxacin in aqueous and 
organic solvents: a kinetic study. J Photochem 
Photobiol A. 2015;302:1–10.

[138] Jin X, Xu H, Qiu S, et al. Direct photolysis of oxyte
tracycline: influence of initial concentration, pH and 
temperature. J Photochem Photobiol A. 
2017;332:224–231.

[139] Wammer KH, Korte AR, Lundeen RA, et al. Direct 
photochemistry of three fluoroquinolone antibacterials 
norfloxacin, ofloxacin, and enrofloxacin. Water Res. 
2013;47:439–448.

[140] Ge L, Na G, Zhang S, et al. New insights into the 
aquatic photochemistry of fluoroquinolone antibiotics: 
direct photodegradation, hydroxyl-radical oxidation, 
and antibacterial activity changes. Sci Total Environ. 
2015;527-528:12–17.

[141] Porras J, Bedoya C, Silva-Agredo J, et al. Role of humic 
substances in the degradation pathways and residual 
antibacterial activity during the photodecomposition of 
the antibiotic ciprofloxacin in water. Water Res. 
2016;94:1–9.

[142] Santos LV, Meireles AM, Lange LC. Degradation of 
antibiotics norfloxacin by Fenton, UV and UV/H2O2. 
J Environ Manage. 2015;154:8–12.

[143] Serna-Galvis EA, Ferraro F, Silva-Agredo J, et al. 
Degradation of highly consumed fluoroquinolones, 
penicillins and cephalosporins in distilled water and 
simulated hospital wastewater by UV254 and UV254/ 
persulfate processes. Water Res. 2017;122:128–138.

[144] Ao X, Liu W, Sun W, et al. Medium pressure 
UV-activated peroxymonosulfate for ciprofloxacin 
degradation: kinetics, mechanism, and genotoxicity. 
Chem Eng J. 2018;345:87–97.

[145] Li S, Hu J. Photolytic and photocatalytic degradation of 
tetracycline: effect of humic acid on degradation 
kinetics and mechanisms. J Hazard Mater. 
2016;318:134–144.

[146] Ao X, Sun W, Li S, et al. Degradation of tetracycline by 
medium pressure UV-activated peroxymonosulfate 
process: influencing factors, degradation pathways, 
and toxicity evaluation. Chem Eng J. 
2019;361:1053–1062.

[147] Periša M, Babic S, Skoric I, et al. Photodegradation of 
sulfonamides and their N (4)-acetylated metabolites in 
water by simulated sunlight irradiation: kinetics and 
identification of photoproducts. Environ Sci Pollut Res 
Int. 2013;20:8934–8946.

[148] Bonvin F, Omlin J, Rutler R, et al. Direct photolysis of 
human metabolites of the antibiotic sulfamethoxazole: 
evidence for abiotic back-transformation. Environ Sci 
Technol. 2013;47:6746–6755.

[149] Lian J, Qiang Z, Li M, et al. UV photolysis kinetics of 
sulfonamides in aqueous solution based on optimized 
fluence quantification. Water Res. 2015;75:43–50.

[150] Gong H, Chu W. Determination and toxicity evalua
tion of the generated products in sulfamethoxazole 

degradation by UV/CoFe2O4/TiO2. J Hazard Mater. 
2016;314:197–203.

[151] Khaleel ND, Mahmoud WM, Hadad GM, et al. 
Photolysis of sulfamethoxypyridazine in various aqu
eous media: aerobic biodegradation and identification 
of photoproducts by LC-UV-MS/MS. J Hazard Mater. 
2013;244-245:654–661.

[152] Batchu SR, Panditi VR, O’Shea KE, et al. 
Photodegradation of antibiotics under simulated solar 
radiation: implications for their environmental fate. Sci 
Total Environ. 2014;470-471:299–310.

[153] Sturini M, Speltini A, Maraschi F, et al. Sunlight- 
induced degradation of fluoroquinolones in wastewater 
effluent: photoproducts identification and toxicity. 
Chemosphere. 2015;134:313–318.

[154] Sturini M, Speltini A, Maraschi F, et al. 
Photodegradation of fluoroquinolones in surface 
water and antimicrobial activity of the photoproducts. 
Water Res. 2012;46:5575–5582.

[155] Sturini M, Speltini A, Maraschi F, et al. Photolytic and 
photocatalytic degradation of fluoroquinolones in 
untreated river water under natural sunlight. Appl 
Catal B Environ. 2012;119-120:32–39.

[156] Sturini M, Speltini A, Maraschi F, et al. Sunlight photo
degradation of marbofloxacin and enrofloxacin 
adsorbed on clay minerals. J Photochem Photobiol A. 
2015;299:103–109.

[157] Sturini M, Speltini A, Maraschi F, et al. g-C3N4- 
promoted degradation of ofloxacin antibiotic in natural 
waters under simulated sunlight. Environ Sci Pollut 
Res Int. 2017;24:4153–4161.

[158] Leal JF, Esteves VI, Santos EB. Use of sunlight to 
degrade oxytetracycline in marine aquaculture’s waters. 
Environ Pollut. 2016;213:932–939.

[159] Su T, Deng H, Benskin JP, et al. Biodegradation of 
sulfamethoxazole photo-transformation products in 
a water/sediment test. Chemosphere. 
2016;148:518–525.

[160] Ding H, Wu Y, Zou B, et al. Simultaneous removal and 
degradation characteristics of sulfonamide, tetracy
cline, and quinolone antibiotics by laccase-mediated 
oxidation coupled with soil adsorption. J Hazard 
Mater. 2016;307:350–358.

[161] Jia A, Wan Y, Xiao Y, et al. Occurrence and fate of quino
lone and fluoroquinolone antibiotics in a municipal sewage 
treatment plant. Water Res. 2012;46:387–394.

[162] Amorim CL, Moreira IS, Maia AS, et al. 
Biodegradation of ofloxacin, norfloxacin, and cipro
floxacin as single and mixed substrates by Labrys por
tucalensis F11. Appl Microbiol Biotechnol. 
2014;98:3181–3190.

[163] Liao X, Li B, Zou R, et al. Biodegradation of antibiotic 
ciprofloxacin: pathways, influential factors, and bacter
ial community structure. Environ Sci Pollut Res Int. 
2016;23:7911–7918.

[164] Alexandrino DA, Mucha AP, Almeida CM, et al. 
Biodegradation of the veterinary antibiotics 

BIOENGINEERED 7415



enrofloxacin and ceftiofur and associated microbial 
community dynamics. Sci Total Environ. 2017;581- 
582:359–368.

[165] Maia AS, Ribeiro AR, Amorim CL, et al. Degradation 
of fluoroquinolone antibiotics and identification of 
metabolites/transformation products by liquid 
chromatography-tandem mass spectrometry. 
J Chromatogr A. 2014;1333:87–98.

[166] Pan LJ, Li J, Li CX, et al. Study of ciprofloxacin biode
gradation by a Thermus sp. isolated from pharmaceu
tical sludge. J Hazard Mater. 2018;343:59–67.

[167] Girardi C, Greve J, Lamshoft M, et al. Biodegradation 
of ciprofloxacin in water and soil and its effects on the 
microbial communities. J Hazard Mater. 
2011;198:22–30.

[168] Müller E, Schussler W, Horn H, et al. Aerobic biodegra
dation of the sulfonamide antibiotic sulfamethoxazole by 
activated sludge applied as co-substrate and sole carbon 
and nitrogen source. Chemosphere. 2013;92:969–978.

[169] Yang CW, Hsiao WC, Chang BV. Biodegradation of 
sulfonamide antibiotics in sludge. Chemosphere. 
2016;150:559–565.

[170] Yang CW, Hsiao WC, Fan CH, et al. Bacterial com
munities associated with sulfonamide antibiotics degra
dation in sludge-amended soil. Environ Sci Pollut Res 
Int. 2016;23:19754–19763.

[171] Deng Y, Mao Y, Li B, et al. Aerobic degradation of 
Sulfadiazine by Arthrobacter spp.: kinetics, pathways, 
and genomic characterization. Environ Sci Technol. 
2016;50:9566–9575.

[172] Mulla SI, Sun Q, Hu A, et al. Evaluation of Sulfadiazine 
degradation in three newly isolated pure bacterial 
cultures. PLoS One. 2016;11:e0165013.

[173] Turcios AE, Weichgrebe D, Papenbrock J. Uptake and 
biodegradation of the antimicrobial sulfadimidine by 
the species Tripolium pannonicum acting as biofilter 
and its further biodegradation by anaerobic digestion 
and concomitant biogas production. Bioresour 
Technol. 2016;219:687–693.

[174] Alvarino T, Nastold P, Suarez S, et al. Role of 
biotransformation, sorption and mineralization of 
(14) C-labelledsulfamethoxazole under different 

redox conditions. Sci Total Environ. 
2016;542:706–715.

[175] Zhang W, Qiu L, Gong A, et al. Isolation and char
acterization of a high-efficiency erythromycin 
A-degrading Ochrobactrum sp. strain. Mar. Pollut 
Bull. 2017;114:896–902.

[176] Buchicchio A, Bianco G, Sofo A, et al. Biodegradation 
of carbamazepine and clarithromycin by Trichoderma 
harzianum and Pleurotus ostreatus investigated by 
liquid chromatography - high-resolution tandem mass 
spectrometry (FTICR MS-IRMPD). Sci Total Environ. 
2016;557-558:733–739.

[177] Liao X, Zou R, Li B, et al. Biodegradation of chlorte
tracycline by acclimated microbiota. Process 
SafEnviron Prot. 2017;109:11–17.

[178] Ricken B, Fellmann O, Kohler HP, et al. Degradation 
of sulfonamide antibiotics by Microbacterium sp. 
strain BR1 - elucidating the downstream pathway. 
N Biotechnol. 2015;32:710–715.

[179] Leng Y, Bao J, Chang G, et al. Biotransformation of 
tetracycline by a novel bacterial strain 
Stenotrophomonas maltophilia DT1. J Hazard Mater. 
2016;318:125–133.

[180] Liao X, Li B, Zou R, et al. Antibiotic sulfanilamide 
biodegradation by acclimated microbial populations. 
Appl Microbiol Biotechnol. 2016;100:2439–2447.

[181] Ikuma K, Gunsch CK. Genetic bioaugmentation as an 
effective method for in situ bioremediation: function
ality of catabolic plasmids following conjugal transfers. 
Bioengineered. 2012;3:236–241.

[182] Johansson CH, Janmar L, Backhaus T. Toxicity of 
ciprofloxacin and sulfamethoxazole to marine periphy
tic algae and bacteria. Aquat Toxicol. 
2014;156:248–258.

[183] Peterson JW, Gu B, Seymour MD. Surface interactions 
and degradation of a fluoroquinolone antibiotic in the 
dark in aqueous TiO2 suspensions. Sci Total Environ. 
2015;532:398–403.

[184] Koba O, Golovko O, Kodesova R, et al. Antibiotics 
degradation in soil: a case of clindamycin, trimetho
prim, sulfamethoxazole and their transformation 
products. Environ Pollut. 2017;220:1251–1263.

7416 Q. YANG ET AL.


	Abstract
	1.  Introduction
	2.  Antibiotics in the environment
	2.1.  Occurrence of antibiotics in waste, surface, sea, ground, and drinking water
	Wastewater
	Surface water
	Seawater
	Groundwater and drinking water

	2.2.  Occurrence of antibiotics in sediment, sewage sludge, biosolid, manure and soil
	Sediment
	Sewage sludge and biosolid
	Manure and soil


	3.  Toxicity and effects
	3.1.  Toxicity to aquatic organisms
	3.2.  Toxicity to terrestrial plants
	3.3.  Antibiotic resistance genes

	4.  Degradation and removal methods
	4.1.  Adsorption
	4.2.  Hydrolysis
	4.3.  Photodegradation and oxidization
	4.4.  Biodegradation

	5.  Conclusions and future perspectives
	Acknowledgements
	Disclosure statement
	Funding
	References

