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• Background and Aims Habitat degradation and landscape fragmentation dramatically lower population sizes 
of rare plant species. Decreasing population sizes may, in turn, negatively affect genetic diversity and reproductive 
fitness, which can ultimately lead to local extinction of populations. Although such extinction vortex dynamics 
have been postulated in theory and modelling for decades, empirical evidence from local extinctions of plant popu-
lations is scarce. In particular, comparisons between current vs. historical genetic diversity and differentiation are 
lacking despite their potential to guide conservation management.
• Methods We studied the population genetic signatures of the local extinction of Biscutella laevigata subsp. 
gracilis populations in Central Germany. We used microsatellites to genotype individuals from 15 current popula-
tions, one ex situ population, and 81 herbarium samples from five extant and 22 extinct populations. In the current 
populations, we recorded population size and fitness proxies, collected seeds for a germination trial and conducted 
a vegetation survey. The latter served as a surrogate for habitat conditions to study how habitat dissimilarity affects 
functional connectivity among the current populations.
• Key Results Bayesian clustering revealed similar gene pool distribution in current and historical samples but 
also indicated that a distinct genetic cluster was significantly associated with extinction probability. Gene flow 
was affected by both the spatial distance and floristic composition of population sites, highlighting the potential of 
floristic composition as a powerful predictor of functional connectivity which may promote decision-making for 
reintroduction measures. For an extinct population, we found a negative relationship between sampling year and 
heterozygosity. Inbreeding negatively affected germination.
• Conclusions Our study illustrates the usefulness of historical DNA to study extinction vortices in threatened 
species. Our novel combination of classical population genetics together with data from herbarium specimens, an 
ex situ population and a germination trial underlines the need for genetic rescue measures to prevent extinction of 
B. laevigata in Central Germany.

Key words: Biscutella laevigata subsp. gracilis, conservation genetics, ex situ conservation, extinction vortex, 
functional connectivity, genetic diversity and differentiation, herbarium specimens, historical DNA, inbreeding 
depression, isolation by distance, isolation by environment, microsatellites.

INTRODUCTION

The Convention on Biological Diversity considers three levels 
of biodiversity as fundamental for protection: ecosystems, spe-
cies and genes (Hoban et al., 2020). Genetic diversity may be the 
first of these to vanish when anthropogenic activities threaten 
plant populations (Spielman et al., 2004). Anthropogenic en-
vironmental changes such as habitat degradation and fragmen-
tation decrease population sizes and limit gene flow among 
increasingly isolated populations (Young et al., 1996; Heinicke 
et al., 2016; González et al., 2020). Together, these processes 
may lead to genetic erosion, including an increase of genetic 

drift and biparental inbreeding, and the accumulation of dele-
terious mutations (Young et al., 1996; Hensen & Oberprieler, 
2005; Hedrick & Garcia-Dorado, 2016).

While, for some species, low genetic diversity may foster 
selection (Rosche et al., 2019), for most plant species genetic 
erosion is a major problem. This is because decreasing gen-
etic diversity can limit the ability of populations to adapt to 
changing environmental conditions (Spielman et  al., 2004; 
Hoffmann et  al., 2017). In addition, loss of genetic diversity 
is frequently accompanied by reduced plant fitness due to 
inbreeding depression (reviewed by Leimu et al., 2006). Since 
fitness inherently determines population growth, decreasing 
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population sizes along with decreasing genetic diversity may 
accelerate a population’s collapse. This process is coined in the 
term extinction vortex (Gilpin & Soulé, 1986). While the ex-
tinction vortex has been postulated in theory and modelling for 
decades, empirical evidence is still scarce due to missing moni-
toring data on population sizes and genetic diversity over many 
generations (Nabutanyi & Wittmann, 2021).

Many studies confirmed a positive relationship between 
population size and genetic diversity, but there were also con-
trasting results (reviewed by Leimu et  al., 2006). A  recent 
meta-analysis found that the effects of habitat fragmentation 
and degradation on both genetic diversity and population size 
depend strongly on biogeography and plant functional traits 
such as life form, longevity and mating system (González et al., 
2020). A methodological issue in correlating genetic diversity 
with population size is that the mere counting of individuals 
may poorly estimate effective population sizes because num-
bers of individuals fluctuate throughout the seasons and across 
different years. Also, substantial parts of the genetic diversity of 
populations can be stored in seed banks (Plue et al., 2017). As 
such, the assessment of population size and population genetics 
at a particular point in time does not necessarily mirror recent 
population dynamics (Münzbergová et al., 2018).

Molecular analyses of historical DNA from herbarium spe-
cimens can help to overcome such methodological issues, as 
historical collections provide unique insights into recent popula-
tion histories (James et al., 2018; Lang et al., 2019). Population 
genetic comparisons between historical and current populations 
allow us to study the adverse effects of recent habitat alterations 
on currently threatened populations (Meinicke et al., 2018; Lang 
et al., 2019; Albani Rocchetti et al., 2021). In particular, such 
comparisons can document the consequences of genetic drift in 
populations that have become smaller and increasingly isolated, 
which may reveal if and how much genetic diversity has been 
lost through space and time (Cozzolino et al., 2007). Herbarium 
specimens may also provide evidence of whether the extinction 
of distinct populations coincided with genetic erosion; so far, 
however, there are no empirical data available that have expli-
citly tested this. Yet, such data would be of great interest for 
conservation management of remnant populations and related 
policy decisions (Muniz et al., 2019; Hoban et al., 2021).

Reintroductions, for example using plant material from ex 
situ cultivation, may compensate for restricted gene flow and 
thus counteract genetic erosion (Hedrick & Garcia-Dorado, 
2016; Bell et al., 2019). However, reintroductions should follow 
natural patterns of gene flow to minimize risks of introducing 
maladapted genotypes and outbreeding depression (Holmes 
et al., 2008; Barmentlo et al., 2017). It is therefore crucial to 
understand the spatio-environmental determinants of gene flow 
using landscape genetic approaches (Manel & Holderegger, 
2013). Gene flow can be affected by both isolation by distance 
(IBD; Hutchison & Templeton, 1999) and isolation by environ-
ment (IBE; Wang & Bradburd, 2014). The latter occurs where 
increasing differences in abiotic and/or biotic habitat conditions 
decrease the probability of migration between populations and 
thus constrain their functional connectivity. Because plant com-
munities assemble predominantly according to the joint influ-
ences of abiotic and biotic filters (Diekmann, 2003), floristic 
dissimilarity may be a suitable predictor of functional connect-
ivity. However, such analyses have rarely been done in land-
scape genetics, so far (but see Abraham et al., 2015; Rosche 

et al., 2018a), and have not yet been applied in decision-making 
for reintroduction actions.

Here we use a geographically isolated subspecies of buckler 
mustard [Biscutella laevigata subsp. gracilis Mach.-Laur. 
(Brassicaceae)] as a model to elaborate how comparisons of 
current vs. historical genetic patterns can help to guide res-
toration management. In our study area, Central Germany, 
B.  laevigata is declining rapidly (Frank et  al., 2020). Given 
Germany’s responsibility for the preservation of this endan-
gered taxon (Welk, 2002), there is an urgent need for both in situ 
and ex situ conservation measures. We assessed the population 
genetic structures of current, ex situ and historical B. laevigata 
populations, recorded fitness proxies in the field and conducted 
a germination trial. To our knowledge, our study is the first that 
coherently combines such data. We specifically hypothesize:

 (i) Decreasing population sizes have resulted in low genetic 
diversity and a high degree of biparental inbreeding in the 
current B.  laevigata populations. We expect in particular 
that genetic diversity decreases through time.

 (ii) Increasing habitat fragmentation has resulted in pro-
nounced genetic differentiation among the current 
B. laevigata populations.

 (iii) Gene flow among our study populations is determined by 
both non-adaptive drivers of genetic differentiation (i.e. 
IBD) and functional connectivity (i.e. IBE, measured as 
floristic similarity).

 (iv) Increasing biparental inbreeding lowers reproductive fit-
ness due to inbreeding depression.

Our multi-tied approaches are anticipated to reveal unique 
mechanistic insights into extinction vortex dynamics in a 
vanishing species. Our findings are anticipated to form the basis 
of practical measures for the species’ conservation (e.g. genetic 
rescue measures and reintroductions).

MATERIALS AND METHODS

Study species

Biscutella laevigata subsp. gracilis is a perennial hemicryptophyte. 
It is diploid (see below for details on ploidy-level evaluation), 
strictly outcrossing (sporophytic self-incompatibility) and repro-
duces predominantly via seeds, although it is able to regenerate 
vegetatively from roots (Dannemann, 2000). Pollinators are gen-
eralist Diptera and Lepidoptera, while seeds are mainly dispersed 
through barochory in the immediate vicinity of mother plants 
(Parisod & Bonvin, 2008). Biscutella laevigata has a transient 
seed bank (Thompson et al., 1997). The lack of a persistent seed 
bank may increase its vulnerability to random environmental fluc-
tuations and global change (Kiss et al., 2018). At low elevation, 
the ecological niche of B. laevigata is narrow and mainly limited 
by shade-intolerance and weak competitiveness (Dannemann, 
2000). In our study area, B.  laevigata occurs in open, nutrient-
poor and xerothermic habitats where it is considered an indicator 
of historical old grasslands with high nature conservation value 
(Faulhaber & Partzsch, 2018). However, these grasslands are now 
jeopardized by increasing nitrogen deposition and the abandon-
ment of sheep and goat grazing (Faulhaber & Partzsch, 2018).

While all our study populations clearly belong to one taxonomic 
entity (Dannemann, 2000), the taxonomy of the entire B. laevigata 
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complex is not completely resolved. In particular, there are several 
diploid lowland subspecies in Central Europe which are all con-
sidered as interglacial relicts, characterized by scattered occurrence 
with often strong geographical isolation. This isolation has led to 
strong morphological and genetic differentiation among these dip-
loid taxa, resulting in different taxonomic concepts that have been 
controversially discussed (e.g. Manton, 1937; Dannemann, 2000; 
Tremetsberger et al., 2002; Parisod & Besnard, 2007; Wierzbicka 
et  al., 2020). More specifically, it is not certain whether our 
Central German populations and some diploid populations from 
Poland and Czech Republic belong to the same taxonomic en-
tity (Dannemann, 2000; Wierzbicka et  al., 2020). Regardless, 
the isolated B.  laevigata populations from Central Germany are 
considered as a distinct conservation unit with a particularly high 
value for preservation (Welk, 2002). Because B. laevigata is rap-
idly declining in our study area, it is listed as ‘endangered’ in both 
the German Red List (Metzing et al., 2018) and the regional Red 
List of Saxony-Anhalt (Frank et al., 2020).

Sampling

We intensively studied floristic databases, herbarium speci-
mens and literature on current and historical B. laevigata popu-
lations in Central Germany. We conducted field surveys and 
interviewed local floristic experts to check whether historical 
populations are still extant. Overall, we found that B. laevigata 
occurred at 53 grid cells (cell size: 5.6 × 5.7 km) along the Saale 
and Elbe valleys in the last 150 years. At the time of the study 
in 2018, the species was extinct in 50 of these grid cells (see 
Supplementary Data Fig. S1 for a raster map of extant and ex-
tinct occurrences). In the remaining three grid cells, there were 
15 current populations of B.  laevigata comprising 13 Saale 
valley populations (SV1–SV13) and two Elbe valley popula-
tions (EV1, EV2), all of which were sampled for this study (see 
Table S1 for details on the sampled populations).

During the flowering peak (beginning of May), popula-
tion sizes were recorded by counting both flowering and 
non-flowering individuals. We compared the results between 
population size as the number of flowering individuals vs. 
population size as number of all individuals. Both population 
size proxies were highly correlated (r = 0.997, P < 0.001) and 
showed similar patterns in their relationships to genetic diversity 
and biparental inbreeding (compare Fig. 1 with Supplementary 
Data Fig. S2). We therefore use the number of flowering indi-
viduals as an approximation of population size to obtain esti-
mates comparable to Dannemann (2000), who also recorded 
the number of flowering individuals 20 years ago.

To estimate fitness proxies in the field, we counted the 
number of flowering shoots from up to 25 randomly chosen 
flowering individuals per population. From these individuals, 
we also counted the numbers of flowers on one randomly 
chosen shoot. Both variables were multiplied to estimate the 
number of flowers per individual. One month later, we re-
visited the populations, collected seeds from the recorded indi-
viduals and counted their number per individual in the lab. At 
the time of seed set, we conducted a vegetation survey in each 
population. We located a 3 × 3-m plot in the area of the highest 
density of B. laevigata individuals, recorded all Spermatophyta 
species in the plot (mean = 29.1; s.d. = 7.4) and estimated their 
cover (%).

For our population genetic analyses, we collected leaves from 
up to 25 individuals per population that were evenly distributed 
across the population. In addition, we collected leaves from 24 
individuals from one ex situ cultivation. Considering the imme-
diate extinction risk of B. laevigata in the Elbe valley, we set up 
this ex situ cultivation in 2017 in the garden of the Middle Elbe 
Biosphere Reserve. The ex situ cultivation currently consists of 69 
plants, representing the first generation of the source population 
EV1. The seeds were collected from ten mother plants in 2017.

In addition, historical B.  laevigata samples were collected 
from leaf material from the following eight herbaria: HAL, 
HALN, JE, B, MNVD, MFNMD, GLM and DR (acronyms 
according to Thiers, 2016). We sampled only herbarium spe-
cimens that provided label description from which we could 
unambiguously identify the sampling locality. In total, we sam-
pled leaves from 98 herbarium specimens (hereafter referred to 
as ‘historical samples’). For these historical samples, we distin-
guished between samples from extinct vs. extant populations 
(see Supplementary Data Tables S2 and S3).

Microsatellite analyses

For both current and historical samples, DNA was extracted 
from dried leaves with the ATMAB method following the 
protocol given by Stein et al. (2014). Samples were genotyped at 
nine nuclear microsatellite loci that had been previously used for 
population genetic studies of pseudometallophyte B. laevigata 
populations from Poland (Babst-Kostecka et  al., 2014), fol-
lowing the procedures and PCR settings as described therein. 
Microsatellites are among the most commonly employed 
markers in conservation genetics because they are co-dominant, 
highly polymorphic and selectively neutral, and have high muta-
tion rates (Hodel et al., 2016). For our particular goal of reliably 
comparing heterozygosity through time, microsatellites have 
a crucial benefit over genome-wide or reduced-representation 
sequencing: microsatellites deliver locus-specific, multi-allelic 
data allowing manual scoring of fragment lengths. Compared to 
sequence data, these properties reduce data noise when working 
with samples that differ in DNA quantity and quality such as 
current vs. historical samples (see also Hodel et al., 2016; Lang 
et al., 2020). Note that we controlled for the quality of genotype 
scoring between historical and current samples when assessing 
the genotyping error, and through AMOVAs and STRUCTURE 
analyses (see below for details).

The PCR products were separated by size on an ABI 3730 
DNA Analyzer (Applied Biosystems, Foster City, CA, USA) 
using the internal size standard GSLIZ-600. Allele sizes were 
manually scored with Peak Scanner 2.0 (Applied Biosystems). 
We excluded samples of insufficient quality (e.g. minimum peak 
intensity threshold: 300) to avoid scoring incorrect alleles or re-
cording false homozygotes in historical samples. We success-
fully amplified microsatellite profiles for all current samples, 
and for 81 out of the 98 historical samples. These 81 historical 
samples covered population genetic information from five extant 
and 22 extinct populations (see Supplementary Data Table S2). 
Forty samples originated from the Saale valley (27 from extant 
and 13 from extinct populations) and 41 samples originated from 
the Elbe valley (13 from extant and 28 from extinct populations). 
Their ages ranged from 23 to 162 years (mean: 97.1 ± 40.8) for 
the Elbe valley, and from 35 to 168 years (mean: 81.8 ± 39.1) 

http://academic.oup.com/aob/article-lookup/doi/10.1093/aob/mcac061#supplementary-data
http://academic.oup.com/aob/article-lookup/doi/10.1093/aob/mcac061#supplementary-data
http://academic.oup.com/aob/article-lookup/doi/10.1093/aob/mcac061#supplementary-data
http://academic.oup.com/aob/article-lookup/doi/10.1093/aob/mcac061#supplementary-data
http://academic.oup.com/aob/article-lookup/doi/10.1093/aob/mcac061#supplementary-data
http://academic.oup.com/aob/article-lookup/doi/10.1093/aob/mcac061#supplementary-data
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for the Saale valley (Fig. S3). Our final data set had a total of 
0.7 % missing data (i.e. failed amplification of loci). To estimate 
genotyping error, we replicated 17 current and 17 historical sam-
ples from the DNA extraction to the allele scoring and recorded 
an error rate of 1.0 and 1.3 % for current and historical samples, 
respectively.

According to the microsatellite profiles, our samples ap-
peared to be diploid. However, we double checked the ploidy 
status of one sample per population through flow cytometry 
with CyFlow Space (Sysmex Corporation, Kobe, Japan), 
using DAPI-labelled nuclei (CyStain UV Precise P; Sysmex 
Corporation). Samples from the diploid B.  laevigata subsp. 
varia analysed in Geiser et al. (2016) were used as a refer-
ence and confirmed that all our investigated samples were 
diploid.

Genetic diversity and degree of biparental inbreeding in the 
current populations

To estimate genetic diversity within the current popula-
tions, we calculated allelic richness (AR; i.e. the number of al-
leles rarefied to the minimum sample size of six individuals 
per population), expected heterozygosity (HE) and observed 
heterozygosity (HO) with SPAGeDi 1.4 (Hardy & Vekemans, 
2002). In addition, inbreeding coefficients were calculated as 
FIS = 1 − (HO/HE).

Genetic diversity through time

Herbarium specimens are spatio-temporal explicit samples 
that do not allow assessment of estimates of genetic diversity 
such as AR and HE. To have a comparable estimate for genetic 
diversity between current and historical samples, we calculated 
mean observed heterozygosity across loci (HO) for each histor-
ical sample.

Genetic differentiation through space and time

We performed an analysis of molecular variance (AMOVA) 
with Arlequin 3.5.1.2 (Excoffier & Lischer, 2010) to quantify 
the partitioning of genetic variation within and among cur-
rent populations, and between the Saale and Elbe valleys. For 
this AMOVA, we used a data set with current samples only. 
In addition, we investigated spatio-temporal patterns of gene 
pool distribution using our full data set including all current 
populations and historical samples from populations for which 
we had at least seven historical samples (EV1extant, EV14extinct, 
SV2extant and SV14extinct). We assigned all historical samples 
from a distinct location to one historical gene pool of a distinct 
population. We then ran another two AMOVAs that assessed 
the partitioning of genetic variation within and among popula-
tions, and at a third structural level: either between valleys or 
between sampling types (current vs. historical samples). Note 
that the historical populations consist of temporally heterogenic 
samples which consequently differ from the current popula-
tions in how they violate assumptions of AMOVAs (e.g. rep-
resentative and random samples of distinct gene pools). We 

therefore suggest interpreting the presented estimates of our 
second and third AMOVAs with caution. However, the pur-
pose of these AMOVAs was not to provide precise estimates 
of genetic differentiation but to draw conclusions on whether 
genotypes are more strongly determined by sampling type or 
by valley. This comparison may serve as a quality check on 
whether artificial differentiation overrides differentiation pat-
terns (e.g. due to different amplification success of historical 
vs. current samples).

To examine the population genetic structure of the cur-
rent populations, we used the Bayesian clustering program 
STRUCTURE 2.3.4 (Pritchard et al., 2000). We performed an 
admixture model with 20 replicate chains of 100 000 Markov 
chain Monte Carlo (MCMC) iterations and 100 000 burn-in it-
erations for each K (i.e. the number of tested genetic clusters). 
We used the ΔK approach to identify the most likely number of 
genetic clusters (Evanno et al., 2005). Tested K-values ranged 
from 1 to 17 as the analyses involved 16 different populations 
(i.e. 15 current plus the ex situ cultivation). Individual mean 
posterior assignment probabilities to each cluster were inferred 
with CLUMPP 1.1.2 (Jakobsson & Rosenberg, 2007). Bar plots 
of assignment probabilities were created with DISTRUCT 1.1 
(Rosenberg, 2004) and mapped on the distribution of our current 
populations using QGIS 3.16 (QGIS Development Team, 2021).

To study spatio-temporal patterns in genetic structure, we 
ran another STRUCTURE analysis with our full data set com-
prising all current and historical samples. Settings, analyses 
and visualization tools were the same as for the STRUCTURE 
analysis of the current data set.

Adaptive and non-adaptive drivers of gene flow in the current 
populations

We then investigated how gene flow among the current popu-
lations was affected by the relative influence of non-adaptive 
dispersal probabilities (which should be negatively correlated 
with spatial distance) and functional connectivity (which should 
be negatively correlated with environmental dissimilarity). For 
the latter, we assumed that populations that occur at communi-
ties with an increasingly similar floristic composition face in-
creasingly similar environmental conditions (microclimate, soil 
conditions, management type, resident pollinator community, 
etc.). To explore differences in floristic composition among 
populations, we performed non-metric multidimensional 
scaling (NMDS) based on Bray–Curtis dissimilarities with the 
metaMDS function implemented in the R-package vegan 2.5.-7 
(Oksanen et al., 2020). Details and results of the NMDS can be 
found in Supplementary Data Fig. S4.

We then performed two partial Mantel tests using the vegan 
package. First, we tested for correlation between the matrix 
of pairwise genetic distance [FST/ (1 − FST)] and the matrix of 
pairwise loge-transformed spatial distances while correcting 
for Bray–Curtis dissimilarities of the floristic composition 
of the populations. Inversely, we then tested for correlation 
between genetic and floristic distance and corrected for spa-
tial distance. The significance of correlations was determined 
based on 10 000 permutations. We also checked whether the 
floristic and spatial matrices were intercorrelated with another 
Mantel test.

http://academic.oup.com/aob/article-lookup/doi/10.1093/aob/mcac061#supplementary-data
http://academic.oup.com/aob/article-lookup/doi/10.1093/aob/mcac061#supplementary-data
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The application of Mantel tests in landscape genetics has 
been criticized (Legendre et al., 2015), and pairwise FST-values 
underlie eco-evolutionary assumptions that may be violated 
when populations have recently faced strong fluctuations in 
population size (James et  al., 2011). We therefore addition-
ally applied a constrained ordination to confirm our findings 
with respect to the relative influence of non-adaptive dispersal 
probabilities and adaptive drivers of gene flow. In particular, 
we ran a Bray–Curtis distance-based redundancy analysis 
(dbRDA) with arcsinus square root-transformed allele frequen-
cies. Predictor variables included the site scores of the first two 
axes of our vegetation NMDS (VegNMDS1, VegNMDS2) and the 
geographical position of our populations (i.e. latitude and lon-
gitude). We applied the ordistep function of the vegan package 
for forward model selection. This permutation approach opts to 
obtain the most parsimonious models by successively adding 
predictors which significantly improve model fit based on an 
inclusion threshold of α = 0.05 (Borcard et al., 2011).

Germination trial

To estimate fitness proxies under standardized conditions, 
we performed a germination trial. Sampled seeds were kept 
separated from mother plant (i.e. seed families). For each popu-
lation, we used up to ten seed families (see Supplementary 
Data Table S1 for the numbers of involved seed families). 
Ten seeds from each seed family were spread in Petri dishes 
on filter paper resting on a plastic grid and moistened with tap 
water. Petri dishes were placed in germination chambers for 
14  d (20  /10  °C with a 12-h photoperiod; settings based on 
Faulhaber & Partzsch, 2018). The germination trial lasted 14 d 
because a preliminary test with ten seeds from eight randomly 
chosen populations, which lasted 40  d, revealed that all ob-
served germination occurred within the first 14 d. We assessed 
germination, removed emerged seedlings and randomized Petri 
dishes on a daily basis. To quantify germination, we recorded 
the total numbers of germinated and non-germinated seeds at 
the end of the germination trial.

Statistical analyses of population size, genetic diversity, degree of 
biparental inbreeding and fitness proxies

Statistical analyses were conducted with linear mixed-effects 
models using the R package lme4 1.1-26 (Bates et al., 2015). 
Decisions on the transformation of variables depended on 
visual inspection of ‘model-checking plots’ in R for the models 
with transformed vs. untransformed variables. These plots 
allow us to check assumptions of the normality of residuals and 
variance homogeneity. Variables remained untransformed if not 
otherwise stated.

First, we tested for relationships between loge-transformed 
population size and the population estimates of genetic di-
versity and biparental inbreeding (four models: one for AR, 
HE, HO and FIS each). Valley (Saale vs. Elbe) was set as a 
random effect.

Then, we tested whether individual HO differed between valleys 
and sampling types (current vs. historical samples). Population 
was set as a random effect. Here, we used valley as a fixed effect 

to explore whether HO was more affected by sampling type or 
by valley, consistent with the AMOVA approach (i.e. as a quality 
check for comparable amplification success between sampling 
types). For three distinct populations, we had at least nine histor-
ical samples: the extant populations SV2extant and EV1extant and the 
extinct population SV14extinct. For these populations, we investi-
gated whether heterozygosity changed through time running three 
linear models that tested the effect of sampling year on HO.

Visual assessment of the STRUCTURE analyses of the full 
data set for K = 9 revealed a cluster to be frequent in extinct 
but not in extant populations (see below considerations for the 
red cluster). We tested whether this relationship was significant 
using a generalized linear mixed-effects model with extinction 
(binominal: extinct vs. not extinct) as a response and population 
mean assignment probability to the red cluster as a predictor. 
Valley was set as a random effect.

As fitness proxies, we investigated the population means of 
seed set (loge-transformed), number of individual flowers (loge-
transformed) and germination (binomial). We used (general-
ized) linear mixed-effects models to test whether our fitness 
proxies depend on loge-transformed population size and FIS. 
Valley was set as a random effect.

RESULTS

Population sizes, current genetic diversity and degree of 
biparental inbreeding

Population sizes of the 15 current B.  laevigata populations 
ranged from seven (SV3) to 893 (SV11) flowering individ-
uals (mean: 210; Supplementary Data Table S1). Eight out of 
15 populations comprised fewer than 100 individuals and 13 
out of 15 populations were composed of fewer than 500 indi-
viduals. For eight populations from the Saale valley, we could 
compare our current population sizes with those 20 years ago 
from Dannemann (2000). Throughout the 20 years, we found 
decreasing population sizes for four populations (SV3, SV6, 
SV8 and SV9; see Table S4). Three of these populations already 
had population sizes below 100 individuals when recorded by 
Dannemann (2000). The other four populations had popula-
tion sizes above 100 individuals 20 years ago, and increased in 
population size (SV2, SV4, SV7 and SV11).

Genetic diversity within the current populations was mod-
erate: rarefied allelic richness (AR) varied between 2.33 and 
3.18 (mean  =  2.76), expected heterozygosity (HE) between 
0.49 and 0.68 (mean  =  0.58) and observed heterozygosity 
(HO) between 0.40 and 0.67 (mean = 0.52). The inbreeding 
coefficients (FIS) of the current populations were low to mod-
erate and varied between −0.09 and 0.29 (mean  =  0.11). 
There were significant positive effects of loge-transformed 
population size on AR (χ 2(1) = 11.24, P < 0.001; Fig. 1A), on 
HE (χ 2(1) = 6.27, P = 0.012; Fig. 1B), and on HO (χ 2(1) = 5.46, 
P = 0.019; Fig. 1C), but no effect of loge-transformed popu-
lation size on FIS (χ 2(1) = 0.02, P = 0.89; Fig. 1D). Comparing 
our ex situ cultivation population with its source population 
EV1, we found almost identical values for HE (0.47 vs. 0.49 
for ex situ cultivation and EV1, respectively) and AR (2.37 vs. 
2.33) but a reduced HO (0.44 vs. 0.53) and an increased FIS 
(0.06 vs. −0.09).

http://academic.oup.com/aob/article-lookup/doi/10.1093/aob/mcac061#supplementary-data
http://academic.oup.com/aob/article-lookup/doi/10.1093/aob/mcac061#supplementary-data
http://academic.oup.com/aob/article-lookup/doi/10.1093/aob/mcac061#supplementary-data
http://academic.oup.com/aob/article-lookup/doi/10.1093/aob/mcac061#supplementary-data
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Genetic diversity through time

Our historical samples showed a moderate HO (mean = 0.48) 
that did not differ from that of our current samples (χ 2(1) = 2.46, 
P = 0.12). Instead, HO differed between the valleys: HO was 
higher in samples from the Saale valley than in samples from 
the Elbe valley (χ 2(1) = 9.34, P = 0.002). In other words, for HO 
it was more important from which valleys the samples were 
drawn than whether they were from historical or current sam-
ples. This result, in accordance with our AMOVA findings 
(see below), indicates that amplification patterns were com-
parable between sampling types. We also pooled all current, 
all ex situ and all historical samples to compare overall gene 
pool estimates of these three sampling types (N = 24 for the 
AR estimation). We found that genetic diversity estimates were 
comparable between current and historical samples (AR = 6.07 
vs. 6.73 and HE = 0.71 vs. 0.72 for current vs. historical sam-
ples, respectively), yet both were substantially higher than es-
timates for the ex situ population (AR = 3.48 and HE = 0.47).

For the three distinct populations for which we had 
enough historical samples to test changes in HO through 
time (ranges: SV2extant = 1854–1987, EV1extant = 1901–1999, 
SV14extinct = 1862–1965), we found that there was no effect of 

sampling year on HO for the two extant populations SV2extant 
(F1,23 = 0.19, P = 0.67) and EV1extant (F1,10 = 0.004, P = 0.95). 
However, for the samples from population SV14extinct that became 
extinct recently (last record from 1965), we found that HO sig-
nificantly decreased through time (F1,8 = 6.36, P = 0.036; Fig. 2).

Genetic differentiation through space and time

The AMOVA of the current samples revealed that the mo-
lecular variance was kept mainly within populations (73 %) and 
to a lesser extent among populations within valleys (13.5 %) as 
well as between valleys (13.6  %; Table 1). The overall FST-
value of 0.27 demonstrated substantial genetic differentiation. 
The AMOVA with current and historical samples, using re-
gion as a third grouping level, revealed almost identical re-
sults as compared with the AMOVA of the current populations 
(Table 1). In contrast, using sampling type as grouping for the 
AMOVA (i.e. current vs. historical samples) did not signifi-
cantly partition variation. This lack of partitioning confirms 
that amplification of historical DNA was qualitatively compar-
able with the current DNA.
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For the Bayesian inferences of genetic clusters, ΔK re-
sulted in an optimal partitioning into K = 2 clusters for both 
the data set including only current populations and the full 
data set (Supplementary Data Fig. S5). For the current popula-
tions, the first cluster (blue) was distributed in the populations 
from the Saale valley (mean assignment probability of individ-
uals from the Saale valley: qK1 = 0.97), whereas the second 
cluster (yellow) was distributed in the Elbe valley populations 
(qK2 = 0.95; Fig. S6). For the full data set, this valley-specific 

cluster assignment pattern was consistent across current sam-
ples (Fig. S7). Strikingly, the historical samples from extant 
populations also shared this valley-specific cluster assignment 
pattern (qK1 = 0.94 and qK2 = 0.93, for Saale and Elbe valley 
populations, respectively). In contrast, for historical samples 
from extinct populations, the valley-specific cluster assignment 
pattern was less apparent. Fifteen out of 23 extinct populations 
showed qK < 0.8 to the respective clusters, indicating that sev-
eral extinct populations showed genetic clusters which do not 
match the current gene pools.

For more in-depth information on the genetic structures of 
current vs. historical samples, we also checked resolutions with 
a higher number of clusters. This is important because Bayesian 
inferences of genetic clustering disproportionally often result 
in an optimal partitioning of K = 2 while higher resolutions 
could reveal more important information for conservation gen-
etics (Janes et al., 2017). We here plotted K = 9, which had the 
highest ΔK for K-values > 3. For current samples, this solution 
revealed that geographically close populations mainly shared 
similar genetic clusters (Fig. 3). Historical samples from extant 
populations shared the gene pools of the current samples from 
the same locality.

Regarding cluster assignments in extinct populations, we 
found that 16 out of 23 extinct populations were predominated 
by a red cluster (i.e. qKred > 50 %) whereas no current popula-
tion was predominated by this red cluster (Fig. 3). This shows 
that a previously abundant cluster appeared to have recently 
become extinct. In fact, there was a highly significant correl-
ation between qKred and the extinction of historical populations 
(χ 2(1) = 12.19, P < 0.001, Supplementary Data Fig. S8). Several 
of the extinct populations that were dominated by the red cluster 
are located near to towns [e.g. EV3extinct (Dresden), EV4extinct 
(Radebeul), EV14extinct (Aken), SV14extinct and SV15extinct (both 
Halle)]. In addition, SV2 which is located in the town of Halle 
shows the highest cluster assignment to the red cluster from 
the current populations. Note that we checked whether the red 
cluster comprised individuals of low HO. Such a pattern might 
have occurred if the red cluster represented either an assem-
blage of genetically depleted populations or samples of low 
DNA quality (which would have decreased amplification suc-
cess, and thus decreased HO or increased the number of missing 
alleles). However, historical samples dominated by the red 
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for SV2extant and EV1extant indicate the lack of a significant relationship for both 

populations.

Table 1. Three analyses of molecular variance (AMOVAs) in the investigated Biscutella laevigata subsp. gracilis populations. Historical 
samples comprised samples from four localities (i.e. populations for which we had at least seven historical samples: EV1extant, SV2extant, 
EV14extinct and SV14extinct; see Supplementary Data Table S2 for details on the historical samples). P-values are based on 1023 permuta-

tions (default setting in Arlequin). Abbreviations: d.f., degrees of freedom; %Total, percentage of total variance.

Analysis type Partitioning d.f. % Total F-value P-value 

Current samples only
Grouping: Saale vs. Elbe valley Between valleys 1 13.58 FCT = 0.14 <0.001
 Among populations 14 13.46 FSC = 0.16 <0.001
 Within populations 676 72.97 FST = 0.27 <0.001
Current and historical samples
Grouping: Saale vs. Elbe valley Between valleys 1 11.99 FCT = 0.12 <0.001
 Among populations 18 12.52 FSC = 0.14 <0.001
 Within populations 782 75.49 FST = 0.25 <0.001
Current and historical samples
Grouping: Current vs. historical samples Between sampling type 1 −1.48 FCT = −0.01 0.85
 Among populations 18 18.84 FSC = 0.19 <0.001
 Within populations 782 82.64 FST = 0.17 <0.001

http://academic.oup.com/aob/article-lookup/doi/10.1093/aob/mcac061#supplementary-data
http://academic.oup.com/aob/article-lookup/doi/10.1093/aob/mcac061#supplementary-data
http://academic.oup.com/aob/article-lookup/doi/10.1093/aob/mcac061#supplementary-data
http://academic.oup.com/aob/article-lookup/doi/10.1093/aob/mcac061#supplementary-data
http://academic.oup.com/aob/article-lookup/doi/10.1093/aob/mcac061#supplementary-data
http://academic.oup.com/aob/article-lookup/doi/10.1093/aob/mcac061#supplementary-data
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cluster did not differ in HO from the other historical samples 
(χ 2(1) = 0.33, P = 0.567). Moreover, there was no linear rela-
tionship between HO and qKred (χ 2(1) = 0.47, P = 0.493). We also 
did not detect a relationship between the frequency of missing 
alleles and qKred (χ 2(1) = 0.25, P = 0.618).

Adaptive and non-adaptive drivers of gene flow in the current 
populations

The first partial Mantel test suggested that genetic distances 
were significantly correlated with loge-transformed spatial 
distance (rM = 0.77, P < 0.001, Supplementary Data Fig. S9), 
while correcting for functional connectivity using floristic dis-
tance as a proxy for environmental dissimilarity. The second 
partial Mantel test suggested that genetic distances were signifi-
cantly correlated with floristic distance (rM = 0.34, P = 0.017), 
while correcting for non-adaptive migration patterns using loge-
transformed spatial distance as a proxy for dispersal probabil-
ities. Floristic distance and spatial distance were not correlated 
(rM = −0.1, P = 0.73).

The results of the partial Mantel tests were congruent with 
our dbRDA. We found that both floristic composition and geo-
graphical position of the populations were significantly asso-
ciated with the population genetic structure (Supplementary 
Data Fig. S10). In particular, the model fit was significantly 
improved by adding latitude (F = 2.97, P = 0.005), longitude 

(F = 3.57, P = 0.005) and VegNMDS2 (F = 1.84, P = 0.04), but 
not by adding VegNMDS1 (F = 1.56, P = 0.08).

Effects of population size and biparental inbreeding on 
fitness proxies

The fitness proxies in the field were not affected by loge-
transformed population size, as shown by both loge-transformed 
number of flowers (χ 2(1) = 3.32, P = 0.069) and loge-transformed 
seed set (χ 2(1) = 0.04, P = 0.844). Similarly, there was no effect 
of FIS on loge-transformed number of flowers (χ 2(1) = 0.99, 
P = 0.318) and loge-transformed seed set (χ 2(1) = 0.09, 
P = 0.764). However, germination was significantly affected by 
loge-transformed population size (χ 2(1) = 6.48, P = 0.011) and 
by FIS (χ 2(1) = 21.57, P < 0.001, Supplementary Data Fig. S11).

DISCUSSION

Conserving genetic diversity is crucial to ensure population 
viability, the adaptive potential of species and ultimately the 
stability of ecosystem processes in changing environments 
(Hoban et al., 2020). However, the potential of population gen-
etic information for conservation management remains under-
utilized (Liu et al., 2020; Hoban et al., 2021). Here we present 
a novel combination of classical population genetics together 
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with genetic data from herbarium specimens and an ex situ 
population, and data on plant fitness proxies. These combined 
data allow us to draw empirical conclusions about apparent ex-
tinction vortex dynamics and potentially about counteracting 
restoration measures.

Population sizes, genetic diversity and degree of biparental 
inbreeding

Many of the current B. laevigata populations were very small 
(<100 individuals). Comparisons with older records of popu-
lation sizes (Dannemann, 2000) showed that populations that 
were already very small 20  years ago became even smaller, 
while four of five populations larger than 100 individuals in-
creased in size over the past 20 years. Genetic diversity (mean 
HE = 0.58) was moderate and comparable to similarly declining 
B. laevigata populations from Poland (mean HE = 0.57; Babst-
Kostecka et  al., 2014), yet was lower than the average for 
outcrossing plants in microsatellite studies (HE = 0.65; re-
viewed in Nybom, 2004). For strictly outcrossing plants with a 
perennial life cycle, moderate levels of genetic diversity despite 
small population sizes may be expected when previously large 
and continuous populations have declined only in recent dec-
ades (Rosche et al., 2018b).

In accordance with our first hypothesis and with many case 
studies (reviewed by González et al., 2020), we found a nega-
tive relationship between population size and genetic diversity. 
However, inbreeding coefficients were not affected by popu-
lation size, indicating selection against biparental inbreeding. 
Such selection against inbred offspring may occur where strict 
self-incompatibility prevents mating between close relatives, as 
shown for Biscutella neustrica (Leducq et al., 2010), and also 
where inbreeding depression leads to fitness decreases in inbred 
compared to outbred offspring (Swindell & Bouzat, 2006).

Genetic diversity through time

Regarding temporal dynamics in genetic diversity, we found 
that genetic diversity has remained constant over the last 
165 years in two extant populations, probably promoted by the 
perennial life cycle and selection against biparental inbreeding. 
Strikingly, for the already extinct population SV14extinct (last 
record from 1965), we detected a significant decline of HO 
through time, indicating the existence of a certain threshold 
in population size accompanied by significant declines in gen-
etic diversity and its negative feedback on population survival 
(i.e. minimum viable population size; Gilpin & Soulé, 1986). 
Modelling approaches using long-term monitoring data on both 
population sizes and allele frequency-based estimates of gen-
etic diversity would be promising tools to predict the minimum 
viable population size.

Our study is, to our knowledge, the first that has tracked the 
population genetic signatures of the local extinction of a dis-
tinct population, and is among very few studies that have inves-
tigated temporal changes in genetic diversity using historical 
samples (reviewed by Albani Rocchetti et al., 2021). From pre-
vious research, only one study also reported decreasing gen-
etic diversity through time, investigating chloroplast haplotype 

diversity in Anacamptis palustris (Cozzolino et al., 2007). This 
lack of empirical evidence is remarkable as recent conceptual 
frameworks particularly call for such data (e.g. Nualart et al., 
2017; Liu et al., 2020; Albani Rocchetti et al., 2021), under-
lining the need for future research on genetic diversity in current 
vs. historical samples. However, there are limitations in the use 
of herbaria related to collection biases (reviewed by Lang et al., 
2019). Sampling efforts may differ through time (i.e. temporal 
bias) and space (i.e. geographical bias). Such collection biases 
may limit the application of our approaches for studies focusing 
on larger geographical scales or on regions that have not been 
frequently and constantly sampled in the past.

Genetic differentiation through space and time

In accordance with our second hypothesis, we found strong 
genetic differentiation, despite small spatial distance among 
our study populations (range: 1–45  km). This confirms low 
genetic connectivity in increasingly fragmented landscapes 
(Young et  al., 1996; González et  al., 2020). Sheep grazing 
may have facilitated occasional gene flow among populations 
in the past, but is increasingly being abandoned in our study 
area (Faulhaber & Partzsch, 2018). Still, the AMOVA and 
STRUCTURE analyses demonstrated that the spatial–genetic 
structure was consistent through time and was predominately 
differentiated by the river valleys. However, we also found 
that a genetic cluster that was predominant in several extinct 
populations has been lost through time. This irreversible loss 
of a distinct gene pool underlines the need to conserve gen-
etic diversity of plant populations when preserving biodiversity 
(Walisch et al., 2015; Hoban et al., 2020). While the red cluster 
appeared to be more frequent in populations that were located 
near towns, there were no clear patterns in habitat conditions 
between populations with vs. without pronounced assignment 
to the red cluster. Also, our neutral genetic data cannot explain 
why the red cluster was associated with extinction. This conun-
drum should be addressed in future research.

Adaptive and non-adaptive drivers of gene flow in the current 
populations

In line with our third hypothesis, the partial Mantel tests and 
the dbRDA revealed that both IBD and IBE dictate gene flow 
among our current study populations. IBD is a non-adaptive 
dispersal probability pattern which is commonly reported in 
plants but was not evident in B.  laevigata populations from 
Poland (Babst-Kostecka et  al., 2014). Independently of spa-
tial distance, we found that increasing difference in the habitat 
conditions of populations (i.e. increasing floristic dissimilarity) 
indirectly hampers gene flow among populations (Wang & 
Bradburd, 2014). Such IBE suggests that genotypes are locally 
adapted in our study area, which also means that genetic dif-
ferentiation among genetic clusters should be accounted for re-
garding re-introductions. While IBE has often been reported for 
macroclimatic gradients across large spatial scales (e.g. Rosche 
et al., 2019), our study is among very few that have used flor-
istic dissimilarity in this context (Abraham et al., 2015; Rosche 
et  al., 2018a). We emphasize its suitability for studying the 
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relative importance of adaptive vs. non-adaptive drivers of gene 
flow and recommend using this tool more frequently.

Effects of population size and biparental inbreeding on 
fitness proxies

In contrast to our fourth hypothesis, fitness proxies in the 
field were not correlated with population size or FIS. For seed 
set, this result suggests that populations are not significantly af-
fected by pollen limitation. However, we found a positive effect 
of population size and a negative effect of FIS on germination. 
In other words, inbreeding depression lowers germination, 
which is in line with many case studies (reviewed by Angeloni 
et al., 2011). Inbreeding depression may therefore explain se-
lection against biparental inbreeding in our current B. laevigata 
populations. In this context, it is important to note that our ex 
situ cultivation showed comparable values of genetic diversity 
but had a strongly increased FIS as compared with its source 
population EV1. Thus, selection against inbred progeny may be 
less pronounced in cultivation than under harsher natural con-
ditions, possibly due to inbreeding–environment interactions 
(Enßlin et al., 2011).

Many of our B. laevigata populations show very small popu-
lation sizes with limited mating partners. In these very small 
populations, biparental inbreeding may be the only possible 
mating type and inbreeding depression may consequently 
lower their potential for rejuvenation. As such, extant popula-
tions below a minimum viable population size threshold may 
be prone to extinction vortex dynamics due to environmental 
stochasticity, increased biparental inbreeding and their inter-
actions (Nabutanyi & Wittmann, 2021).

CONCLUSION

Our study is the first to show that genetic erosion coincides with 
the local extinction of a plant population and to document the 
extinction of a distinct genetic cluster. We thus highlight the po-
tential of herbarium collections to track the genetic signature of 
local extinction. Recent advances may promote population gen-
omic applications for herbarium specimens, which may allow 
us to determine whether loss of genetic diversity through time 
is more pronounced at adaptive or neutral loci (Jordon‐Thaden 
et  al., 2020; Lang et  al., 2020). Such analyses may, for ex-
ample, help to unravel mechanisms beyond the association be-
tween cluster assignment and population extinction.

The rapid and ongoing decline of B.  laevigata populations 
in Central Germany mirrors their high vulnerability and under-
lines the urgent need for conservation measures (Welk, 2002; 
Frank et al., 2020). Our data suggest that extinction vortex dy-
namics have contributed to the local extinction of B. laevigata. 
Genetic rescue measures could help to maintain genetic diver-
sity and thereby augment survival probabilities and evolutionary 
resilience of the extant B.  laevigata populations (Ralls et al., 
2018; Bell et al., 2019). In addition, the re-introduction of ex-
tinct populations may counteract population loss and landscape 
fragmentation to facilitate gene flow across populations. Based 
on our data, re-introductions should be preferentially conducted 
between geographically close sites that share similar plant 

communities to avoid the introduction of maladapted genotypes 
(Barmentlo et al., 2017). Also, ex situ cultivation should mimic 
natural conditions to avoid increasing inbreeding coefficients in 
cultivated offspring. Our upcoming re-introduction studies will 
consider these findings and may help to support the survival of 
B. laevigata in our study region.
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